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Chapter 1. Summary  
 
 
 
 
Australian freshwater environments and the organisms that inhabit these environments are 
unique. A potential threat to the structure and functioning of aquatic communities within 
aquatic habitats is the presence of anthropogenic pollutants such as insecticides. The 
application of insecticides to crops within close proximity to freshwater habitats increases the 
likelihood that insecticides will be transported from their sites of application into the 
surrounding aquatic environment. In an attempt to determine the effects of insecticides and 
their mixtures to Australian freshwater organisms, three insecticides and two organisms were 
chosen for investigation. 
 
The three insecticides evaluated were endosulfan (OCP), profenofos (OPP), and deltamethrin 
(SPP). These insecticides were chosen for investigation as they represent the major 
insecticide groups used to control cotton pests, are heavily applied, and are reported to be 
toxic to aquatic organisms. Cotton insecticides were evaluated as they are used in close 
proximity to many Australian freshwater environments, have been linked with a number of 
fish kills, and may be applied concurrently. 
 
Crimson spotted rainbow-fish and Daphnia carinata are endemic to the freshwater 
environments of southeastern Australia. They represent organisms from primary consumers 
to top order carnivores, invertebrates and vertebrates. In addition these species are exposed to 
insecticides used to control cotton pests. 
 
Pulse-exposure (PE) of insecticides was chosen for investigation as insecticides entering 
freshwater environments predominantly do so in short-term ‘slugs’. The effect of these short-
term pulses was found to be significant on fish and daphnid test organisms. Based on 96 h PE 
LC50s endosulfan and deltamethrin were found to be highly toxic to crimson-spotted 
rainbowfish at environmentally realistic concentrations while the toxicity of profenofos was 
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above concentrations recorded from the field. Based on 48 h PE EC50s pulse-exposed 
profenofos and deltamethrin were found to be highly toxic to D. carinata neonates at 
environmentally realistic concentrations and relatively insensitive to endosulfan. The 
concentration of endosulfan required to generate a 48 h PE EC15 was two orders higher than 
concentrations recorded from the field.  
 
In an attempt to replicate field conditions, fish and daphnids were exposed to binary and 
ternary mixtures of the three insecticides. The ability of concentration-addition (CA) to 
successfully predict mixture toxicity based on single insecticide data varied. Binary mixtures 
were successfully predicted by summing the toxicity of equi-effective toxicant 
concentrations. The use of toxic units (TUs) for accurately predicting ternary toxicity was 
restricted to TUs of one. The potentiation of toxicity in fish and daphnids pulse-exposed to 
lower toxic units of endosulfan, deltamethrin and profenofos highlights the need to focus 
more on insecticide mixture toxicity and methods employed to prevent these toxicants from 
entering freshwater environments. The high toxicity of single insecticides may be potentiated 
by the mixing of insecticides prior to application and/or as a result of their mixing in the 
freshwater environment. It is precisely this situation that must be prevented if freshwater 
environments and the organisms that inhabit them are to be protected.  
 
The response of daphnid neonates to pulses of deltamethrin was dependent on concentration, 
duration of exposure and elapsed time between exposures. Increasing deltamethrin 
concentration and duration of pulse-exposure generally resulted in increased daphnid 
immobility. The large fiducial limits and error associated with the data suggest that the 
observed differences were not significant and limit sound statistical interpretation. Variations 
in dependence may be attributed to variations in: deltamethrin uptake and distribution, the 
rate of enzyme production/depletion, duration and concentration dependent thresholds, 
modifications to behaviour, changes in voltage-sensitive sodium channel kinetics, and the 
influence of secondary target sites.  
 
A comparison of exposure regimes indicated that multiple pulses of deltamethrin separated 
by 24 h were generally more toxic than equivalent pulses separated by 1 h while the toxicity 
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of multiple pulse-exposures separated by 1 h was generally in agreement with single pulses 
of equivalent duration. It was argued that concentration and duration dependent thresholds 
may be responsible for the variations in toxicity noted in the various exposure regimes and 
that these thresholds may be linked with the induction/production of detoxifying enzymes. 
The significant immobility of daphnid neonates pulse-exposed to environmentally realistic 
concentrations and durations of deltamethrin are cause for concern. The findings of the 
current investigation perpetuate the concern for aquatic wildlife in Australian waterways 
following pulse-exposure to technical grade insecticides. 
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Chapter 2. General introduction and literature review 
 
 
 
 
2.1 Pesticides  
 
The increase in world human population numbers in the last century has resulted in an 
increasing demand for agricultural products. These products are largely procured in isolation 
and are subject to damage by insects. The use of pesticides has come into favor in an attempt 
to manage crop damage caused by pests. The transportation of pesticides, specifically 
insecticides, into aquatic environments has had a detrimental impact on many non-target 
aquatic organisms and their ecosystems throughout the world. 
 
In Australia, agricultural crops are predominantly restricted to the temperate freshwater 
regions of eastern Australia. Consequently, this region is subject to the most intensive use of 
insecticides. The potential threat from insecticides to Australian native freshwater organisms 
is greatest from crops that: require intense insecticide use, are in close proximity to 
waterways, and those that are subject to damage by pests with a history of insecticide 
resistance. One such crop is cotton. 
 
2.2 Cotton pesticides 
 
Cotton is currently the leading plant fiber crop worldwide accounting for 48 per cent of 
global trade in natural and synthetic fibers, and is grown commercially in the temperate and 
tropical regions of more than 50 countries (O’Neill, 2002). Next to Israel, Australia produces 
more cotton per unit of cultivated land than any other country. Cotton refers to four species 
in the genus Gossypium (Malvaceae) – G. hirsutum L., G. barbadense L., G. arboreum L., 
and G. herbaceum L. Two species of cotton are cultivated in Australia, G. hirsutum and G. 
barbadense, G. hirsutum being the most widely cultivated (OGTR, 2002). 
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The cotton industry in Australia has developed fully during the last 30 years and now 
accounts for approximately 3.5% of the value of global cotton production. Since the early 
1970’s the area sown for cotton in Australia has grown annually by approximately 8%; the 
25,000 hectares sown in 1970 has expanded to over 552,000 hectares in 1999. The 3.2 
million bales produced in 1999 were worth over 1.7 billion dollars to the Australian 
economy. Cotton is our 3rd largest export crop, and Australia is the world’s 4th largest 
exporter of raw cotton accounting for almost 5% of agricultural export earnings (Cotton 
CRC, 1999). 
 
The increase in cotton production in Australia is largely attributed to improvements in water 
storage and pest control (FAO, 2003). Advances in irrigation have increased land suitable for 
cotton cultivation while an increase in the application of insecticides and their mixtures has 
helped protect cotton crops from damage caused by insects. 
 
Damage to cotton crops caused by an array of insect pests is a serious problem in Australia. 
Minor damage caused by insects to the early development of cotton buds has been correlated 
with the failure of buds to produce economically viable cotton. As a result, intensive farming 
practices have been employed in an attempt to restrict bud damage caused by insects. These 
farming practices incorporate the use of insecticides in greater quantity and efficiency to 
maximise cotton production.  
 
Typically, cotton farms occupy specific tracts of land (belts) most suitable to the propagation 
of cotton plants. These ‘belts’ are found in close proximity to waterways due to the high 
water requirements of cotton plants (Thomas, 2001). This close association with water 
increases the likelihood of insecticide runoff, over-spray or spray drift reaching aquatic 
environments (Ernst et al., 1989). Storm events within the cotton season may also facilitate 
the transportation of insecticides into surrounding waterways from multiple users and from 
multiple sites.  
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2.2.1 Application of pesticides 
 
The application of insecticides to major agricultural crops, such as cotton, may pose a threat 
to native aquatic organisms and their ecosystems. Pesticides have been detected in many 
Australian rivers that flow through cotton-growing regions (Preece et al., 1993; Cooper, 
1994, 1995, 1996; Bowmer et al., 1996, Hyne et al., 1998). Some of these measured 
concentrations were sufficiently high to expect lethal effects on fish. NSW and Queensland 
state government database records of fish kills, show that fish kills were reported more often 
from cotton-growing areas and during the cotton-growing season with more than half the 98 
fish kills associated with pesticides (Napier et al., 1998). The significant correlation between 
fish kills, cotton, and pesticides from NSW and Queensland indicates that the problem 
associated with the death of non-target aquatic organisms caused by cotton insecticides 
requires more attention and investigation.  
 
There were no strict guidelines to co-ordinate the application of endosulfan, profenofos, or 
deltamethrin within and between farms of the same district (Harris and Shaw, 1999). 
Inconsistent and conflicting application regimes led to further confusion with respect to 
pesticide application. For example, The Cotton Pesticides Guide (Harris and Shaw, 1999) 
stated that profenofos may be applied three times in a season (10 Dec – end Jan), with a limit 
of two consecutive sprays either alone or in mixtures. The Central and North West Regions 
Water Quality Program (CNWRWQP) (Cooper, 1996) stated that profenofos may be 
“applied as a preventative spray at the first sign of mites, which is repeated at 5-10 day 
intervals as long as mite and aphid activity continues”. Such discrepancies in application 
times and quantity may have led to the mismanagement of profenofos and other insecticides.  
 
2.3 Environmental realism in ecotoxicology 
 
Ecotoxicological investigations on the effects of insecticides to freshwater organisms are 
most beneficial when environmentally realistic concentrations, exposure durations, and local 
organisms are used. Environmental realism reduces the probability of producing 
inappropriate or spurious results with data extrapolation and modelling. The exclusion of 
 7 
certain environmental conditions in the laboratory is a necessary investigative tool to 
ascertain treatment effects from confounding factors.  
 
2.3.1 Exposure Duration 
 
Historically, ecotoxicological investigations on the effects of xenobiotics on freshwater 
organisms have focused on the concentration of continuously exposed toxicant required to 
elicit a 50% acute response (EC/LC50) over a period of 24-96 hours. While providing for 
fundamental comparative research and the possibility of providing relevant intermittent 
lethality estimates (Handy, 1993) the continuous exposure of organisms to insecticides is in 
many cases environmentally unrealistic. A number of authors (Sprague, 1971, Environment 
Canada, 1994; Pollack 1997) argue that aquatic organisms are more likely to be exposed to 
toxicants episodically than continuously. This is especially true for those organisms that 
inhabit streams and rivers. The pulse-exposure of aquatic organisms to ‘ephemeral 
pesticides’ such as the synthetic pyrethroids with short half-lives (less than one day) may 
provide the only realistic means of measuring their toxicity. Thomas (2001) highlighted the 
need for more realistic (particularly in terms of pulsed exposures) exposure events, 
specifically those that deal with the Type 2 synthetic pyrethroid, deltamethrin. 
 
Freshwater organisms are primarily exposed to pesticides as a result of runoff, leaching, 
spray-drift and/or the disturbance of sediments. Exposure of aquatic organisms to insecticides 
is dependant on the chemical and physical characteristics of the toxicant and receiving 
waters. The relatively short half-lives of the pesticides, duration of rain events, rates of 
binding to organic material and aquatic flow regimes indicate that aquatic organisms are 
unlikely to be exposed to pesticides at the same concentration for more than a few 
consecutive hours. Consequently, this study focused on the exposure of aquatic organisms to 
a single or multiple ‘pulse’ of one or more insecticides for four hours in an attempt to 
replicate environmentally realistic conditions.  
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2.3.2 Choice of organism 
 
Evidence of the impact of insecticides and their mixtures on Australian aquatic organisms is 
limited. To better protect native non-target species and their ecosystems we must establish an 
ecotoxicological framework based on Australian conditions and organisms. In the field of 
aquatic toxicology, organisms act as a surrogate for a chemical measuring device (Heath, 
1987) in an attempt to ensure suitable water quality. The selection of appropriate test 
organisms used to determine the impact of insecticides on aquatic organisms is based on a 
number of factors. These factors include: organism sensitivity, endemism, trophic 
representation, and amenability to laboratory conditions.  
 
2.3.2.1 Organism sensitivity 
 
The ecotoxicological quest for the most sensitive organism has long been abandoned. It is 
widely accepted that there is no species that is collectively the most sensitive to all toxicants 
and/or their mixtures. There are, however, species known to be sensitive to single pesticides 
or groups of pesticides. These ‘indicator’ species may be used to provide a ‘safe’ or ‘broad’ 
level of protection to the organism and to other non-target organisms within the ecosystem.  
 
Fish and daphnids have been shown to be very sensitive to organochlorine, organophosphate 
and synthetic pyrethroid insecticides with continuous exposure LC50s in the low parts per 
billion (ANZECC  & ARMCANZ, 2000). This high sensitivity to insecticides suggests that 
fish and Daphnia may be good indicator species.  
  
2.3.2.2 Native species 
 
The majority of acute data on freshwater organisms are based on organisms that are not 
representative of the Australian lotic environment. The Australian freshwater aquatic 
environment and the organisms that it supports are unique (Sunderam et al., 1992). To set 
more appropriate guidelines for the use and impact of insecticides and their mixtures in 
Australia, we must focus on native species.  
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2.3.2.3 Trophic representation 
 
It is important to analyse the impacts of toxicants on a range of freshwater organisms, as an 
investigation on an isolated species may not be representative of the organisms within the 
ecosystem. Consequently, a test on a single species (or a single pesticide) may not provide 
adequate protection for species from different trophic levels (Mayer and Ellersieck, 1986; 
Fairchild et al., 1992). Cairns (1956 in Rand, 1995) introduced the concept of using a range 
of organisms in aquatic toxicity testing stating “that picking representative organisms from 
different levels of the food chain would more faithfully display the range of response to 
toxicants than fish alone” (Rand, 1995 p.6) This view is supported by Macek et al. (1976) 
who argue that an understanding of the susceptibility of both fishes and fish food organisms 
to chemicals is necessary in establishing realistic and meaningful water quality criteria and 
standards. This thesis focuses on the impact of insecticides on two native aquatic organisms 
that belong to different trophic levels and represent alternative levels of biological 
organisation.  
 
The species chosen for this ecotoxicological investigation are the herbivorous cladoceran 
Daphnia carinata (King) and a carnivorous fish, Melanotaenia fluviatilis (Castelnau). These 
species are responsible for the transfer of energy from microorganisms through to top order 
carnivores. Both species have a history of use in ecotoxicology and have been shown to be 
amenable to laboratory conditions. The use of fish and Daphnia as test organisms in this 
investigation is consistent with the current ecotoxicological requirements of ANZECC  & 
ARMCANZ ( 2000) who argue that for all new industrial chemicals, “acute toxicity tests 
must be carried out using fish and Daphnia”  
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2.4 Test species 
 
2.4.1 Fish 
 
In freshwater ecosystems, fish are often the main predators of vertebrate and invertebrate 
organisms. Consequently, fish play a key role in the maintenance and structure of 
communities and ecosystems. The removal or depletion of fish populations may have broad 
deleterious effects on sympatric aquatic organisms. The loss of one species in an ecosystem 
can be critical when that species plays a crucial role in community or ecosystem function 
(Paine, 1969; LaPoint and Fairchild, 1992). 
 
2.4.2 Crimson-spotted rainbowfish 
 
M. fluviatilis belongs to the Melanotaeniidae Family of freshwater fishes. Fishes of this 
family are found in Australia, New Guinea, and Waigeu and the Aru Islands (Backhouse and 
Frusher, 1980). The rainbowfish comprise 55 species from eight genera and represent the 
largest family of freshwater fish in the Australia-Papua New Guinea region (Crowley et al., 
1986, Brown et al., 2002). . M. fluviatilis have become an important laboratory test organism 
for assessing the toxicity of chemicals and pollutants to Australian freshwater fish (Holdway 
et al., 1994; Barry et al., 1995b; Reid et al., 1995; Reid and Holdway, 1995; Pollino 2000). 
 
In Australia there are four genera and 13 species of rainbow fish within the family 
Melanotaenia. The majority of rainbow fish are restricted to the warmer, northern regions of 
the continent. There is, however, one species, M. fluviatilis, that inhabits the subtropical and 
temperate fresh waters of southeastern Australia. M. fluviatilis is the sole representative of 
the family in Victoria, and is restricted to the Murray Darling River system (Lake, 1978; 
Allen and Cross, 1982). While crimson-spotted rainbowfish are common, isolated 
populations and unstable environmental conditions add to the species’ insecurity (Lloyd and 
Walker, 1986).  
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Two sub-species of the crimson-spotted rainbowfish are recognised; Melanotaenia fluviatilis 
fluviatilis, found in the states of Victoria, New South Wales, South Australia and 
Queensland; and Melanotaenia fluviatilis duboulayi restricted to the coastal drainages of 
Southern Queensland and Northern New South Wales. Closely related species include the 
black-banded rainbowfish, Melanotaenia nigrans, and the checkered rainbowfish, 
Melanotaenia splendida inornata.  
 
M. fluviatilis is a schooling fish inhabiting rapidly flowing streams, billabongs and the 
backwaters of large rivers. They appear to have a preference for waters that provide abundant 
subsurface vegetation, possibly due to their suitability for predator avoidance, foraging and 
spawning sites. Regions with surface vegetation are avoided, possibly due to the species 
relying heavily on surface feeding. The crimson-spotted rainbowfish is predominantly a 
carnivore, feeding on aquatic invertebrates and terrestrial invertebrates from the water 
surface. This species has also been observed to feed on filamentous algae. 
 
2.4.3 Fish in ecotoxicology. 
 
The use of fish as indicators of toxicity in freshwater ecosystems has a long history (Hart et 
al. 1945; Doudoroff and Katz, 1950, 1953; Sprague, 1969, 1992). However, the majority of 
literature is based on species from the northern hemisphere. The paucity of ecotoxicological 
data based on Australian freshwater fish has highlighted the need to establish endemic 
species in the assessment of xenobiotics in Australian waterways. The ecological importance, 
broad geographical distribution, amenability to laboratory conditions and reproductive 
characteristics of rainbowfish make them suitable models for assessing the impacts of 
anthropogenic substances in Australian waterways.  
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2.5 Daphnia 
 
2.5.1 General 
 
Cladocerans are amongst the organisms most frequently recorded from and characteristic of 
Australian inland waters, with the daphnids being the best represented of the Family 
Daphniidae (Williams, 1968). Daphnids occupy an important position in the structure and 
maintenance of many freshwater ecosystems; they are both primary consumers and a major 
food source for many vertebrate and invertebrate predators. 
 
2.5.2 Geography 
 
The distribution of daphnids within waterways is species and seasonally variable. Some 
species are found only amongst benthic material feeding on fine particulate matter, while 
others are predominantly free living forms occupying all spheres of the water column, 
consuming a variety of algal, bacterial and vegetative matter. Daphnids may be found in 
fresh, estuarine and marine waters, and permanent and ephemeral lakes.  
 
2.5.3 Daphnia in Australia. 
 
Australian daphnids typically inhabit slow or no flow regions of freshwaters such as 
billabongs and backwaters of rivers and streams. Williams (1968) argues that maximum 
species diversity and numerical abundances occur when these regions are combined with 
sheltered weeds. One native species, Daphnia carinata, has been used for Australian 
ecotoxicological purposes over the last two decades (Barry et al., 1995a; Dixon, 2007). Julli 
et al. (1990) argued that D. carinata is an unsuitable species for ecotoxicological bioassays 
as a result of problems with their survival and reproduction. In contrast, Barry et al. (1995a) 
observed D. carinata to be amenable to laboratory conditions.  
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2.5.4 Reproduction 
 
D. carinata is capable of both asexual and sexual reproduction. The mode of reproduction is 
determined by seasonal and environmental conditions. Favorable environmental conditions 
perpetuate the production of females only in the population. Deteriorating environmental 
conditions lead to the production of males and sexual eggs. The ensuing fertilised or ‘resting 
eggs’ are protected by thickenings of the brood chamber called ephippia. The ephippia 
(ephippium Pl.) and eggs lie dormant until environmental conditions become favourable. 
D.carinata produces two ephippium with an average of 2-6 eggs in each. Asexual, or 
parthenogenetic reproduction is, however, the typical mode of reproduction for D. carinata. 
This mode of reproduction produces genetically identical female offspring. The use of these 
offspring in ecotoxicological testing removes the issue of genetic variation as a means of 
explaining any observed differences between treatments. 
 
2.5.5 Daphnids in ecotoxicological testing 
 
The widespread use of daphnids in toxicity testing is the result of a unique combination of 
attributes necessary for conducting and producing relevant research. An abundance of 
ecological and biological literature on daphnids, the ease with which they are cultured under 
laboratory conditions, their broad geographical distribution, their sensitivity to anthropogenic 
substances and their parthenogenic mode of reproduction make them suitable research tools 
to assess the impact of toxicants on non-target aquatic organisms. 
 
The majority of published work using Daphnia as test organisms in bioassays has focused on 
a few isolated species of Daphnia, most noticeably Daphnia magna. D. magna is 
predominantly a pond species from an isolated region of the Northern Hemisphere. The use 
of toxicity bioassays to assess the effects of xenobiotics on organisms that inhabit Australian 
freshwater ecosystems should utilise species native to these systems.  
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2.6 Age of test organisms 
 
Daphnids and fish less than 24 hours old were chosen for ecotoxicological investigation, as 
very young organisms are often the most sensitive to the effects of chemicals (McKim, 1977; 
Spehar et al., 1983, Barry et al., 1995a). The confounding effects of feeding older fish and 
Daphnia are removed when investigating effects of toxicants on organisms less than 24-hour-
old. Fish and daphnids less than 24 hours old focus on an age group that is likely to be 
present at the time of insecticide spraying. The birth of many riverine organisms, particularly 
fish, occurs within the allocated pesticide-spraying regime currently used in Australia for 
cotton (Merrick and Schmida, 1984; Shaw and Harris 1998). This regime of spraying 
coincides with the ‘wet’ or rainy season, which may facilitate the transportation of 
anthropogenic substances into waterways. The influx of runoff may allow pesticides bound 
to sediment to become bio-available to species inhabiting the water column. The continual 
breeding cycle and short life span of daphnids increases the possibility of neonates being 
exposed to insecticide contamination. 
 
A number of important physiological parameters in the development of rainbowfish occur 
within the 96 h test period. The inflation of the swim bladder, a fully functional liver, the 
commencement of exogenous feeding, and the exhaustion of the yolk sac all occur within the 
test period (Barry et al., 1995b; Reid et al., 1995). Coupled with evidence on the mode of 
action of insecticides, early developmental parameters may provide us with information 
regarding the acute toxicity of xenobiotics to fish and other aquatic organisms.  
 
2.7 Acute Toxicity 
 
Acute lethal toxicity is considered that which causes severe and rapid damage to the 
organism by the fastest acting mechanism of poisoning, fatal unless the organism escapes the 
toxic environment at an early stage (Sprague, 1973). A lethal concentration of toxicant that is 
capable of killing half of a population of organisms is recognised by the ASTM and the 
WHO as being sufficiently toxic to cause significant problems for the continued survival of a 
species. Acute toxicity may result in an alteration in the population genetics of a species, thus 
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reducing their ability to adapt to future environmental perturbations. The removal or 
significant reduction in population numbers of a species may also significantly impact the 
maintenance and structure of the ecosystem in which it resides.  
 
Acute toxicity testing is more cost and labor efficient than most chronic toxicity endpoints, and 
is clearly less variable. A number of authors (Bloomquist, J.R. 2001; Bloomquist, J.R., and R.L. 
Barlow. 2002). argue that many chronic endpoints such as growth are often equally or less 
sensitive than survival. Gorge and Nagel (1990) and Woltering (1984) conducted over 170 
toxicity tests, concluding that fry mortality was the clearest and most sensitive response to 
xenobiotic exposure. A comparison of endpoints for 28 chemicals and seven fish species in 34 
studies found that survival was equal to or more sensitive than all other endpoints 56 to 69% of 
the time (Mayer et al., 1986). Acute toxicity tests provide a clear and consistent means of 
comparing the toxicity of different compounds (Gorge and Nagel, 1990; Bloomquist, J.R., and 
R.L. Barlow. 2002). This is particularly important when investigating the effects of insecticide 
mixtures.  
 
A number of methods exist for predicting chronic toxicity from acute lethality data with 
fishes (Lee, 1995). Statistical models such as multiple regression analysis were developed 
that utilise acute toxicity data to establish the relation of lethality to toxicant concentration 
and exposure time for predicting chronic lethality. In order to compare the effects of 
pesticides and their mixtures it is necessary to choose a single consistent, clearly relevant, 
readily observable, biologically significant, reproducible and unequivocal reference.Death of 
an organism is the perfect reference and is more reproducible than any other value (Pickering 
and Henderson, 1966). In the current investigation it was determined that a single chronic 
endpoint (other than death) was unlikely to be the most sensitive to all three pesticides and 
their mixtures. It is for these reasons that this thesis focused on acute toxicity testing as a 
reliable means of investigating single insecticides and their mixtures. Sub-lethal behavioural 
responses were also analysed in an attempt to elucidate possible mechanisms of toxicity as a 
result of the induction of, and type of behaviour in fish (Gorge and Nagel, 1990). 
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2.8 Pesticide groups 
 
In the last century we have seen the development of an array of synthetic insecticides. The 
manufacture and use of chemical weapons leading up to and during World War 1 (WW1) led 
to the development of the first major group of insecticides known as the organochlorines 
(OCs).  
 
The organochlorine insecticides are very potent nerve agents and are generally very 
persistent in the environment. This group includes insecticides such as aldrin, DDT, dieldrin, 
endosulfan, endrin, and methoxychlor. Although endosulfan is less persistent than many of 
its predecessors it is highly toxic to many aquatic organisms at environmentally realistic 
concentrations.  
 
The organophosphate (OPs) insecticides are generally less toxic and persistent than their 
predecessors, the OCs. However, as the toxicity and characteristics of compounds of both 
groups vary widely, evaluation must be made on the basis of individual compounds. This 
group includes insecticides such as chlorpyrifos, fenitrothion and profenofos. 
 
The most recent advance in the evolution of insecticides is the synthetic pyrethroids (SPs). 
Modern synthetic pyrethroids have retained the high insecticidal qualities of the natural 
pyrethrins, exhibit low mammalian toxicity and low environmental persistence, while being 
designed to enhance residual activity via greater photo-stability (Coats, et al., 1989). Haya 
(1989) argues that pyrethroids are effective substitutes for organochlorine pesticides as a 
result of their low environmental persistence. Thomas (2001) attributes the reliance and 
introduction of SP use on cotton to the sudden development of DDT resistance by cotton 
insect pests in the early 1970s. Deltamethrin is currently the most potent, widely used 
pyrethroid in protecting cotton from pest infestation in the Namoi Valley, NSW. Ironically, 
recent problems with insect resistance to synthetic pyrethroids may restrict their use in the 
future (Martin et al., 2002).  
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Insecticides used to control cotton pests predominantly fall within three pesticide groups: 
Organochlorine (OC), Organophosphate (OP), and Synthetic Pyrethroid (SP) insecticides. To 
determine the potential impact of cotton insecticides on non-target aquatic organisms, an 
investigation into the effects of an insecticide from each group was conducted. Endosulfan, 
profenofos Q, and deltamethrin were chosen to represent the organochlorine, 
organophosphate and synthetic pyrethroid insecticides, respectively. Each of these 
insecticides has been shown to be acutely sensitive to populations of aquatic organisms at 
environmentally realistic concentrations (ANZECC  & ARMCANZ, 2000).  
 
2.9 Endosulfan  
 
2.9.1 General  
 
Endosulfan (6,7,8,9,10,10-hexachloro-1,5,5a,6,9,9a-hexahydro-6,9methano-2,4,3-
benzodiexathiepin-3-oxide, [Fig. 2.1]) is a broad spectrum, photostable chlorinated 
hydrocarbon insecticide of the cyclodiene group, developed by Farbwerke Hoechst in 1952. 
Hoechst (1989) argues that endosulfan is more correctly classed as a sulfurous acid ester or 
dioxathiepin as its behaviour, mode of action, environmental persistence, and ability to 
bioaccumulate is unlike other organochlorines. Formulations of endosulfan include 
emulsifiable concentrate, wettable powder, ultra-low volume (ULV) liquid, and smoke 
tablets.  
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Figure 2.1. The chemical structure of technical endosulfan, an organochlorine insecticide. 
(Reproduced from Schoettger, 1970) 
 
Technical grade endosulfan is a light brown crystalline substance consisting of α and β-
isomers in the approximate ratio of 7:3. The α-isomer is regarded as being the more toxic of 
the two. α-Endosulfan is 1.63 times more potent as an insecticide to houseflies than β-
Endosulfan, while the metabolite, endosulfan sulfate, is known to be at least as toxic as 
technical endosulfan to biota (Barry et al., 1995b). The remaining degradation products are 
largely non-toxic and not considered an environmental threat.  
 
The solubility of endosulfan in water is low: 60-150 µg/L, and increases with decreasing pH. 
Solubility in other solvents varies from 5-65%. As a result of the higher solubility in water of 
endosulfan compared with most other organochlorine insecticides, it does not have the 
affinity for lipids that other related compounds possess. Consequently, bio-magnification and 
accumulation of endosulfan in food chains is less likely to occur (WHO, 1984a). 
 
Although the organochlorine insecticides were widely used in agriculture and malarial 
control programs from the 1940s to the 1960s with dramatic beneficial effects, they have 
come into disfavor because of their persistence in the environment, wildlife and humans 
(WHO, 1984a). The relatively low cost of these insecticides and lack of suitable substitutes 
for some uses, however, ensure their continued use in many countries including Australia.  
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Approximately 10,000 tonnes of technical grade endosulfan were applied globally in 1992 
(Naqvi and Vaishnavi, 1993) with approximately 700 tonnes applied to cotton alone in New 
South Wales during the 2000/2001 cotton season (Broomhall, 2002). The World Health 
Organisation (WHO, 1984a) classified endosulfan as moderately hazardous based on an oral 
LD50 in the rat, while the United States Environmental Protection Agency (US EPA) 
classified endosulfan as highly hazardous (US EPA, 1986). 
 
In Australia, endosulfan is a potentially serious contaminant as large quantities are used and 
it is very toxic to fish, its toxicity being one of the highest of all the organochlorine 
insecticides (Schoettger, 1970). Endosulfan is used mainly by the cotton industry in northern 
New South Wales and southern Queensland at an application rate of 3 to 3.5 kg/ha per year 
(Colton and Cutting, 1985) and has frequently been associated with fish kills (Mann, 1989; 
Napier et al., 1998). Endosulfan is the major cotton pesticide (Bowmer et al. 1996) and is 
ranked as the pesticide having the greatest impact on the riverine ecosystem according to 
Leonard et al. (1999). 
 
Endosulfan is absorbed by both humans and animals by inhalation, ingestion and 
percutaneously (Naqvi and Vaishnavi, 1993). Endosulfan is rapidly absorbed through the 
cuticle of insects and acts as a contact as well as a stomach poison (Maier-Bode, 1968). Fish 
have been shown to accumulate endosulfan directly from the surrounding water, with whole 
body concentration factors of up to 2755 times that in the water. However, body burdens of 
endosulfan were rapidly lost when fish are transferred to insecticide free water (Matthiessen 
et al., 1982). Nowak (1992) observed that the catfish, Tandanus tandanus, exposed to 
endosulfan under laboratory conditions, contained the highest residue levels in liver, gills, 
kidney and brain. However, endosulfan residues did not accumulate from season to season 
Lower residues of endosulfan in gills, compared with liver, are consistent with fish recently 
exposed to acute lethal levels of endosulfan. (Nowak and Julli, 1991; Nowak et al., 1995). 
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2.9.2 Mode of action 
 
2.9.2.1 General 
 
Once a toxic chemical enters an organism, several biochemical and physiological 
mechanisms become operational in an attempt to challenge the toxic stress caused by the 
pollutant. Biological mechanisms that can be studied in organisms include those pertaining to 
the activity of enzymes involved in oxidative metabolism and hydrolysis. Since enzymes are 
biological catalysts that enable the most essential metabolic functions to be performed in 
living cells, disturbances of enzyme functions are generally harmful (Bhavan and Geraldine, 
2001). These energy related expenses reduce the amount of energy left to invest in normal 
life and, therefore, increase the probability of dying from additional stress (Calow, 1989). 
 
2.9.2.2 Cyclodiene toxicity 
 
Although the precise molecular mechanisms responsible for cyclodiene toxicity are still 
poorly understood, previous data suggest that they act by altering the electrophysiological 
and associated enzymatic properties of nerve cell membranes (Videira et al., 2002), causing a 
change in the kinetics of Na+ and K+ ion flow through the membrane. This neurotoxic effect 
probably underlies the extreme sensitivity of fish and other aquatic species to endosulfan.  
 
Cyclodiene compounds affect the Ca2+ permeability of presynaptic membranes and the influx 
of Cl- in postsynaptic membranes (Ecobichon, 1996). Additionally, these insecticides are 
potent inhibitors of Na+, K+ -ATPase and Ca2+, Mg2+ -ATPase, in mammals as well as in fish 
(Dalela et al., 1978; Naqvi and Vaishnavi, 1993), essential for the transport of cations across 
the plasma membranes of cells. Inhibition of Ca2+, Mg2+ -ATPase in presynaptic membranes 
results in the accumulation of intracellular free Ca2+ ions promoting calcium induced release 
of neurotransmitters and the consequent disruption to nerve impulse transmission. Na+ and 
K+ -ATPase enzymes are essential for the generation of membrane potentials and the 
maintenance of tissue osmolarity. Consequently, the reported action of endosulfan on Na+, 
K+ -ATPase, which is intimately coupled to osmoregulation, may be the irreparable affect on 
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the osmoregulation capacity of fish (Dalela et al., 1978). Inhibition of these enzyme systems 
and their ability to alter nerve transmission may, in part, explain the toxicity of endosulfan to 
fish. 
 
Cyclodiene compounds have also been shown to affect the bioenergetic properties of 
mitochondria (Mishra and Shukla, 1994) and the kinetics of the Ca2+ pump in sarcoplasmic 
reticulum (Antunes-Madeira and Madeira, 1982). Since most functions committed to cell 
membranes are regulated by the lateral and transversal organisation of the lipid matrix, it has 
been suggested that a primary target of cyclodiene insecticides may be the membrane lipid 
matrix. 
 
A number of authors (Phillips, 1980; Peterson and Batley, 1991) have speculated that 
residues of OCs in organisms may be related to differences in lipid content between species. 
Hattula et al. (1978) argue that lipid content could explain interspecies differences in residues 
of DDT, DDE, and PCBs but not DDD, lindane, aldrin and dieldrin. More recent laboratory 
tests indicate that fish size is a more reliable indicator of fish death from endosulfan exposure 
(Peterson and Batley, 1991). Alternatively, interspecific differences in organochlorine 
toxicity may be explained by extra hepatic metabolism in some species. Differences in the 
activity of detoxifying enzymes between fish species may also contribute to the interspecific 
variation observed in fish exposed to endosulfan. 
 
2.9.2.3 Endosulfan toxicity 
 
The toxicity of endosulfan is attributable to binding at the γ-aminobutyric acid type A 
(GABAA) receptor in mammals and the corresponding GABA receptor in insects, leading to 
a block in the GABA-gated chloride channel (Lawrence and Casida, 1984; Kamijima and 
Casida, 2000; Bloomquist, 2001). The GABAC receptor, important in retina and present in 
brain, is also coupled to a chloride channel and therefore a potential target for toxicant action 
(Ratra et al., 2002).  
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2.9.2.3.1 Fish 
 
In fish, endosulfan causes marked changes in Na+ and K+ concentrations, decreases in blood 
Ca2+ and Mg2+ levels and is an inhibitor of Na+, K+ and Mg2+-dependent ATPase in the brain, 
gill, gut, liver and kidney (Naqvi and Vaishnavi, 1993). Naqvi and Vaishnavi (1993) reported 
that endosulfan was responsible for a decrease in; adenylate energy charge, oxygen 
consumption, hemolymph amino acids, succinate dehydrogenase, and heartbeat; and altered 
osmoregulation. Reddy and Gomathy (1977) observed that the catfish, Mystus vittatus, 
exposed to sub-lethal concentrations of Thiodan [Endosulfan] showed a depression in oxygen 
consumption of approximately 46%, while exposure to lethal concentrations caused an 
elevation in respiratory metabolism coinciding with a 48% increase in oxygen consumption. 
The work of Rao and Murty. (1980) showed that in the case of L. rohita, oxygen 
consumption increased progressively as the concentration of endosulfan increased from 1 to 
5 µg/L and decreased with further increase of the toxicant, until death ensued. 
 
Hyperglycemia in the catfish, Clarias batrachus, exposed to endosulfan suggests that 
endosulfan may interfere with carbohydrate metabolism (Gopal et al., 1981). Technical 
endosulfan significantly decreased the following biochemical factors: protein, glycogen and 
lipid concentration of liver, glycogen of muscles, and significantly increased the protein and 
glycogen of kidney and protein content of the brain in the fish, Channa punctata (Bloch) 
(Gopal et al., 1981).  
  
The protein content of fish gills was significantly altered at α-endosulfan concentrations as 
low as 0.45 µg/L (Murty and Devi, 1982). The principal organs affected by endosulfan were 
the liver and kidney, [reportedly the major sites of degradation and detoxification of 
endosulfan (Rao et al., 1980; Devi et al., 1981)], while biochemical effects were the result of 
the greater stress these two organs experienced during the process of detoxification of 
endosulfan and its metabolites (Murty and Devi, 1982). 
 
Symptomatic poisoning in fish as a result of endosulfan exposure include: sluggishness 
alternating with hyper-excitability, loss of equilibrium, spasmodic movement, occasional 
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gulping of air, erratic opercular movements and color changes (Schoettger, 1970; Gopal et 
al., 1981; Singh and Srivastava, 1981). The presence of clotted blood over the gill surface, 
excessive mucous secretion, stiffening of trunk muscles and depigmentation were also 
observed after loss of positive rheotaxis following exposure to endosulfan (Gopal et al., 
1981). Similar toxic symptoms were observed in insect nymph (Enallagma sp.) and tadpoles 
(Rana tigrina). 
 
2.9.3 Endosulfan degradation and metabolism 
 
In sterile media the endosulfan α-isomer had a half-life of 12.5 weeks compared with 5.7 
weeks for the β-isomer, however, these rates of hydrolysis were reversed under conditions 
where microbial degradation could occur. In support, Miles and Moy (1979) observed that α-
endosulfan is biologically hydrolyzed faster than β-endosulfan, and is also lost through other 
mechanisms such as volatilization and isomerization. While the rate of hydrolysis is greatly 
affected by pH, other physico-chemical properties of the water do not appear to affect the 
hydrolytic rate of endosulfan (Peterson and Batley, 1991). In the alkaline waters of Northern 
NSW, where cotton is grown, endosulfan is likely to hydrolyze more rapidly. 
 
The sulfite group of endosulfan is readily modified by hydrolysis or oxidation to form 
endosulfan diol or endosulfan sulfate respectively. Anaerobic degradation (hydrolysis) of 
endosulfan to endosulfan-diol and its successive degradation to endosulfan hydroxyether, 
endosulfan ether and endosulfan lactone may be viewed as a detoxification mechanism as 
diol is regarded as non-toxic to aquatic species (Goebel et al., 1982). 
 
In fish, endosulfan is metabolised in the liver to endosulfan sulfate, which is as toxic as the 
parent compound and then to the relatively non-toxic compounds; endosulfan ether, 
endosulfan hydroxyether and endosulfan diol, the latter being conjugated with glucuronic 
acid and excreted in the bile (Nowak et al., 1995). Expulsion of the metabolites is complete 
with the bile moving from the intestinal canal (Schoettger, 1970; Rao and Murty, 1980) into 
the external aquatic environment. In common with other lipophylic xenobiotics, chlorinated 
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hydrocarbons may be metabolised by the cytochrome P-450 system to hydroxyl derivatives 
(Smith, 1991). 
 
Concentrations of α-endosulfan and β-endosulfan in sterile water were 85% and 67% of the 
initial concentration, respectively, after a period of six hours (Peterson and Batley, 1991). 
Rao and Murty (1982) found that there was ‘no detectable fall in the concentration of the 
pesticide [endosulfan] in water up to 4h after adding the pesticide solution’. Howard (1991) 
reported the half-life range of endosulfan in surface water as 4.5 to 218 h facilitating the 
conjecture as to the half-life of endosulfan in the aquatic environment noted by Leys et al., 
(1998). Peterson and Batley, (1991) note that while endosulfan rapidly binds to sediment and 
particulate matter in the aquatic environment a significant’ amount of endosulfan in water is 
in ‘true’ solution. This is important when considering the bioavailability of endosulfan to 
aquatic organisms. 
 
2.9.4 Endosulfan transport into the aquatic environment 
 
Endosulfan predominantly enters the riverine environment as a result of spray drift, direct 
over-spray and runoff following storm events (Antonius et al., 1998; Kennedy et al., 1999). 
Endosulfan may also enter river systems through direct flows from irrigation systems (Osler 
et al., 2001). The low solubility of the beta isomer in water and its affinity to bind with soil 
particles indicate that it is the alpha isomer, which is carried by run-off to the aquatic 
environment (Nowak and Julli, 1991). Since the persistence of endosulfan in soil is greater 
than that in water, leaching from soils caused by rains and floods may also be an important 
source of endosulfan contamination in the aquatic environment. Flood events may allow 
endosulfan trapped in aquatic sediments to become available to aquatic organisms. 
 
2.9.5 Application 
 
In the cotton growing regions of New South Wales, endosulfan application begins in early 
December and ends in January. Endosulfan is the most heavily applied insecticide in 
Australia (Muschal, 1997; Muschal 1998) on cotton and is ranked by Batley and Peterson 
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(1992) as having the highest potential for impact on the riverine environment using risk 
assessment models. While the majority of organochlorine insecticides have fallen into 
disrepute, Australian farmers continue to use endosulfan to control pests, particularly those 
that infest cotton. In the battle against Heliothis, endosulfan may be applied in combination 
with organophosphate and synthetic pyrethroid insecticides such as profenofos and 
deltamethrin.  
 
The pesticide resistance management strategy for Northern New South Wales and Southern 
Queensland states that endosulfan may be applied to crops from the beginning of December 
through to mid January. There is, however, no clear restriction on the number of applications 
of endosulfan on cotton during the cotton season. The National Registration Authority (NRA, 
1999) Guidelines state that “applications currently range from roughly 3-7 per season”, but 
do not outline specific limits. Leys et al. (1998) reported that cotton fields might receive as 
many as 5-7 aerial applications of endosulfan, at 0.073 g m –2 per application, during the 
growing season. Broomhall (2002) calculated that an application rate of 700 g/ha equates to 
approximately 700 tonnes of technical endosulfan being applied across Australian cotton 
crops annually. 
 
The Department Central and North West Regions Water Quality Program – Pesticide 
Monitoring determined that 65% of samples containing endosulfan concentrations were 
above national water quality guidelines for protecting aquatic ecosystems (Muschal, 2000). 
This report showed that there had been no reduction in endosulfan concentrations over the 
years 1996-1998. It is apparent that ‘unsafe’ levels of endosulfan were entering the 
waterways of New South Wales (NSW) and Queensland during this period. The discovery of 
endosulfan contamination of Australian beef in 1995 (PANUPS May 1, 1996) and again in 
1998 has led to legislative changes that prevent the use of Ultra Low Volume (ULV) 
formulations applied to crops while buffer zones for Emulsifiable Concentrations (EC) of 
endosulfan have expanded.  
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2.9.6 Endosulfan Toxicity  
  
2.9.6.1 Fish. 
 
In agricultural regions insecticides have caused significant fish kills (PANUPS [Pesticide 
Action Network Updates Service], 1996). Endosulfan has been associated with a number of fish 
kills both in Australia and globally. Endosulfan and Malathion were reported to be 
responsible for over 56% of the reported fish kills in South Carolina, USA, from 1977 to 
1984. Run-off from the “normal or proper use of a pesticide [methyl parathion and 
endosulfan] to a crop site [cotton]” in August 1995, Alabama, USA, was responsible for the 
death of over 240,000 fish of all known local species (PANUPS, 1996). Endosulfan was the 
major insecticide causing fish kills in NSW and Queensland, where between 1980 and 1992, 
approximately 70% of the fish kills caused by pesticides were due to endosulfan toxicity 
(Napier et al., 1998).   
 
Endosulfan is highly toxic to many fish species at low environmental concentrations (Napier 
et al., 1998; Leonard et al., 1999), with published continuously exposed LC50s of 0.02 (24 
h), and 0.17 µg/L for the harlequin fish (Rasbora heteromorpha) and rainbow trout 
(Onchorynchus mykiss) respectively (Alabaster, 1969; Naqvi, 1993). The 24, 48, 72, and 96 h 
LC50s for the fish Anabas testudineus, were 3.0, 2.4, 1.5, and 1.2 µg/L, respectively (Rao 
and Murty, 1980). The State Pollution Control Commission (currently the NSW EPA) report 
claims fish kills have occurred at concentrations as low as 0.9 µg/L (Mann 1989). In 
Australian laboratory experiments, Sunderam et al. (1992) determined the LC50 for the 
eastern rainbowfish (Melanotaenia duboulayi) to be 2.4 µg/L. There is however, 
considerable variation in the sensitivity of fish species to endosulfan.  
 
The Australian water quality guidelines (2000), published the LC50 for M. fluviatilis 
continuously exposed to endosulfan as 5.7 µg/L. Field levels of total endosulfan in South-
eastern Australia have been recorded as high as 4.58 µg/L (Peterson and Batley, 1991), 
indicating that endosulfan poisoning may be a real threat to Australian fish species. Field 
concentrations regularly exceed the Australian and New Zealand Environment and 
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Conservation Council (ANZECC ) water quality guideline of 0.03µg/L (ANZECC and 
ARMCANZ, 2000). 
 
The literature suggests there has been a tendency to underestimate the toxicity of endosulfan 
in bioassays (Schoettger, 1970). Schoettger (1970) observed that all surviving rainbow trout 
(Onchorynchus mykiss), in a 120 h bioassay, died within a week when moved to freshwater. 
Ludemann and Neumann (1960) also reported that carp (Cyprinus carpio) exhibiting 
symptoms of endosulfan poisoning did not recover when moved to clean water. The toxic 
effects of endosulfan on some aquatic organisms appear to be residual. The potential for 
endosulfan to bioaccumulate in some fish species (Toledo and Jonsson, 1992) may also 
contribute to the underestimation of endosulfan toxicity in the aquatic environment. 
 
2.9.6.2 Invertebrates. 
 
Endosulfan is rapidly absorbed through the cuticle of insects and acts as a contact as well as a 
stomach poison (Maier-Bode, 1968). A number of invertebrate species have been studied in 
an attempt to determine their sensitivity to endosulfan. The crustaceans Daphnia magna and 
Daphnia pulex were shown to be less sensitive than most fish when continuously exposed to 
endosulfan with LC50s of 52.9 and 300 µg/L respectively (Schoettger 1970, Knauf and 
Schulze, 1973). Barry et al. (1995a) reported an LC50 of 600 µg/L for D. carinata 
continuously exposed to technical grade endosulfan. This value is similar to the 24 h LC50 of 
620 µg/L for D. magna reported by Fernandez-Casalderrey et al., (1993). These results are 
supported by Peterson and Batley’s (1991) conclusion that endosulfan is not toxic to 
Daphnia magna at concentrations of 1-10 µg/L. 
 
While arthropods are generally of intermediate sensitivity, a few species are sensitive to very 
low levels of endosulfan. The copepod Acartia tonsa and the pink shrimp, Penaeus 
duorarum continuously exposed to endosulfan were very sensitive to endosulfan with LC50s 
of 0.032 and 0.04 µg/L, respectively (Schimmel et al., 1977). These observations led Wirth 
et al. (2001) to argue that crustaceans are potentially sensitive to endosulfan as a result of 
similarities between insect and crustacean physiology and endocrinology. Ribeiro et al., 
 28 
(2001) speculated that the depletion of glycogen in the terrestrial isopod, Porcellio dilatatus, 
might be due to direct utilization of this compound for energy generation, as a result of 
pesticide [endosulfan] induced hypoxia. A thorough summary of endosulfan toxicity to 
aquatic organisms is found in the review conducted by Naqvi and Vaishnavi (1993). 
 
2.10 Organophosphorus pesticides 
 
The organic phosphorus compounds are generally less toxic to fish than the chlorinated 
hydrocarbons. Consequently, it may be expected that as a group the organophosphorus 
insecticides would be less hazardous to fish. As the toxicity and characteristics of compounds 
of both groups vary widely, evaluation must be made on the basis of the individual 
compounds (Pickering et al., 1962). 
   
2.11 Profenofos Q 
 
Profenofos (O-(4-bromo-2-chlorophenyl)-O-ethyl-S-propyl phosphorothiolate, is an 
organophosphate (OP) insecticide (Figure 2.2) developed by Novartis (formerly Ciba Geigy).  
Profenofos is currently the most widely used OP in the cotton growing regions of New South 
Wales and Queensland, and was second only to the organochlorine, endosulfan, in overall 
application rate (Cooper, 1996; Muschal, 1998). Curacron Flexi ®, (a.i. profenofos) was 
promoted as the insecticide of first choice in the ‘fight against Heliothis’ in the 1998/99 
cotton season. 
 
Technical grade profenofos Q is available only as a translucent liquid that consists of two 
alkyl moieties; O-ethyl and S-propyl, consequently two chiral isomers exist. Profenofos Q is 
the active constituent in the formulations, Curacron 500 Pro ® (500 g/L) and Curacron Flexi 
® (250 g/L) and acts as a contact and stomach poison 
(www.yescotton.com/fact_curacronpro.htm).  
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Profenofos is bioactivated, probably by phosphorothiolate oxidation with microsomal 
enzymes and NADPH. Factors responsible for differences in toxicity between species include 
target site sensitivity, speed of uptake, and the enzymes employed to detoxify insecticides. 
Mori and Gotoh (2001) argue that profenofos is selectively toxic to insects compared with 
mammals due to different metabolism of the propylthiol group. 
 
 
 
Figure 2.2. The chemical structure of the Organophosphate insecticide, profenofos. 
(http://www.agrocare.com.cn/Products/Profenofos.htm). 
 
The cotton bollworm, Helicoverpa armigera, and the native budworm, H. punctigera, are 
serious pests of cotton and other summer crops in Australia. Increasing resistance of H. 
armigera to endosulfan, pyrethroids and carbamates has resulted in an expanded use of OPs 
such as profenofos, methyl parathion and chlorpyrifos on cotton and other crops (Gunning et 
al., 1998, 1999). The increasing reliance on OPs to control cotton pests due to poor control 
with other insecticides and the variable performance of transgenic cotton (Kauter, 1997) has 
led to widespread resistance of field populations of H. armigera and H. punctigera to 
profenofos and fenvalerate, respectively (Gunning et al., 1997). The situation is compounded 
by the discovery of cross-resistance between profenofos and methyl parathion in H. 
armigera. While field resistance to insecticides by pest species is a continuing problem, it 
may provide information pertaining to the mechanics of profenofos toxicity.   
 
Much of the information pertaining to insecticide modes of action, metabolism and 
detoxification routes has come from research into insecticide resistance. Resistance strategies 
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employed by organisms provide valuable information for the future protection of non-target 
organisms while increasing the efficacy of pest control methods. Alterations to enzyme and 
membrane functioning appear to be inextricably linked with organophosphate insecticide 
resistance and toxicity. Resistance to profenofos has been attributed to insensitive 
acetylcholinesterase (Gunning et al., 1998). Differences in Km and Vmax between resistant and 
susceptible strains of H. armigera to chlorpyrifos, methyl parathion and profenofos lead the 
same authors to suggest that there are at least two forms of AChE, one of which is a mutant. 
 
2.11.1 Mode of action and metabolism/detoxification 
 
Profenofos, like most OP insecticides, targets the central nervous system, specifically by 
inhibiting the normal functioning of cholinergic pathways. Hamadain and Chambers (2001) 
argue that the inhibition of acetylcholinesterase (AChE) in the cholinergic synapse of the 
nervous system is the primary mechanism of acute toxicity of organophosphate insecticides. 
Inhibition of AChE has been widely used to diagnose and evaluate OP poisoning in birds, 
mammals, fish and invertebrates (Mineau, 1991). Correlations between depressed AChE 
levels and manifestations of toxic effect have been reported for OP insecticides (Goodman et 
al., 1979; Lockhart et al., 1985; Inbaraj and Haider, 1988). The degree of depression of 
AChE activity is related to the concentration of the inhibiting compound, its specific nature, 
and the degree of exposure (Inbaraj and Haider, 1988). 
 
Acetylcholine (ACh) is a neurotransmitter of many interneural, neuromuscular and other 
cholinergic effector synapses that relays electrical signals in chemical form, with 
transduction back to electrical signal at the postsynaptic membrane (Abercrombie et al., 
1992). ACh is stored in synaptic vesicles within axon terminals and is released in quantal 
fashion in response to calcium ion uptake on arrival of an action potential (AP). ACh then 
diffuses across the synaptic cleft and binds to receptor sites on the postsynaptic membrane. 
The receiving ion channels of the postsynaptic membrane open, allowing an influx of 
positively charged ions into the cell, thereby initiating membrane depolarisation.  
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Following nervous transmission, ACh is quickly hydrolyzed to choline and acetate by the 
enzyme acetylcholinesterase (AChE), which is generally present in the synaptic cleft, near 
the surface of the postsynaptic membrane. The enzymatic destruction of ACh terminates its 
effect on the postsynaptic membrane and the breakdown products choline and acetate are 
consequently reabsorbed by the presynaptic endings (Eckert et al., 1988). The inhibition of 
AChE results in the accumulation of acetylcholine in synapses and neuromuscular junctions, 
with subsequent hyperactivity of cholinergic pathways (Chambers and Dorough, 1994, Seno 
et al., 1998). This situation either prevents repolarisation of the postsynaptic membrane or, in 
many types of synapses, causes inactivation of the ACh receptors, so that the postsynaptic 
channels remain closed despite presynaptic release of ACh. In either case, the normal 
functioning of the nervous and neuromuscular systems is disrupted, and death ensues rapidly 
(Eckert et al., 1988).  
 
The speed and level of AChE inhibition induced in aquatic organisms following exposure to 
profenofos may provide indirect evidence supporting the primary role of these enzymes in 
profenofos toxicity. Byrne and Devonshire (1991) found that in vivo inhibition of esterase 
enzymes by profenofos occurred between 2 and 24 h while Gunning et al., (1999) showed 
that profenofos inhibition of esterase activity occurred primarily between 4 and 8h after 
treatment, with 70% esterase inhibition at 8 h. However, recovery of enzyme activity to 80-
90% was rapid, although not complete until 72 h following treatment. Brown and Brix (1998) 
argue that the neurotoxicity of profenofos induced via AChE inhibition (acute cholinergic 
syndrome, [ACS]) occurs within a few minutes to a few hours. Recovery of AChE levels 
may be species specific as indicated by Kumar and Chapman (2001) who found that bony 
bream (Nematalosa erebri) (Gunther, 1868) and gravid female mosquitofish (Gambusia 
holbrooki) recovered AChE levels more slowly than carp (Cyprinus carpio) or non-gravid 
mosquitofish. The same authors observed faster recovery of AChE levels in fish from creeks 
compared with lagoons, indicating that environmental factors may also play a role in AChE 
mediated toxicity. 
 
Despite the growing number of studies emphasizing the importance of profenofos and other 
OP insecticides as potent AChE inhibitors, Wing et al., (1984) found profenofos to be a poor 
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AChE inhibitor, taking upto 4 h to display any inhibitory effects unless activated to its S-
oxide form. The inhibition of AChE, however, may not be synonymous with toxicity when 
dealing with OP insecticides. Lockhart et al. (1973) failed to detect any AChE inhibition in 
caged rainbow trout (Onchorynchus mykiss) following application of 280 g fenitrothion per 
hectare, in spite of the accumulation of body residues up to 1.8 mg/kg. Similarly, no enzyme 
inhibition was found in caged sheepshead minnows (Cyprinodon variegates) following 
thermal fogging and ultra low volume spraying of malathion (Tagatz et al., 1974). In a study 
of five OP insecticides only profenofos toxicity was observed to have a high correlation with 
AChE inhibition (Hamadain and Chambers, 2001). This observation was validated by the 
high correlation between toxicity and percentage AChE inhibition in eastern rainbowfish 
exposed to profenofos (Kumar and Chapman, 1998). 
 
The inhibition of enzymes other than AChE have been proposed as secondary targets for the 
action of OP insecticides. Amidases, which catalyze the hydrolysis of amide linkages, 
hydrolyze certain amide-containing organophosphorous insecticides contributing to OP 
insecticide detoxification. The inhibition of fatty acid amide hydrolase (FAAH) (also known 
as anandamide amidohydrolase) may be a secondary target for the action of OP insecticides 
(Quistad et al., 2001). FAAHs are responsible for modulating endogenous signaling 
compounds affecting sleep and analgesia. Quistad et al., (2001) showed that profenofos 
administered at asymptomatic doses in mice inhibited brain FAAHs by 50%. Yu and Nguyen 
(1998) found that 0.1 nM profenofos completely inhibited carboxylamidase in the fall 
armyworm, Spodoptera frugiperda (Smith) while profenofos has also been recorded as a 
carboxylesterase inhibitor in termites (Ishaaya and Casida, 1980). The use of esterase 
inhibitors such as DEF (S,S,S tributylphosphorotrithioate) increased the toxicity of 
profenofos 7.2 times in the tobacco budworm Heliothus virescens, providing indirect 
evidence for the role of esterases in profenofos detoxification (Zhao et al., 1996). In contrast, 
Kanga and Plapp (1995) found that DEF had no observable effect on profenofos toxicity and 
argued that insensitive AChE was the major mechanism for profenofos resistance.  
 
A number of other enzymes are of importance when investigating the toxic effects of OP 
insecticides to non-target aquatic organisms. Enzymes such as aliesterases (AliE) and mixed-
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function oxidases (monooxygenase) have been shown to be important detoxifying enzymes 
of OP insecticides in channel fish (Ictalurus punctatus) (Straus and Chambers, 1995). AliE’s 
act as alternative phosphorylation sites for OP insecticides, thus reducing the concentration 
of insecticide available to inhibit AChE. The level of protection of AChE provided by AliE is 
presumably more effective at lower than higher OP concentrations. 
 
Levels of profenofos residue in fish reflect general levels of pesticide usage with strong 
correlations of residue with differences in lipid content, leading authors to speculate that the 
liver appears to be the target organ for profenofos (Kumar and Chapman, 2001). Similar 
observations have been reported for other OPs in fish (Barron et al., 1991; Ferrando et al., 
1992; Barron et al., 1993). Accumulation of profenofos was found to vary widely according 
to fish species, due to differences in lipid content, biology (trophic level and reproductive 
season), detoxification capabilities and ecology. 
 
2.11.1.1 Mode of action of profenofos in fish 
 
The toxicity of profenofos to fish is predominantly the result of AChE inhibition (Kumar and 
Chapman, 1998). Vittozzi and Angelis (1991) argue that in general, LC50s in fish are 
associated with 70-90% reduction in AChE activity for OP compounds. High levels of AChE 
inhibition are associated with the oxidization of profenofos to the more toxic oxon analog by 
the mixed-function oxidase (MFO) system. These oxons reach their site of action and 
phosphorylate AChE. Kumar and Chapman (1998) argued that the internal distribution and 
biotransformation of profenofos into toxic metabolites might be slower at higher toxicant 
concentrations (4000 µg/L) compared with the parent compound. Therefore, lower 
concentrations of profenofos may induce a proportionally greater response as a result of a 
higher proportion of oxidized profenofos metabolites. Lower levels of AChE inhibition at the 
higher profenofos treatment under laboratory conditions were consistent with this view 
(Kumar and Chapman, 1998). This conclusion is supported by the observations of de Bruijn 
et al. (1991) who observed that at low concentrations of chlorothion and methidathion (both 
OPs), a much lower lethal body burden (LBB) could be attributed to a more specific mode of 
action at lower concentrations due to effects on the biotransformation process. Laboratory 
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investigations determined that profenofos was rapidly metabolised in fish with half-lives of 
49-h in gills and liver in carp (Cyprinus carpio) (Linnaeus, 1758), respectively and 29 h in 
rainbowfish (Kumar and Chapman, 1998). 
 
Symptomatic poisoning of fish exposed to organophosphate insecticides are largely attributed 
to the inhibition of AChE. McKim et al.(1987) noted a loss of equilibrium, abnormal 
swimming patterns, heightened sensitivity to stimuli, increased respiration and convulsions in 
fish poisoned with AChE inhibitors. Sheepshead minnows (Cyprinodon variegatus) exposed 
to diazinon (Goodman et al., 1979) and the Asiatic catfish (Heteropneustes fossilis) poisoned 
by malathion (Singh et al., 1984) showed signs of abnormal pectoral fin extensions and 
responded excessively to external stimuli.  
 
While AChE inhibition appears to be the main focus of OP poisoning in fish, the suppression 
(and/or over-production) of other enzymes may also be responsible, in part, for the toxicity of 
OP insecticides. Bostrom and Johansson (1972) observed that the respiratory uncoupler, 
pentachlorophenol, altered energy metabolism in fish by uncoupling oxidative 
phosphorylation and suppressing the activity of pyruvate kinase, thereby reducing glycolysis. 
A consequence of this altered energy metabolism was an increase in the rate of respiration 
and lipid use. Kumar and Chapman (1998) observed hyperventilation and a 25% reduction in 
lipid content of rainbow fish exposed to profenofos.  
 
2.11.1.2 Mode of action of profenofos in insects 
 
Routine biochemical techniques and bioassays are used to determine esterase activity and 
changes in gene frequencies resulting from insecticide resistance. Esterase activity and 
insensitive AChE alleles may provide information on pesticide metabolism in insects and 
their modes of action. Synergistic studies provide indirect evidence for the role of esterases 
in the metabolism of OPs as well as the role of esterases in insect resistance.  
 
Using a model substrate (1-napthyl acetate), to determine total esterase activity, Devonshire 
and Moores (1982) were able to determine that an increase in the hydrolysis of the assay 
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reagent in the peach potatoe aphid, Myzus persicae, was due to increased levels of 
carboxylesterase (E4), a compound known to hydrolyze insecticidal esters. Dittrich et al. 
(1985) observed a high correlation between high napthyl esterase activity and OP and SP 
resistance in the tobacco whitefly, Bemisia tabaci (a major cotton pest in Africa, Asia and 
Central America) in Sudan, Guatemala and Nicaragua while Byrne and Devonshire (1991) 
showed that all observed esterases had been completely inhibited (with the exception of 
AChE activity, less than 20%) within 2 days in B. tabaci exposed to 50 g/ha (LD10) 
profenofos.  
 
Further evidence for the role of esterases in OP insecticide resistance/metabolism were 
discovered by Gunning et al. (1999) who observed esterase inhibition in the Australian 
cotton bollworm, (Helicoverpa armigera), exposed to sub-lethal concentrations of 
profenofos. Inhibition of esterase activity occurred primarily between 4 and 8 h following 
treatment, with 70% inhibition at 8h. Recovery from enzymatic inhibition, while incomplete, 
was in the order of 80-90%, 72 h following treatment. A corresponding < 20% inhibition of 
AChE activity and subsequent recovery, as with the esterase, was also observed. While initial 
delays in esterase inhibition are attributed to speed of penetration and temporal activation of 
profenofos to the S-oxide form, the factors responsible for incomplete recovery are, however, 
unclear. 
 
Insecticide resistance has been attributed, in part, to the over-production of esterase iso-
enzymes. Glutathione S-transferases (GSTs) have a well-documented role in OP metabolism 
and resistance (Whitten and Bull, 1974; Oppenoorth et al. 1977, 1979; Clark, 1989; Bhavan 
and Geraldine, 2001). Ibrahim and Ottea (1995) and Harold and Ottea (1997) showed that 
resistance in the tobacco budworm, Heliothis virescens (F.) to profenofos was highly 
correlated with significantly higher levels of glutathione S-transferase and α-naphthyl acetate 
(αNA), respectively, when compared with non-resistant strains. Using polyacrylamide gel 
electrophoresis (PAGE), Byrne and Devonshire (1991) observed that profenofos inhibited 
naphthyl esterase and AChE in a homogenous field strain of tobacco whitefly. Inhibiting the 
action of enzymes may increase the toxicity of profenofos by slowing down detoxification 
activity. 
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2.11.2 Application and Transport of profenofos into the aquatic environment 
 
OPs used to control H. armigera on cotton in Australia are chlorpyrifos, parathion and 
profenofos (Gunning et al., 1998). Profenofos is the most widely used OP pesticide in the 
cotton-growing regions of northern New South Wales and Queensland and is predominantly 
applied to crops by aircraft as the formulated product Curacron ® 500 PRO 
(www.yescotton.com/fact_curacronpro.htm). The cotton pesticides guide (Shaw and Harris, 
1999) recommended that profenofos be limited to three sprays (alone or in mixtures) during 
the latter part of the cotton growing season (Feb – May), repeated at intervals of five to ten 
days. The Curacron Flexi ® product manual (1999) ‘critical comments’ directions of use 
suggestion is to continue spraying at the recommended rate of 3-4 L/ha as long as 
Helicoverpa activity is in evidence. Six weeks after spraying had allegedly ceased, Kumar 
and Chapman (2001) recorded levels of profenofos in the field of 5.4 µg/L (Myall Vale, 
March 1994) in excess of an order of magnitude higher than EC50s reported for aquatic 
invertebrates (Kumar and Chapman, 1998). 
 
2.11.3 Organophosphorus toxicity  
 
Based on overseas data, Batley and Peterson (1992) ranked profenofos at the mid-range on a 
list of 12 priority cotton pesticides with respect to risk to aquatic organisms. The acute 
toxicity of aquatic organisms exposed to organophosphate insecticides is highly variable. In 
general, fish are less sensitive to OPs than invertebrates, however, within group toxicity is 
pronounced.  
 
2.11.3.1 Fish 
 
A summary of published  fish LC50s following exposure to profenofos ranged from 19-2500 
µg/L (ANZECC  & ARMCANZ, 2000). This degree of variation is supported by the findings 
of Vittozzi and Angelis (1991) for OP insecticides in general. The 96 h LC50 for the 
Australian eastern rainbowfish (a close phylogenetic relative of M. fluviatilis), M. duboulayi, 
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continuously exposed to profenofos was 910 µg/L (Kumar and Chapman, 1998). Published 
acute toxicity data suggest that fish are less sensitive to profenofos than aquatic insect larvae 
and crustaceans.  
 
2.11.3.2 Invertebrates 
 
Invertebrates appear to be more sensitive to profenofos than fish with 48 h EC50s of 0.002 
µg/L for Ceriodaphnia dubia, and 0.08 µg/L for Paratya australiensis (Kumar and 
Chapman, 1998). The apparent high toxicity and current paucity of ecotoxicological data on 
profenofos Q toxicity to aquatic invertebrates necessitates the urgency of future research with 
this compound. 
 
2.12 Pyrethroid insecticides 
 
2.12.1 History 
 
Pyrethrum is a naturally occurring chemical of the Iranian flowers Chrysanthemum 
cinerariaefolium and C. roseum (Tessier, 1982) Chinese farmers recognized the insecticidal 
properties of concentrated pyrethrum (pyrethrin) as early as the first century BC (Lhoste, 
1964 in Sattelle and Yamamoto, 1988). Pyrethroids, synthetic analogs of the pyrethrins, were 
first developed for the control of insect pests in the late 1940s (Schechter et al., 1949). The 
environmental instability of the natural pyrethroid esters prevented their widespread use in 
agriculture. The discovery in 1973 of permethrin, a photo-stable pyrethroid insecticide, 
intensified research by the agrochemical industry into this class of compounds. A number of 
photostable pyrethroids (eg. cypermethrin, deltamethrin) were released within the following 
decade and continue to increase in their use (Navickiene, 1997). Pyrethroids occupied 18-
19% of the sales of insecticide in the world in 1990-1994 (Chen and Wang, 1996). 
 
Synthetic pyrethroids are presently manufactured and registered as alternatives to OC, OP, 
and methylcarbamate insecticides that are considered to have high persistence, adverse 
environmental impact and/or toxic effects on mammals and birds (Casida, 1980; Spehar et 
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al., 1983). While some synthetic pyrethroids have been shown to be highly toxic to fish, 
insects and crustaceans, their low persistence in the environment, rapid elimination from 
tissue following the termination of exposure and low mammalian toxicity have made them 
more suitable for agricultural use (Spehar et al., 1983). The pyrethroids are widely used in 
field pest control and household use and as veterinary and human pediculicides, and are 
among the most potent insecticides known (Smith and Stratton, 1986). 
 
2.12.2 Pyrethroid groups 
 
Synthetic pyrethroids are partitioned into two groups based on chemistry (action) and 
symptomology. Depending on their alcohol substituent, Type 1 and Type 2 pyrethroids elicit 
specific neurological responses in organisms.   
 
Type 1 synthetic pyrethroid insecticides include a diverse group of compounds. The early 
non-phenoxybenzyl alcohols (eg. allethrin, pyrethrin, tetramethrin) were environmentally 
unstable and consequently unsuitable for agricultural application. The evolution to 
phenoxybenzyl (eg. permethrin) and halogenated alcohols (eg. tefluthrin) improved their 
chemical stability and were widely accepted into the agricultural management of pest control 
(Bloomquist & Barlow, 1996). 
 
Type 2 pyrethroids all contain a α-cyano-3-phenoxybenzyl alcohol. The inclusion of a α-
cyano group on the benzylic carbon stabilises the ester bond against hydrolysis. This 
chemical specificity increases the insecticidal activity of the Type 2 pyrethroids 
approximately 10-fold. A number of Type 2 pyrethroids (eg. fenvalerate and fluvalinate) 
incorporate a phenyl ring into the acid portion of the molecule. The most toxic of the Type 2 
pyrethroids, deltamethrin, is unique in that its structure incorporates a dibromo ester. There 
are however, exceptions to the general rule of pyrethroid classification. Fenpropathrin and an 
oxime O-α-cyanophenoxybenzyl ether are classified as Type 1 based on the cockroach cercal 
sensory nerve action but the symptoms observed resemble those normally attributed to Type 
2 compounds (Sattelle and Yamamoto, 1988). 
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2.12.3 Symptomology 
 
Intoxication by pyrethroid insecticides falls under two poisoning syndromes. The first 
syndrome is that induced by Type 1 pyrethroids and includes hyper-excitability and 
convulsions in insects and body tremor in mammals. Response to Type 1 compounds 
involves the following behavioural sequence of hyperactivity, in coordination, knockdown, 
paralysis and death. All but the last of these states are transient and therefore reversible, 
although the possibility of recovery diminishes along the sequence. Type 2 symptomology in 
insects include ataxia and in coordination while choreoathetosis, salivation followed by 
opisthotonus and terminal seizures is noted in mammals. Type 2 responses involve the 
relatively slow onset of paralysis, followed by death; hyperactivity, in coordination and ‘true’ 
knockdown are not observed (Ford et al., 2002). 
 
2.12.4 Mode of action of pyrethroids 
 
Knowledge of the molecular targets of pyrethroids is required to investigate; potential 
deleterious effects to non-target organisms, insecticide resistance, and for the development of 
new compounds. Detailed evidence suggests that the primary locus of synthetic pyrethroid 
action in vertebrates and insects is the nervous system (Corbett et al., 1984). 
Electrophysiological studies by Narahashi and Anderson (1967) first described the pyrethroid 
mode of action on voltage-dependent sodium (VD Na+) channels. Interference with the 
normal operation of voltage-gated sodium channels of the nerve membrane appears to be the 
basis for the neurotoxicity of synthetic pyrethroids. Although pyrethroids are considered to 
act at a site on the voltage-dependent sodium channel, the exact site of binding is not known 
with certainty (Ford et al., 2002). 
 
Type 1 pyrethroids act on sodium channels in nerve membranes by prolonging the time they 
maintain the open state, resulting in the enhancement of a depolarising after-potential to the 
threshold level for the production of action potentials in the nerve. This repetitive neuronal 
discharge or ‘firing’ of nerve impulses across the synaptic cleft is consistent with the 
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symptoms of excitability and tremor exhibited by insects and mammals. The presynaptic 
nerve terminals of the central nervous system (CNS) and peripheral ganglia are the most 
sensitive sites (Calore et al., 2000). 
 
In the presence of Type 2 pyrethroids, sodium channels of the nerve membrane remain open 
for a much longer period of time compared with Type 1 compounds. Using step 
repolarisation of voltage clamped nerve fibers, Vijverberb (1985), demonstrated that sodium 
tail currents produced in the presence of Type 2 pyrethroids had far greater time constants 
than Type 1 pyrethroids. In the case of the most toxic (Mourot et al., 1979; Bocquet and 
L’Hotellier, 1985) of the Type 2 pyrethroids, deltamethrin, the sodium channels remain open 
indefinitely, depolarising the nerve membrane so that the resting membrane potential is 
reduced to a point where action potentials are no longer generated.  This depolarising nerve 
block induced by exposure to deltamethrin was observed in the leg nerves of the crab, 
Myxicola (Duclohier and Georgescauld, 1979).  
 
Pyrethroids have also been shown to act on the GABAA receptors of both vertebrates and 
invertebrates, inhibiting stereospecifically TBPS binding and the GABA regulated Cl- influx 
(Narahashi and Chambers, 1989). However, the poor correlation between GABAA receptor 
inhibition and toxicity and the higher concentrations required to elicit a response compared 
with the Na+ channel, suggests that the GABAA receptor is generally a secondary target for 
pyrethroid toxicity. The action on GABAA receptors could potentiate the effects of 
pyrethroids on Na+ channels resulting in higher levels of excitation. 
 
Evidence that OP esterase inhibitors make excellent pyrethroid synergists has provided 
additional evidence that pyrethroid resistance in Helicoverpa armigera is due to esterase 
detoxification and the increased production of these enzymes. The role of the esterase 
appears to be the sequestration of insecticide (Gunning et al., 1999). 
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2.12.5 Pyrethroid toxicity 
 
It is generally accepted that synthetic pyrethroids are not acutely toxic to mammals and birds 
(Bradbury and Coats, 1982; Casida et al., 1983; Larson et al., 1985; Smith and Stratton, 
1986) at environmentally realistic concentrations. Aquatic species however, are much more 
sensitive to the effects of pyrethroids than terrestrial vertebrates. Most pyrethroids are highly 
toxic to fish with reported LC50s generally less than 10 µg/L. Cypermethrin was found to 
have LC50s of 1.2, 0.9 and 0.5 µg/L in brown trout (Salmo trutta), carp (Cyprinus carpio) 
and rainbow trout (Onchorynchus mykiss), respectively (Stephenson, 1982). In studies using 
the fathead minnow LC50s of 0.2 µg/L for flucythrinate (Spehar et al., 1983), 1.1 µg/L for 
fenvalerate (Bradbury et al., 1987) and 16 µg/L for permethrin were observed. A 
comprehensive list of pyrethroid toxicities to fish species is outlined in Thomas (2001). 
 
Pyrethroids have also been shown to be highly toxic to aquatic insects and crustaceans with 
LC50s often less than 1 µg/L. The National Research Council of Canada (NRCC, 1986) 
reported 24 h LC50s of 0.02 to 13 µg/L for mosquito and midge larvae exposed to 
deltamethrin, cypermethrin, fenvalerate and permethrin. Deltamethrin and cypermethrin have 
96 h LC50s approximating 0.01 µg/L for lobster and shrimp (Zitko et al., 1979; McLeese et 
al., 1980). 
 
2.13 Deltamethrin 
 
2.13.1 General 
 
Deltamethrin (Decamethrin), (1® [1a(S*), 3a]–cyano–(3-phenoxyphenyl) methyl 3-(2,2-
dibromoethynyl)-2,2 dimethylcyclopropanecarboxylate) is a synthetic pyrethroid insecticide 
developed by Rousel Uclaf in 1974 (Elliot et al., 1974). Deltamethrin is an ester of the 
dibromo analog of chrysanthemic acid with (S)-a-cyano-phenoxybenzyl alcohol (Pawlisz, 
1988). It is resistant to thermal degradation, photolysis, and volatalization (WHO, 1990) and 
is more stable in acidic media. Technical grade deltamethrin is an odourless, white powder 
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soluble in organic solvents such as acetone. Deltamethrin has very broad-spectrum control, 
with very good residual activity for outdoor uses. The formulated product Decis forte ® is 
applied to over 500,000 ha in Australia, and 40 million ha worldwide, annually (Harris and 
Shaw, 1999). 
 
2.13.2 Deltamethrin chemistry 
 
The chemical structure of deltamethrin (1® [1a(S*), 3a]–cyano–(3-phenoxyphenyl) methyl 
3-(2,2-dibromoethynyl)-2,2 dimethylcyclopropanecarboxylate [Figure 2.3]) provides for 
exceptional stability of the ester bond to acidic cleavage while possessing the advantage of 
the great lability of the benzyl hydrogen atom. It is, however, important to note that any 
treatment of deltamethrin in mild alkaline solution causes racemisation of the benzyl center 
accompanied by a 50% reduction in insecticidal activity. Pyrethrins have 3 asymmetric 
(chiral) centers allowing for the synthesis of 8 stereoisomers (4 diasterioisomers, each having 
two enantiomeric forms). Current evidence suggests that deltamethrin 1’, and to a lesser 
extent its (1R, 3S) or (1R)-trans, diastereoisomer are the only two products that show 
insecticidal activity (Casida 1980). 
 
 
 
 
Figure 2.3. The chemical structure of the Type 2 pyrethroid, deltamethrin [1 isomer]. 
(Reproduced from Erstfeld, 1999). 
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Deltamethrin is a broad-spectrum insecticide used to control agricultural pests, vectors of 
human diseases such as malaria, and for the eradication of mites on bovine species. In 
Australia, deltamethrin is registered for use against cotton insect pests. The high toxicity and 
stability of deltamethrin have made it an important component of many IPM strategies, 
particularly those involved with cotton. 
  
Current legislation permits deltamethrin to be applied to cotton crops twice in any one season 
(10 Dec – end Jan), with a limit of two consecutive sprays either alone or in mixtures (Harris 
and Shaw, 1999). The interval between consecutive applications and additional compound 
mixtures of deltamethrin are unclear. The cotton pesticides guide does, however, recommend 
that no insecticide be applied during a rain event.  
 
2.13.3 Metabolism 
 
The toxic effect of deltamethrin to aquatic organisms is dependent on the route and rate of 
entry into the organism, distribution, biotransformation and elimination of any degradation 
products. 
 
Although the major site of action of deltamethrin has been shown to be voltage-dependent 
sodium channels (Chinn and Narahashi, 1986), an action on alternative sites may contribute 
to its toxicity. The inhibition of voltage dependent chloride (Forshaw and Ray, 1990, 
Forshaw et al., 1993) and calcium (Symington et al., 1999) channels, and an action on the γ-
aminobutyric acid (GABA) receptor-ionophore complex (Ramadan et al., 1988) may 
contribute to deltamethrin toxicity. Such interference with ion channel gating may lead to 
changes in synaptic concentrations of neurotransmitters and their availability to receptor 
sites. 
 
Elevated levels of the neurotransmitters, dopamine and glutamate are known to be neurotoxic 
and could underlie deltamethrin-induced neuronal insult (Kirby et al., 1999). Deltamethrin 
has been associated with inducing effects on striatal dopaminergic neurotransmission by 
increasing dopamine uptake in striatal synaptosomes by up to 70% (Bloomquist et al. 2002). 
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De la Cerda et al. (2002) observed that deltamethrin increased action potential duration and 
produce kinetic changes in cardiac sodium channels similar to those induced by pyrethroids 
on sodium channels of nerve membranes. While deltamethrin may influence the operation of 
other systems, it predominantly acts on sodium channels of the nervous system. 
 
2.13.3.1 Mammals 
 
In mammals, pyrethroids are hydrolysed and oxidized via enzyme mechanisms. An 
investigation of mouse liver microsomal enzymes (Soderland and Casida, 1977) indicates 
that deltamethrin is metabolised slower than most pyrethroids. The secondary nature of the 
deltamethrin alcohol moiety, the cis configuration of the cyclopropanecarboxylic acid and the 
presence of two bromine atoms appear to explain much of the slow biodegradability of 
deltamethrin (Tessier, 1982). Biotransformation studies conducted by Shono et al. (1979) 
showed that 28, 41, and 75% of deltamethrin metabolised by esterase alone, oxidase alone, 
and esterase and oxidase combined, respectively. Viran et al. (2003) argue that the main 
reaction involved in the metabolism of deltamethrin, cypermethrin, or cyhalothrin in mice 
and rats is ester cleavage, mainly due to the action of carboxylesterase. 
 
Calore et al. (2000) noted that axonal damage to Schwann cells of the myelin sheath in 
Wistar rat neurons is transitory and rapidly reversible after discontinuation of treatment. The 
morphological changes observed in the peripheral nerves of deltamethrin-induced 
neurotoxicity described by Calore et al. (2000), are different from those observed in the 
delayed neurotoxicity caused by OPs in many aspects. In deltamethrin neurotoxicity, the 
distal and proximal nerves are equally involved while the neurotoxicity caused by 
organophosphates is irreversible and the histological changes caused by deltamethrin were 
scarce and transitory (Calore et al.2000). 
 
Electroencephalographic studies by Ray (1982 in Clark and Brooks 1989) have shown that 
alpha-cyano pyrethroids exert a highly selective action at the caudate nucleus in the corpus 
striatum of the rat brain. Increased caudal blood flow caused by intraperitoneal 
administration of deltamethrin preceded the development of electroencephalogram spike 
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discharges and the development of motor symptoms typical of those caused by Type 2 
pyrethroids. Using bioassays Clark and Brooks (1989) demonstrated that the release of 
norepinephrine in the rat brain was enhanced by deltamethrin. These results are supportive of 
the highly sensitive action of deltamethrin at pre-synaptic nerve terminals in the central 
nervous system (CNS) and the involvement of voltage-dependent calcium channels. 
Exposure to this class of insecticides results in repetitive firing of the nerve endings in 
conjunction with increased and sustained membrane action potentials that overwhelm the 
muscular neurotransmitters resulting in paralysis and death.  
 
At least five distinct binding sites on mammalian sodium channels have been identified 
(Catterall, 1988). Rubin and Soderlund (1992) noted striking interspecies differences in the 
effects of deltamethrin on the lipophylic activators aconitine (ACN) and veratridine (VTD). 
While deltamethrin enhanced VTD-dependent depolarisation in rat and fish brain 
synaptoneurosomes, it inhibited ACN-dependent depolarisation in rats and had no effect on 
trout. As a result of these observations, the existence of additional binding sites has been 
proposed to account for the action of pyrethroid insecticides in fish (Eells, 1988). 
 
2.13.3.2 Fish. 
 
As with other lipophilic insecticides such as the organochlorine compounds, pyrethroids in 
water partition directly into the gills and thence the blood stream of fish where they exert a 
powerful action (Briggs et al., 1983; Coates et al., 1989; Viran et al., 2003). Ionic 
homeostasis in fish is largely regulated by the transepithelial potential of the gill and by 
active transport processes involving enzymes, such as ATPases. Inhibition of neural-calcium 
ATPase and calcium-magnesium ATPase was observed in organisms exposed to 
deltamethrin (Casida et al. 1983). Sayeed et al., (2003) determined gills to be the primary 
sites of deltamethrin absorption and that deltamethrin has oxidative-stress-inducing potential 
in Channa punctatus, with gills being the most sensitive organs. Deltamethrin also induced 
lipid peroxidation in all the tissues, with gills showing the highest levels. 
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As one mode of action is involved with ionic regulation by ATPases, it may be that, in 
addition to direct nerve toxicity, deltamethrin causes an osmoregulatory imbalance. This 
secondary osmotic stressor may help explain the susceptibility of fish to pyrethroid 
intoxication (Symonik et al., 1989). Direct damage to the gill epithelium caused by acute 
doses of toxicant may also produce internal hypoxia so that the fish suffers from a lack of 
oxygen. Gill damage may also cause a severe loss of osmoregulatory ability so that an 
electrolyte imbalance occurs simultaneously with the internal hypoxia. Thus, it becomes 
clear that death may be caused by more than one mode; many induced by the initial damage 
to the gills (Heath, 1987). The relatively slow rate of pyrethroid elimination (Bradbury et al., 
1986; Glickman et al., 1981; Edwards and Millburn, 1985) may be partly responsible for the 
sensitivity of fish to synthetic pyrethroid insecticides.  
 
Rubin and Soderlund (1992) employed radio-sodium flux assays in an attempt to characterize 
the pharmacological properties of trout brain voltage-sensitive sodium channels and to define 
the response of those channels to deltamethrin. The results demonstrated the presence of 
functional sodium channels in trout brain synaptoneurosomes that contrast many of the 
pharmacological properties of mammalian voltage-sensitive sodium channels. 
 
In vitro studies provide evidence that trout tissue homogenates exhibit reduced esterase 
activity (Glickman and Lech, 1981) and lower monooxygenase activity (Glickman et al., 
1982) toward pyrethroids than comparative mammalian tissue preparations. These 
toxicokinetic differences may explain some of the hypersensitivity of fish to pyrethroid 
activity. Deltamethrin was inhibitory to the monooxygenase system of carp liver (Cyprinus 
carpio L.) at the higher concentration of 2 µg/L. The low concentration of 0.2 µg/L resulted 
in faster metabolism of deltamethrin and was elevated as induction of hepatic microsomal 
cytochrome P450-dependent monooxygenases (Deér et al., 1996). An increase in cytochrome 
P450 sequences were observed in resistant mosquito Culex pipiens pallens, providing 
indirect evidence for the role of this system in deltamethrin metabolism (Shen et al., 2003). 
Deltamethrin resistance in a West African strain (BK99R9) of H. armigera was correlated 
with an increase of mixed function oxidase (Martin et al., 2002). 
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Rubin and Soderlund (1992) argue that behavioural symptoms associated with pyrethroid 
intoxication are well correlated with threshold concentrations of pyrethroid in the brain, 
irrespective of exposure route. As these threshold levels are significantly lower in trout than 
in mice and quail Edwards and Millburn, 1985) the hypersensitivity of fish to pyrethroid 
intoxication is due, in part, to an increased sensitivity of the piscine nervous system to these 
compounds. A recent study (Viran et al., 2003) attributes the high sensitivity of fish to 
pyrethroids with deficiencies in the enzymatic system that hydrolyses these insecticides. 
 
2.13.3.3 Insects  
 
Non-target insect species and crustaceans are likely to be sensitive to the effects of pyrethroid 
insecticides as a result of their close phylogenetic relationship with target insect species. 
Signs of pyrethroid intoxication in insects are rapid and include loss of coordinated 
movement, periods of convulsive activity, and ultimate paralysis. Deltamethrin kills insects 
on contact and through ingestion, with death apparently due to irreversible damage to the 
nervous system occurring when poisoning lasts more than a few hours (Extoxnet, 
1995).Using the cockroach cercal nerve-fiber synapse (Hue and Mony, 1987) and motor 
nerve terminals of knock down resistant (kdr) house flies, Salgado et al. (1983) demonstrated 
that deltamethrin facilitated synaptic transmission via enhanced neurotransmitter release, 
followed by conduction block due to neurotransmitter depletion. These symptoms are 
consistent with those induced by the Type 2 pyrethroids. 
 
Deltamethrin poisoning in insects causes intense agitation followed by knockdown and 
general paralysis. During the knockdown phase, the insect either regains movement or dies 
(L’Hoste and L’Hotellier, 1982). Schuler et al. (1990) argue that detoxification of pyrethroid 
insecticides by microsomal P450-dependent monooxygenases has been considered the 
principal mechanism of pyrethroid resistance in the diamondback moth, Plutella xylostella 
(L). 
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2.13.4 Routes of degradation. 
 
Major routes of degradation or dissipation of parent deltamethrin (1’-deltamethrin) in natural 
water are chemical and photochemical conversion to a mixture of active and inactive 
stereoisomers, hydrolysis and oxidation. Parent deltamethrin in natural water is subject to 
cis/trans isomerization yielding the α-S, IS cis isomer 2’-deltamethrin, which is inactive 
against mice and insects. Photolysis via sunlight is only a partial detoxification step as, 
although it produces the inactive 2’-deltamethrin isomer and the inactive α-S, IS trans isomer 
4’-deltamethrin, it also produces the α-S, IR trans isomer 3-deltamethrin, which does retain 
some toxicity toward mice, insects and Daphnia magna.  
 
Field studies using small ponds have shown that cypermethrin (Crossland, 1982), permethrin 
(Rawn et al., 1982), and deltamethrin (Tooby et al., 1981; Muir et a., 1985) are rapidly 
absorbed to particulate matter, vegetation and sediments. In the absence of these organic 
sinks, laboratory tests may over-estimate the toxicity of insecticides to aquatic organisms. 
 
Tooby et al. (1981) observed that the half life of deltamethrin in pond water was less than 
one day. A comprehensive investigation of the distribution and fate of radio-labeled 
deltamethrin injected beneath the water surface conducted by Muir et al. (1985) 
demonstrated that deltamethrin rapidly partitioned from water into suspended solids, plants, 
and sediment, with a half life of 2 to 4 hours in water. Environmentally realistic field 
experiments conducted by Maguire et al. (1989) found that formulated deltamethrin sprayed 
on a pond disappeared quickly, with a half-life of 1 h. However, under laboratory conditions 
the same compound had a half-life of 2 days. Maguire et al. (1989) concluded that 
volatilization of formulated deltamethrin on the water surface may be an order of magnitude 
faster than from sub-surface water. 
 
The lipid water partition behaviour, represented by log10 of the octanol-water partition 
coefficients (Log KOW) and their water solubilities explain some aspects of the behaviour of 
pyrethroids to aquatic organisms. Deltamethrin has a Log Kow value of 6.4. This value is 
sufficiently high to lead to strong adsorption to soil or glassware and supports the notion by 
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Briggs et al. (1983) that the undesirable dispersion of deltamethrin throughout the 
environment by leaching is very improbable. The major route of deltamethrin contamination 
of aquatic environments is likely via spray drift or direct application. 
 
Deltamethrin is applied aerially and via ground spraying. Off-target deposition of 
deltamethrin during aerial application ranged from 21-72% (Hill and Kinniburgh, 1984 in 
Pawlisz 1998). Hill (1989) estimated that spray drift deposits were 5, 0.4 to 1, and 0.02% of 
the field spray rate at 10, 100, and 1000 m from the area of application, respectively.  
 
2.13.5 Ecotoxicological information 
 
Canadian Water Quality Guidelines (CWQG) for deltamethrin (Pawlisz et al., 1998) outlines 
estimates of toxicity of deltamethrin to freshwater life ranging from 0.0001 µg/L (48 and 96 
h NOEC for immobilisation of Daphnia magna) to 1700 mg/L (EC50 for photo-inhibition of 
Selanastrum capricornatum. A number of Australian studies have shown that larval native 
fish (Davies et al., 1994; Holdway et al., 1994; Barry et al. 1995b; Barry et al. 1995c; 
Thomas, 2001) and macroinvertebrates (Thomas, 2001) are highly sensitive to pyrethroids, 
including deltamethrin. 
 
2.13.5.1 Fish 
 
Published laboratory trials indicate that juvenile fish are very sensitive to the toxic effects of 
continuously exposed pyrethroids, with 96 h LC50s in the low parts per billion (Mulla et al., 
1978; McLeese et al. 1980; Spehar et al., 1983; Haya, 1989; Mestres and Mestres. 1992). 
Zitko et al. (1979) argue that decamethrin (deltamethrin) is extremely lethal to juvenile (10 
cm) Atlantic salmon with a 96 h lethal threshold of 2 µg/L while Koprucu and Aydin (2004) 
recorded an LC50 of 0.074 µg/L for larval carp, Cyprinus carpio L. continuously exposed to 
deltamethrin. The 48 h LC50 for guppies, Poecilia reticulata, was estimated as 5.13 µg/L 
(Viran et al., 2003).  
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While fish appear to be sensitive to the toxic effects of deltamethrin under laboratory 
conditions, this sensitivity has not been confirmed under field conditions (L’Hotellier and 
Vincent 1986).  Mulla et al. (1978) argue that under field conditions deltamethrin is not toxic 
to fish. Hydrobiologists from The World Health Organisation (WHO) support the idea that at 
‘insecticidal rates’ deltamethrin is ‘not toxic to fish’ (Bocquet and L’Hotellier, 1985). 
Although under field conditions deltamethrin is considered to pose less risk due to its high 
adsorption to soil, deltamethrin’s bioconcentration factor (stated as 698X by the US EPA, 
www.epa..gov/scripoly/sap/1999/february/pyreth.pdf.) should be considered when assessing 
potential ecosystem risk. 
 
Results from static-exposure experiments indicated that emulsifiable concentrates (EC) of 
pyrethroids are 2.2 to 8.5 times more lethal to juvenile Atlantic salmon than technical grade 
forms (Zitko et al., 1979). Despite an observed lethal effect at 1 µg/L (96 h LC50) of Salmo 
furio exposed to deltamethrin, Francois et al. (1982) argue that doses of 100 µg/L for 1 h are 
tolerated by fish.  
 
The sensitivity of fish to pyrethroids, compared with other vertebrates, has been explained on 
the basis of relative rates of biotransformation. That is, as the rate of biotransformation of the 
pyrethroid decreases, the toxicity increases. In most vertebrates the major route of 
biotransformation is the hydrolysis of the ester followed by conjugation and excretion of the 
conjugates in the bile, hydroxylation of the aromatic or alkyl substituents being a minor route 
(Haya, 1989). The presence of a cis configuration of the 1,3 substituents of the cyclopropyl 
ring and of an alpha-cyano substituent greatly reduce the rate of hydrolysis. Fish appear to be 
deficient in the enzyme system that hydrolyzes pyrethroids. The main route for the excretion 
of pyrethroid metabolites in fish is the bile (Edwards et al., 1986 in Haya 1989). The major 
metabolites of deltamethrin were three orders of magnitude less toxic to rainbow trout and 
several other fish species than the parent pyrethroid (Hill 1985 in Haya 1989). 
 
Hyperexcretion of mucous by rainbow trout led Bradbury (1987) and Symonik et al. (1989) 
to argue that changes in the respiratory surfaces of fish are induced by pyrethroids. 
Alterations to gill structure may have deleterious effects to individual fish as a result of 
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inhibiting efficient oxygen uptake and related physiological mechanisms such as ion 
regulation and osmotic balance.  
 
2.13.5.2 Invertebrates 
 
Crustaceans, molluscs and insects are very sensitive to the toxic effects of deltamethrin with 
published laboratory LC50s of 0.003 to 1.01 µg/L (Mulla et al., 1978, Zitko et al., 1979, 
ANZECC  & ARMCANZ, 2000). The LC50s for 3 species of chironomid larvae exposed to 
deltamethrin ranged from 0.07 to 1.1 µg/L (Ali and Mulla, 1978 in Anderson 1989). Alberdi 
et al. (1990) recorded an LC50 of 1.25 µg/L in the Argentinean cladoceran, Daphnia 
spinulata while Day (1991) determined an LC50 of 0.05 µg/L for Daphnia magna 
continuously exposed to technical grade deltamethrin under laboratory conditions. The 
Canadian Water Quality Guidelines for Deltamethrin (Pawlisz et al. 1998) show that the no 
observed effect concentration (NOEC) of continuously exposed deltamethrin to D. magna is 
0.0001 µg/L. In a study of the effects of deltamethrin on aquatic fauna in floodplain forests 
and irrigated pasture sites, Rettich (1980 in Day 1989) found that cladocerans were 
eliminated by deltamethrin applications of 0.2 to 0.5 µg/L. These data validate the claim of 
high toxicity of deltamethrin to insects and crustaceans under laboratory and field conditions.  
 
The oligochaetes: Tubifex tubifex and Limnodrilus udekemianus are also very sensitive to 
formulated deltamethrin (Decis 2.5 EC in mg %) with 50% death recorded at 0.0025 mg% 
(Jordan, 1986). Kontreczky et al. (1997) noted that 1 µg/L of deltamethrin (in the form of 
Decis 2,5 EC) increased the filtration rate of the freshwater mussel, Anodonta cygnea L., 
while concentrations in excess of 10 µg/L inhibited filtration. These concentration dependent 
inhibitory effects led Kontreczky et al. (1997) to conclude that deltamethrin contamination is 
dangerous to the aquatic ecosystem, and this fact should be taken into consideration when 
this insecticide is used in agriculture or in the control of mosquitoes.  
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2.13.6 Effects on other trophic levels. 
 
Exposure of pond microcosms to 13 µg/L deltamethrin led to the elimination of all species of 
cladocerans, rotifers and copepods within 24 h. This total loss of filter-feeding zooplankton 
indirectly led to a phytoplankton bloom. Two months post-treatment saw the re-colonization 
of the pond with original zooplankton with the addition of a new and dominant species of 
daphnid (Tidou et al., 1992). 
 
Deltamethrin was applied to two prairie ponds in Canada at the normal agricultural dosage of 
5.2 and 5.9 g A.I./ha. At these rates the chironomid larvae were reduced to 1% of their pre-
treatment numbers. A concurrent study on mallard duckling growth and mortality indicated 
that ducklings on pond 1 gained weight at a slower rate and had a higher mortality rate than 
those on control ponds, probably as a result of reduced invertebrate prey densities (Morrill 
and Neal, 1990). 
 
2.13.7 Field concentrations 
 
Concentrations of endosulfan and profenofos have frequently been recorded in the low parts 
per billion in the Australian aquatic environment (Peterson and Batley, 1991; Kumar and 
Chapman, 1998) with both implicated in fish kill events. (Mann 1989) claimed that fish kills 
have occurred at endosulfan concentrations as low as 0.9 µg/L. Endosulfan was the pesticide 
most often implicated in fish kill events from Queensland and NSW (Napier et al., 1998). 
Records of deltamethrin in the aquatic environment are limited to samples recorded from 
artificial pond systems. The rapid degradation of deltamethrin in the field and lack of routine 
testing have contributed to its scarcity in recorded field data. 
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2.14 Insecticide mixtures 
 
2.14.1 General 
 
Natural selection for increased production of esterases and/or decreased sensitivity to 
technical grade and formulated products by insects has led to significant insecticide 
resistance problems globally (Gunning and Easton, 1994; Martin et al., 2002). Management 
strategies employed to reduce pest damage to crops by restricting insecticide resistance 
include the mixing of insecticides from within and between pesticide groups in an attempt to 
increase their efficacy. 
 
The impact of single chemicals on the survival and fitness of freshwater organisms has 
received a great deal of attention in the literature. In a survey of 150 studies, Yang (in 
Pollack, 1997) found that approximately 95% of the papers dealt with single chemicals or the 
effects of a pre-treated chemical on the effects of another chemical. If “pesticides occur in 
mixtures more frequently than not” (Chambers and Dorough, 1994), or ‘always’ as suggested 
by Pollack (1997) and that the toxicity of individual pesticides in a mixture are in the 
majority of cases, additive (Sprague, 1973; US EPA, 1986; EIFAC, 1987; Boedeker, 1993), 
then clearly the current guidelines, based on the toxicity of individual chemicals do not 
provide adequate protection for community health or wildlife (Pollack, 1997).  
 
2.4.2 Cotton 
 
The high level of pesticide use on cotton has dramatically increased the selective pressure on 
cotton insect pests to resist the effects of these toxicants. Resistance mechanisms such as 
nerve insensitivity, metabolic detoxification involving oxidases or esterases, and penetration 
resistance have been described (Gunning et al., 1997; 1998; 1999). Such strategies have 
become increasingly problematic as many insects are now developing cross-resistance to 
chemically similar insecticides.  
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According to the Insecticide Resistance Management Strategy for Cotton (IRMSC, 2001) 
endosulfan, profenofos and deltamethrin may be applied individually or as mixtures during 
the cotton season. Consequently these toxicants may enter the aquatic environment either as 
mixtures or individually. The close proximity of cotton crops to one another, restricted 
spraying season, major insecticides used, similar sowing regimes and broad geographic 
migration of the major cotton pest, Heliothis, indicates that the use of these insecticides is in 
many instances concurrent. This assertion was supported by the simultaneous detection of 
endosulfan and profenofos in the Namoi River during the 1995/96 cotton season (Hyne et al., 
1998). Individually, these insecticides have been linked with significant fish kills over the 
past two decades. While there are no Australian data on fish kills as a result of exposure to 
deltamethrin, Nemcsok et al., (1999) reported that deltamethrin was responsible, in part, for 
the death of thousands of eels from Lake Balaton, Hungary during 1995. 
 
The use of insecticide mixtures to control pests is an integral component of IPM in Australia. 
There are a number of proposed advantages in applying insecticides as mixtures over the 
application of single insecticides. The ability of insects to resist the action of multiple 
insecticides and hence overcome toxic effects on different target sites is more difficult and 
energy-consuming than with single pesticides. Additionally, the ability of some insecticide 
mixtures to potentiate their toxicity saves costs by reducing the volume of active ingredients 
in formulated products. While the perpetuation of chemical mixtures in the field may help 
curb expense and insecticide resistance, it does increase the likelihood of organisms 
encountering insecticide mixtures in the aquatic environment (Peterson and Batley, 1991; 
Leonard et al., 1999, Woods et al., 2002). 
 
It is thus reasonable to suggest that aquatic organisms are exposed to insecticides as 
mixtures. If the majority of insecticides in mixtures are assumed to be additive (as is reported 
by the US EPA (1986) and the European Inland Fisheries (EIFAC, 1987), then the toxicity of 
individual insecticides to aquatic organisms are likely to underestimate mixture toxicity. To 
better address community health and wildlife protection, this study will investigate the 
impact of pesticides and their mixtures on organisms potentially exposed to these 
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xenobiotics. A number of toxicity models are available to determine the toxic effect of 
insecticide mixtures on aquatic organisms. 
 
2.14.3 Mixture models 
 
Ecotoxicologists have emphasized the continuing need to study the combined effects of 
toxicants on freshwater organisms (Sprague, 1970; Anderson 1975; Anderson and Webber, 
1975; EIFAC, 1980; Pollack, 1997). A number of authors (Cox, 1971; DeMarch, 1987; 
Zaider, 1990; Greco et al., 1992; Boedeker et al., 1993) argue that it is widely agreed that 
mixture toxicity is reasonably well predicted by models either based on the concepts of 
concentration-addition or independent joint action. Sprague (1973) argues that adding 
toxicant concentrations, expressed as a fraction of their lethal concentration, best assesses 
mixture toxicity. 
 
The US EPA (1986) and EIFAC (1987) deal with mixture toxicity by the preferred method of 
concentration-addition. Models, however, are controversial tools in the determination of 
toxicity of pesticide mixtures to aquatic organisms. Ecotoxicological information gathered in 
the laboratory on specific pesticide combinations will enhance the ability of these models to 
determine pesticide mixture toxicity. 
 
The effects of toxicant mixtures on a population may vary compared with individual 
toxicants. It is possible that the effect of mixtures of the same toxicants may also vary 
according to the presence of other organisms (different levels of biological organization) 
within the community. Burrell et al. (1985) discovered that the combined effects of atrazine 
and sodium pentachlorophenate (Na- PCP) on single algal populations were additive, 
however, the toxicants acted antagonistically in multi-species laboratory microcosms. 
Extrapolating the effects of toxicant mixtures from populations to communities of organisms 
is also problematic. However, we can investigate the effects of toxicant mixtures on various 
populations of organisms and speculate that these deleterious effects may have repercussions 
for the broader community and the ecosystem.  
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The impact of pesticide mixtures on aquatic organisms varies depending on the species of 
organism and the combined action of the pesticides. The two models of joint action, 
concentration-addition (also known as simple similar joint action) and independent joint 
action (IJA), describe different modes of action by toxicants (Boedeker et al., 1993).  
 
Multivariate probit analysis has been used in the past to analyse results using both 
concentration-addition (CA) and IJA. However, as toxicants can’t always be described as 
acting similarly/dissimilarly, or at only one site of action, variations of the probit response 
model may need to be incorporated into the investigation of toxicant mixture modeling 
(DeMarch 1987). Another problem with mathematical modeling is the scarcity of data that 
has been applied to the models to determine their relevance to environmentally realistic 
events. 
 
2.14.3.1 Concentration-addition / Simple similar joint action 
 
Bliss (1939) defined simple similar joint action (SSA) as ‘poisons or drugs produc[ing] 
similar but independent effects, so that one component can be substituted at a constant 
proportion to the other; variations in the individual susceptibility to the two components are 
completely correlated or parallel. The toxicity of the mixture is predictable directly from that 
of the constituents if their relative proportions are known’. The model can be generalised for 
two toxicants as follows:  
 
  f(Y) = g(C1 + a.C2),                                                            Equation 1. 
 
where f and g are any function, Y is the response, C1 and C2 are the concentrations of the two 
toxicants in linear units, and a is a numerical unit. The constant a can be negative, allowing 
one toxicant to negate the effect of the other. 
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As probit is the standard method for analyzing results of acute toxicity testing with individual 
toxicants the above formula can be varied to be specific to probit data as follows 
 
  Probit (p) = b.log (C1 + a. C2) + k,    Equation 2. 
 
where p is either the probability of responding or the fraction of individuals responding, 
probit (p) is the probit transformation or the normal equivalent deviate of p (Bliss 1934; 
1935; Finney 1971), a, b, and k are numerical constants, and log refers to the logarithm to the 
base 10 of the bracketed expression. In most cases the coefficients a, b, and k in Equation 2 
were first obtained from experiments with single toxicants. Then one or two of these 
coefficients were forced into the joint equation and the agreement of the other(s) with the 
expected values was examined. 
 
2.14.3.2 Independent joint action 
 
Independent joint action (IJA) describes toxicants that act differently or at different sites of 
action (Bliss 1939). The assumption that one toxicant has a dominant effect in the mixture 
because it is stronger by itself, is not necessarily reasonable. IJA is a statement about 
relationships between probabilities of response while CA is a statement about the relative 
toxicities of the toxicants on any form of the response variable. Herbert and Schubren (1964) 
and Boedeker et al., (1993) argue that concentration-addition is preferred for the assessment 
of mixture toxicity as it proves to be a reasonable worst-case estimation even for substances 
with independent action. While both models have been shown to provide similar analytical 
results, we have chosen to focus on CA. 
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2.14.4 Mixture toxicity 
 
The toxicity of xenobiotic mixtures may vary according to the physical and chemical 
properties of both the organism and the toxicants. The relationship between toxicants in a 
mixture compared with their individual toxicities may be described in the following terms: 
Synergistic, independent or antagonistic. Mixture interactions may be additive, less than 
additive, more than additive or show potentiation (Walker et al., 1997). 
 
2.14.4.1 Additive 
 
In the most simple case concentration-addition will hold true if one agents acts as a dilution 
of the other. Hoagland et al. (1993) observed additive toxicity when factorially designed 
experiments with plankton and bluegill communities were exposed to atrazine and bifenthrin. 
Brown (1968) and Brown and Dalton (1970) observed concentration-addition when 
analyzing the results of Onchorynchus mykiss exposed to mixtures of copper, phenol, zinc 
and nickel in equieffective concentrations. In a study of 50 non-reactive organic chemicals 
the observed toxicity was accurately predicted by the model of concentration-addition, even 
at extremely low concentrations of individual components (Deneer et al., 1988). These 
findings conflict with the conclusions presented by the EIFAC (1980), who in their report on 
mixture toxicity state that for ‘toxicants not already considered by EIFAC it might be 
sufficient to assume that concentrations less than 0.1 of the threshold lethal concentrations 
would not make substantial contributions to joint action’. Deneer et al. (1988), showed that 
compounds present below their alleged ‘no-toxic effect level’ (NTEL) contribute to the joint 
toxicity of the mixture, as there is no concentration below which a compound will no longer 
contribute to the overall toxicity of the mixture if the compounds act through the same 
mechanism. This notion is not supported by Konemann’s (1981) ‘reasonable assumption’ 
that a particular concentration of toxicant ‘would not be expected to contribute any toxicity in 
a mixture of pollutants acting simultaneously’. 
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2.14.4.2 Less than Additive 
 
Chemicals in a mixture are less than additive when equieffective concentrations of both 
chemicals elicit a response that is significantly lower than that predicted by CA,. (r = < 1  > - 
2, r being the expected toxicity based on equieffective concentrations of the toxicants). The 
use of different metabolic pathways and/or interactions between compounds may explain 
some less than additive pesticide interactions. Arnold (1995) observed that the acute toxicity 
of endosulfan combined with disulfoton, to rainbow trout, Onchorynchus mykiss, was more 
than two orders of magnitude lower than predicted if additivity was assumed. Trim (1987) 
found endosulfan and fenvalerate to be less-than-additive as a mixture, although both are 
regarded as ‘supertoxic’ (96 h LC50 < 10 µg/L).  
2.14.4.3 More than Additive 
 
Chemicals in a mixture are more than additive where equieffective concentrations of both 
chemicals elicit a response that is significantly greater than that predicted by CA (r = < 2 > 
1). Organophosphate pesticides in particular often exert a more than additive toxicity in fish 
(Marking 1985). Macek (1975) tested the toxicity of 29 pairs of pesticides on bluegill and 
found that the observed effects were generally more than additive. Increased toxicity of 
endosulfan combined with phosphamidon and aldicarb in Punctus conchonius (Gill et al. 
1991a,b), parathion and methyl-parathion in Lepomis macrochirus (Macek 1975) and 
malathion in rats (Srikanth and Seth 1990) was observed. Arnold et al., (1995) attributes the 
high toxicity of pesticide mixtures in fish as a result of the high monooxygenase activities in 
fish liver that may lead to the formation of more toxic metabolites. Profenofos was shown to 
significantly increase the toxicity of zeta-cypermethrin and fenvalerate (both SPs) to H. 
armigera when applied as mixtures (Gunning et al., 1999). 
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2.14.4.4 Potentiation 
 
Potentiation occurs when the impact of a chemical mixture is greater than twice that expected 
by CA (r = > 2,). Mixtures of chemicals have often been shown to be more toxic than 
expected by data for individual chemicals (Macek, 1975, Marking 1985, Gunning et al., 
1999). Using the ‘Finney harmonic mean’ formula Finney (in Pollack 1997) determined the 
toxicity of some mixtures to be nearly 30 times more toxic than the calculated relative 
toxicity.  
 
Potentiation may be in part attributed to the various modes of action of the OC, OP and SP 
insecticides. The mode of action of pyrethroids is predominantly via sodium channels of 
nerves. Consequently, degradation of toxicants via metabolic pathways is relatively 
uncompromised. The addition of esterase inhibiting compounds such as OP insecticides has 
been shown to increase the toxicity of SPs in mixtures (Bradbury and Coates 1989). Ishaaya 
et al. (1987) identified profenofos and other OPs as in vitro inhibitors of pyrethroid-
hydrolyzing esterases in whitefly, explaining the dramatic increase in cypermethrin toxicity 
when mixed with OPs. Potentiators such as piperonyl butoxide (PBO) have been shown to 
increase the toxicity of synthetic pyrethroids by 100 fold. PBO inhibits the action of enzymes 
such as P450s which are responsible for most oxidative drug metabolism 
(http://www.acnp.org/g4/GN401000086/CH085.html). 
 
The potentiation of compounds to aquatic organisms may also be species-dependent. Karim 
et al., (1985) observed that endosulfan mixed with Dursban had increased overall toxicity to 
most aquatic organisms with the exception of snails, while the mixing of endosulfan with 
dimethoate significantly affected toxicity to dragonflies and hemiptera but not fish and snails. 
Karim et al., (1985) postulated that the predatory lifestyle of dragonflies and hemipterans 
might lead to greater ingestion of toxicants than prey. It is possible that the toxicities of 
insecticide mixtures, like individual toxicants, are species dependent. 
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Profenofos with fenvalerate in mice (Casida et al., 1983) and cis-cypermethrin in cabbage 
looper larvae (Ishaaya et al. 1982 in Casida et al., 1983) were observed to be significantly 
more toxic as mixtures compared with individual toxicity data. Nolan (1977 in Casida et al., 
1983) noted that the OP ethion significantly increased the toxicity of deltamethrin to a DDT 
resistant strain of cattle tick. 
 
Plapp (1979) showed that chlordimeform and U-46506 potentiated the toxicity of 
deltamethrin in the budworm, Heliothis virescens (F.), 3 and 3.2 times, respectively while the 
toxicity of Decis (formulated product with deltamethrin Tech. as the active ingredient) 
showed synergistic activity when mixed with the esterase inhibitors, Sevin and MGK-264 
(Tripathi, 1997). Piperonyl butoxide, discovered in 1949 (Casida 1970), increases the 
potency of pyrethrum by more than four-fold when added at 2-10 parts of synergist per part 
of pyrethrin. The synergist also increases the likelihood that insects knocked down will die 
rather than recover.  
 
Smith (1991) noted that whatever the exact mechanisms, non-convulsant doses of chlorinated 
hydrocarbon insecticides increase the susceptibility of animals to convulsions precipitated by 
many other poisons. Organophosphates, including profenofos, are known to synergize 
cypermethrin (Ishaaya et al. 1987) by inhibiting pyrethroid-hydrolyzing esterases in the 
white fly. Potentiation of esterase inhibition in H. armigera has also been recorded for the 
organophosphate ethion when combined with the synthetic pyrethroids permethrin, 
deltamethrin, fenvalerate, bifenthrin, zeta-cypermethrin and alpha-cypermethrin (Gunning et 
al., 1999). 
 
The azole fungicide prochloraz potentiated the effects of deltamethrin on the semi-isolated 
heart of the bee, Apis melioflora. Interference with intercellular gap junction communication 
(a vital physiological mechanism for the functioning of the heart in both vertebrates and 
invertebrates) is believed to be the cause of this reaction (Papaefthimiou and Theophilidis, 
2001). 
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The toxicity of many formulated pesticide products are reported to show synergy compared 
with technical grade products. Some additives included in formulated products specifically 
enhance toxicity (eg piperonyl butoxide with deltamethrin). In effect, the toxicity of single 
technical grade pesticides may be significantly lower than the formulated products used in 
the field. 
 
2.14.4.5 Independent 
 
Chemicals in a mixture where neither toxicant influences the action or toxicity of the other 
are said to act independently. Thus the sensitivity of an organism to such a mixture is 
dependent on the highest proportional dose of either toxicant.  
 
2.14.4.6 Antagonism 
 
Antagonism is where the introduction of a chemical/s reduced the toxicity of another 
chemical/s by more than twice that expected by CA (r = < -2). Altering the effective 
proportions of one chemical can have a drastic effect on the toxicity of a toxicant mixture. A 
small decrease in the relative lethal (LC50) proportions of disulfoton with endosulfan 
resulted in 100% survival (Arnold et al., 1995). As such, the current investigation of toxicant 
mixtures focuses on equi-effective (LC/EC25s and LC/EC50s) toxicant concentrations. 
 
2.15 Aims 
 
Published acute toxicity data on the effects of pulse-dosed insecticides and their mixtures on 
Australian aquatic organisms are limited. This thesis aims to provide additional 
ecotoxicological data useful for assessing the risks of insecticides and their mixtures to 
Australian fish and Daphnia under environmentally realistic exposure conditions. 
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Experiments were designed to test the following null hypotheses: 
 
• That there is no effect of endosulfan, profenofos or deltamethrin PE toxicity to M. 
fluviatilis. 
• That there is no effect of concentration on endosulfan, profenofos or deltamethrin PE 
toxicity to D. carinata. 
• That the toxicity of individual insecticides in a mixture will not be additive. 
• That there is no effect of exposure duration on deltamethrin toxicity to D. carinata. 
• That there is no difference in mortality of D. carinata exposed to single and multiple 
pulses of deltamethrin, when comparing equivalent and dissimilar exposure durations. 
• That there is no significant difference in mortality of D. carinata exposed to multiple 
pulses of deltamethrin separated by time. 
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Chapter 3. Materials and methods 
 
 
 
 
3.1 Crimson-spotted rainbowfish (Melanotaenia fluviatilis) 
 
The original stock of M. fluviatilis was collected from the Murray River, Victoria in 1994 
and housed at RMIT City campus, Melbourne, for use in ecotoxicological investigations. In 
April 2001 the laboratory population was transported and housed at RMIT, Bundoora, where 
they currently remain. Fish were acclimated to laboratory conditions for 6 months prior to 
testing.  
 
3.1.1 Maintenance of fish.  
 
All M. fluviatilis used for experimental purposes were housed and bred in 50 L flow-through 
glass aquaria. The water volume in each chamber was maintained at 45 L, and flow rates 
through the test chambers were greater than six water volume additions in 24 h, allowing for 
99% replacement as recommended by Sprague (1969). Incoming wet-lab water (WLW) was 
sand and carbon filtered and pre-heated to 250 C prior to contact with fish and aquaria. Room 
temperature was maintained at 250 C.  
Individual aquaria were supplied with thermostat regulated heaters and temperature gauges to 
assure constant temperature. Aquaria temperature was recorded daily. Plastic air-driven 
filters containing nylon wool provided a substrate for nitrogenous bacteria. Photoperiod was 
set on a daily cycle of 16 h light: 8 h dark with a dusk/dawn transitional period of 15 minutes. 
Cool white fluorescent tubes (approximately 600 lux at water surface) provided light. Excess 
food and faecal material was siphoned daily and tanks were scrubbed weekly. A single 
bristle-nosed catfish (Ancistrus dolichopterus) was maintained in each tank to reduce the 
build up of organic residue on tank surfaces. The chemical characteristics of the WLW used 
to conduct fish tests are outlined in Table 3.1. 
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Table 3.1. Chemical characteristics of the wet-lab water (WLW) used for fish experiments. All values are expressed in mg/L. 
Hardness and bicarbonate were determined as CaC03.  
 
 
 Cations    Anions   Total 
nitrogen 
Hardness 
 
Calcium  
 
Magnesium 
 
Sodium 
  
Bicarbonate 
 
Chloride 
 
Sulfate 
   
 
9.6 
 
3.7 
 
16 
  
10 
 
21 
 
8 
  
0.8 
 
120 
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3.1.2 Breeding  
 
Fish were bred for the purpose of stock renewal and toxicity testing. Adults from six months 
to three years of age were used for breeding and stock replacement. Ten fish of 
approximately similar size were maintained in each 50 L aquarium at a ratio of 3 males to 7 
females. A single artificial plastic spawning substrate (144 cm2 in area) consisting of 24 
sessile miniature trees (3 cm in length) each with 10-20 leaves attached to a base grid, was 
placed upside down in each aquaria for the purpose of egg collection (Barry et al., 1995b). 
The ‘miniature forest’ substrates were purchased from Southern Biological Aquarium 
supplies, Vermont, Victoria. 
 
Dominant males muster females into the artificial spawning substrate where the females 
release eggs attached to sticky threadlike strands. The eggs adhere either directly to the 
substrate or via adhesive threads. Following the release of eggs by a female, the male swims 
amongst the substrate releasing milt to complete the fertilization process. Unfertilized eggs, 
noted by their cloudy appearance, were removed from the tanks to avoid bacterial and fungal 
contamination. Substrates and eggs were removed from the breeding tanks every second day 
and placed into 50 L static, heated, all glass storage tanks. Once young began to hatch, (7-10 
days post-fertilization, Robertson, 1992; Barry et al., 1995b), substrates were moved to a 
static, heated and aerated 100 L glass tank. Young fish were removed the following day for 
experimental purposes. Further details on the management of crimson-spotted rainbow fish 
were as outlined in Robertson (1992). 
 
3.1.3 Feeding. 
 
The feeding regime of M. fluviatilis in the laboratory varied according to age and breeding 
requirements. Breeding adults were fed a combination of food types depending on time of 
day and day of the week. Tables 3.2 and 3.3 outline the types of food and times adult and 
juvenile rainbowfish were fed, respectively. Flake and frozen brine shrimp were ground to a 
fine powder and paste, respectively, prior to their delivery to the fish. 
 
Juvenile rainbow fish were fed in static tanks until the age of 20 days; they were then 
transferred to flow through tanks and placed on the adult diet. Fry were fed 4 times a day 
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until 10 days of age, where they were fed twice daily. Excess food and surface scum was 
removed with a small (0.5 mm2) dip-net. Bristle-nosed catfish (Ancistrus dolichopterus ) 
were provided for additional removal of organic matter from tank surfaces. 
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Table 3.2. Adult M. fluvialtilis weekly feeding regime per tank. 
 
Time Morning (9-10am) Afternoon (3-4pm.) 
   
 
  
Monday – Friday Pinch of flake fooda Pinch of flake food 
 Frozen brine shrimpb Frozen brine shrimp 
 Live brine shrimpc  
   
Saturday-Sunday Pinch of flake food  
 Frozen brine shrimp  
 Live brine shrimp  
 
a
 Approximately 5g of Saga TM  or Wardley’s ™ flake food was added to each tank. 
b
 Approximately 10g of frozen brine shrimp (Posaqua) was added to each tank. 
c
 Approximately 100 brine shrimp nauplii were added to each tank. 
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Table 3.3. Juvenile M. fluviatilis feeding regime per tank of 200 fry. 
 
Age of fry Food type 
  
0-4 days Sera microna and Parameciumb 
  
4-10 days Paramecium* and vinegar eelsc 
  
10-20 days Vinegar eels and live brine shrimp naupliid 
  
20 days  + Flake, frozen and live brine shrimp nauplii 
 
a
. Approximately 0.1g of Sera micron TM microencapsulated fish food was added to each tank/day. 
b
. 10mL of paramecium (approximately 100 individuals/mL) were added to each tank/day 
c
. 10mL of vinegar eels (approximately 100 individuals/mL) were added to each tank/day 
d
. Approximately 500 brine shrimp nauplii were added to each tank/day. 
* Paramecium culture contained Paramecium caudatum.  
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3.1.3.1 Brine shrimp (Artemia salina) culture. 
 
Commercially available brine shrimp eggs were used to breed live brine shrimp nauplii. 
Eight 1.2 L capped plastic conical cylinders were filled with 1 L of wet-lab water (WLW). 
Sea salt was added to the continuously aerated water at approx. 10 g/L. Aeration was 
supplied to the base of each cylinder via a 6 mL plastic tube. Approximately 1 gram of brine 
shrimp eggs was added to the ‘salty’ water. Once placed in the salt solution, the brine shrimp 
eggs took approximately 44 h to hatch. The nauplii sank to the bottom of the conical flasks as 
the aeration was temporarily stopped, and were then strained from the cylinders and washed 
in WLW. The nauplii were transferred to WLW prior to feeding to the fish.  
 
3.1.3.2 Paramecium culture 
 
Paramecium caudatum was purchased from Southern Biological Aquarium Supplies, 
Vermont, Australia. P. caudatum was cultured in a mixture of WLW infused with lettuce 
extract. Lettuce leaves were cooked in a conventional oven at 1500 C until crisp and dry. 
Once dried, the leaves were crushed and stored in a sealed plastic container. Water (5L) was 
boiled in a 10 L open glass container, reduced to a simmer, 50 mg (10 mg/L) of crushed 
cooked lettuce leaves added and the mixture simmered for 1 hour, stiring every 15 
minutesfor approximately one hour, stirring every 15 minutes. A simple check to ensure the 
quality of the mix was color, a tea brown color was adequate. After the lettuce extract was 
left to cool, it was poured through a 0.5 mm2 (mesh size) large dip-net into 10, 1 L 
PyronegTM cleaned, Milli-Q rinsed, plastic ice-cream containers. 100 mL of a pre-existing 
paramecium culture was added to each ice-cream container, making the final quantity of 600 
mL. The new culture was left to stand in the dark for one week to build up population 
numbers. The Paramecium cultures were checked daily with the use of a compound 
microscope prior to feeding. A healthy Paramecium culture consists of active, free 
swimming Paramecium at a density of approximately 100 individuals/mL. Four aliquots of 
25 mL were added to each tank containing juvenile rainbow fish until 10 days of age. 
Paramecium cultures could be maintained indefinitely so long as the ‘lettuce tea’ was 
changed fortnightly (Pollino, 2000).  
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3.1.3.3 Vinegar eel culture 
 
Vinegar eels, Anguillula aceti (Phylum Nematoda), were purchased from Southern 
Biological Aquarium Supplies, Vermont, Australia. The culture was maintained in media 
consisting of WLW and Vinegar (Skipping Girl brand) at a ratio of 3:1. One litre of media 
was made up in two 5 L nitric acid cleaned; Milli-Q rinsed glass, fish tanks. The new cultures 
were left to sit in the laboratory for one week to ensure a density of approximately 100 
individuals/mL. A thin layer of concentrated vinegar eels on the surface of the media was 
used as a quick method of determining the health of the culture. A 100 mL plastic jar with 
0.1 mm2 mesh screwed on with the lid, with the base of the jar removed, was used to capture 
the vinegar eels. The vinegar eels were scooped into the jar and stirred with a 5 mL plastic 
pipette until excess media was removed. The eels were run under WLW prior to feeding to 
fish fry. Culture media was replaced monthly. 
 
3.1.4 Toxicological Experimentation. 
 
Tests were performed using three replicates and a minimum of five exposure concentrations, 
and controls. Results of previously conducted range-finding experiments were used to 
determine appropriate test solution concentrations. No adult fish died in the week preceding 
the experiment. 
 
Less than one-day-old fish were removed from a 100 L-rearing tank and randomly placed 
into mesh-lined 100 mL polyethylene beakers using a 20 mL plastic ladle. Each polyethylene 
beaker had 4 X 25 mL holes drilled through the sides, which were covered with 0.2 mm2 
mesh to facilitate water flow. A circular hollow plastic tube was fitted under the lip of each 
beaker to act as a floatation device.  
 
Ten larval rainbow fish were randomly placed into each floating polyethylene beaker. The 
floating beakers were then placed in 600 mL short glass beakers each containing 500 mL of 
treatment solution and placed in a water-bath at 250 C. Polyethylene beakers were 
mechanically agitated every 30 minutes in treatment solution. Exposure concentrations were 
chosen to ensure significant mortality occurred over 96 h. Fish were not fed for the duration 
of the experiment. 
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Following the treatment pulse (4 h), all polyethylene beakers were dipped in WLW for a 
period of 5 minutes to remove excess toxicant bound to beakers (Barry et al., 1995). Beakers 
containing fish were then transferred to a 50 L aerated flow through test-tank for the 
remainder of the 96 h test. Replicate post-pulse treatment beakers were maintained in the 
same flow-through tank in an attempt to reduce tank effects. Since exposures had taken place 
in isolated compartments it was concluded that ASTM (1996) protocols for independent 
treatments had been satisfied. Numbers of live fish in each beaker were recorded at 4, 8, 12, 
24, 48, 72 and 96 hours.  
 
During each test the number of live fish in treatment containers was determined by shining a 
torch into the polyethylene containers while simultaneously holding a plastic coated sheet of 
lightly colored A4 paper directly beneath the beaker, and recording moving fish. Clearly, not 
all of the motionless fish were dead. Death was determined by lack of heartbeat using a 
binocular microscope (WILD M32) fitted with an Intralux ™ light source. To assess death it 
was necessary to remove the motionless fish with a smooth-ended autoclaved glass pipette to 
a 1mL microscope dish for examination. All live fish were immediately returned to their 
respective treatment beakers. The impact/stress induced in live fish involved in this 
procedure is noted but unknown. 
 
3.1.4.1 Reference Toxicant 
 
Toxicity studies were conducted using 4-chlorophenol as a reference toxicant (Environment 
Canada, 1990) to facilitate comparisons of results with those of other studies and 
laboratories. Range finding experiments indicated that there was no appreciable decline (< 
1%) in 4-chlorophenol concentrations over the 4 h exposure period. 
 
Analysis of 4-chlorophenol was based on the method described by Clesceri et al. (1989). 
Phenolic compounds were reacted with 4-aminoantipyrine and potassium ferricyanide (99%) 
and the solution was incubated at room temperature for 15 min. The absorbance of the 
solutions was measured spectrophotometrically at 500 nm (Varian 50 BIO UV-visible 
spectrophotometer) and the concentration determined using a standard curve. 
 
48 and 96h EC/LC 50s were determined for D. carinata and M. fluviatilis, pulse-exposed (4h) to 4-
chlorophenol at the beginning of the test period. Five groups of ten organisms were tested annually at 
 73 
their respective EC/LC 50s and compared with the original data set. The sensitivity/fitness of 
daphnids and fish to pulse-exposed 4-chlorophenol did not vary significantly (Kruskal-Wallis, p = 
0.62, p = 0.39, respectively) over the duration of the study period based on 48/96 h PE EC/LC50s. All 
comparative mortality estimates were within 20% of 48/96 h PE EC/LC50s. The toxicity of 4-
chlorophenol to D. carinata and M. fluviatilis was consistent.  
 
3.1.5 Treatment solutions. 
 
The weighing and dispensing of all stock and treatment solutions was conducted within a 
fume hood. Endosulfan and deltamethrin stock solutions were prepared by adding pre-
weighed technical grade product to analytical reagent grade acetone at the highest treatment 
solutions. As Profenofos Q was only available as a liquid, an appropriate volume of technical 
grade product was pipetted into acetone to make up individual stock solutions for each 
treatment concentration in 20 mL glass vials with teflon-lined lids (Alltech Associates). 
Toxicant details are outlined in Table 3.4. 
 
Individual stock solutions at each treatment concentration were prepared in acetone using a 
maximum dilution factor of 1:10. Stock solutions were added to WLW in 2 L borosilicate 
glass Schott bottles at 20 µL/L of stock solution to maintain constant acetone concentrations 
in each treatment solution. Weiss (1959) observed that acetone had no effect on fish at 
concentrations of 1 mL/L. Fish were then transferred to the treatment solution in 
polyethylene beakers. Fish remained in contact with water at all times by collecting in the 
edge of the tilted beaker during transfer. 
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Table 3.4. Details of toxicants analysed in the investigation. 
 
Toxicant* CAS 
Number 
Kow LogP Proportion Provider 
     
Endosulfan 
Tech. 
115-29-7 3.6 95% a.i. Cropcare 
     
Profenofos Q 
Tech. 
41198-08-7 4.44 95.8% w/wa Novartis (formerly Ciba 
Geigy) 
     
Deltamethrin 
Tech. 
52918-63-5 6.4 99 +% Riedel-de Haën 
     
4-Chlorophenol 106-48-9  99 +% Sigma, Melbourne 
     
a batch  no. 607073. 
* Information provided by Merck Pty. Ltd. 
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3.1.6 Glassware. 
 
All glassware was washed following a very strict cleaning regime. Purchased and pre-used 
glassware was acetone rinsed then washed in WLW three times. Following this, glassware 
was left to sit in 10 g/L of pyrogenetically negative cleaner (Pyroneg ™) dissolved in WLW 
for 24 hours and then scrubbed thoroughly. Pyroneg residue was rinsed off with WLW three 
times and glassware was given a final rinse with Milli-Q prior to sitting in 5% Nitric acid 
(with WLW) for 24 h. Following removal from nitric acid, all glassware was rinsed three 
times with Milli-Q water and left to dry upside down on laboratory towel. All glassware was 
stored in containers lined with laboratory towel.   
 
Fish tanks housing breeding fish were exempt from the strict cleaning regime in an effort to 
maintain water conditions and to eliminate the effects of moving the fish while cleaning took 
place. Breeding tanks were siphoned and scrubbed daily. The cleaning regime for the rearing 
tanks was similar to that of the breeding tanks with the exception of the addition of malachite 
green. Malachite green was added to both the rearing and flow-through post-pulse treatment 
tanks at a concentration of 4 mg/L to control the build up of algae, parasites and bacteria. 
Malachite treatments were left to sit for one hour prior to being purged overnight and were 
treated at least two days before breeding and post-treatment tanks were required for use. A 
recent review by Srivastava et al., (2004) highlighted the possibility of toxicological effects 
caused by malachite green. These effects should be considered in future studies intending to 
use malachite green as a biocide. While the toxicological effects of Malachite green to larval 
rainbow fish can not be removed (the experiments were completed prior to the publication) it 
is important to note that the aquaria were scrubbed following treatment with Malachite and 
were purged for 48 h. Control survival was not used to indicate a lack of toxic effects due to 
exposure to malachite green, rather, control survival was used to evaluate the toxic effects of 
the toxicants in question.  
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3.2 Daphnia carinata 
 
Mature D. carinata were collected from ephemeral ponds at Humevale in the outer Northern 
suburbs of Melbourne, Victoria, in the summer of 1999. In April 2001 the population was 
transported and housed at RMIT, Bundoora where they currently remain. Daphnids were 
acclimated to laboratory conditions for 6 months prior to testing.  
 
3.2.1 Maintenance of Daphnia. 
 
Ten adult female Daphnia were kept in each of 10, 600 mL open-mouthed glass Fowlers jars 
filled with 500 mL media. Daphnid media consisted of: Milli-Q water with 0.5 g/L of reef 
salt, 10 mg/L calcium carbonate and 10 mg/L of commercially available vitamin supplement, 
Reptovite ™. Media was stored in two continuously aerated 20 L plastic containers. Media 
pH was maintained between 7 and 7.5 with hydrochloric acid and sodium sulfate as required. 
A reserve batch of daphnids was stored in an aerated 50 L fish tank. All cultures were 
maintained in a constant temperature room set at 180 C with a photoperiod of 16 h light: 8 h 
dark with a 15 minute fading regime to simulate dusk/dawn transitions.  
 
3.2.2 Breeding 
  
Daphnids were bred for the purpose of stock renewal and toxicity testing. Their 
parthenogenic mode of reproduction ensured a genetically homogenous population well 
suited for pesticide bioassays. Parthenogenetic eggs are laid in the brood chamber, where 
they are retained until they develop into free-swimming individuals. This process of asexual 
reproduction is maintained under favourable environmental conditions (Zaffagnini, 1987). 
Deteriorating conditions such as crowding and depletion of food supplies leads to the 
production of males and consequently sexual eggs. When fertilised, the sexual eggs are 
protected by thickenings of the brood chamber known as ephippia. Eggs within the ephippia 
will hatch under appropriate environmental conditions. In this investigation, females 
producing ephippia were discarded from the breeding cultures. Fowlers jars containing adults 
and neonates were emptied into a 1 L watch glass every two days to remove neonates and 
replenish media. This process was conducted daily if neonates were required for 
toxicological testing. The adults were returned to the Fowlers jars with new media with the 
use of a wide-ended blunt 12 mL diameter glass pipette.  
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3.2.3 Feeding. 
 
Adult D.carinata were fed two species of algae, Pseudokirchneriella subcapitata (formerly 
Selanastrum capricornatum) (Rose et al., 2002) and Chlorella. One half mL of both algal 
species was added to each Fowlers jar daily. P. subcapitata and Chlorella were stored in the 
fridge after inoculation of new algal cultures. 
 
3.2.3.1 Algal cultures. 
 
Keating’s media (1985) was used to culture all algae. Keating’s media was made up in 2 L 
Schott bottles using Milli-Q water. The medium was sealed with cotton wool and aluminium 
foil and autoclaved. Autoclaved media was allowed to stand for a few days to restore the 
carbon dioxide content of the water, which can cause changes in pH. 
 
3.2.3.2 Inoculation of media. 
 
Algal cultures were re-established weekly to ensure the quality of food supplied to the 
daphnids. Extreme care was taken to reduce contamination of the cultures by outside 
microorganisms, and to prevent cross-contamination of algal species. When culturing two 
species of algae the culturing vessels were kept together as a sterile pair, connected by sealed 
tubing for aeration. New media, tubing and pipettes were autoclaved in sealed autoclave 
bags. All bottles, foil and apparatus to be used in the establishment of new cultures were 
sprayed or wiped with 70-100% ethanol prior to placing in a biohazard cabinet. Gloves were 
frequently ‘washed’ with ethanol throughout the following procedure to maintain sterility. 
The aeration tubing was removed from the existing algal culture bottles and discarded. 
Bottles containing sterile media were marked to identify the species of algae to be cultured. 
The existing culture was swirled for homogeneity prior to inoculation. New cultures of algae 
were inoculated with 100-500 mL of 7-day-old culture solution in order to maintain log-
phase growth (Stein, 1973). One algal species was transferred at a time, and the hands, tops 
of bottles and any spills were cleaned with ethanol to prevent cross-contamination. 
 
The new tubing and pipettes for aeration were removed from the autoclave bag (which was 
torn all the way down the middle and used as a ‘plate’ for the assembly of the aeration 
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apparatus) and placed into the new media. A sterile, non-hydroscopic 0.2 um filter was 
attached to the plastic tubing ready to be connected to the air pump. The tubing was 
surrounded by cotton wool and sealed with alcohol-cleaned aluminium foil. The pair of 
media bottles and aeration tubing was then transferred to the laboratory and attached to the 
air supply without contaminating the media. The ‘old’ media was then refrigerated and used 
as food for the daphnids (Dixon, 2005). 
 
Harvesting of the 7-day-old cultures was performed by centrifugation at 6000 rpm for 5 
minutes, in autoclaved Nalgene centrifuge bottles. The supernatant was discarded, the 
remaining algae resuspended in Daphnia growth media and the concentration determined 
using an improved Neubauer haemocytometer (APHA et al., 1992). 
 
3.2.3.3 Maintenance of algal cultures 
 
Algae were aerated vigorously and swirled daily. Algae were kept in a cordoned off section 
of the laboratory so that the 24 h exposure to light did not affect Daphnia cultures. During 
the range-finding experiments a loss of power was responsible for terminating the supply of 
air, which in turn led to the build up of back-pressure in the ‘shared’ Y section of the air-
lines, forcing the two algal species to mix in the mutual aeration supply chamber. Once 
power was returned both algal cultures had been contaminated with one another, 
necessitating the repurchase of pure cultures. Following the range-finding experiments each 
algal culture was maintained as a closed system to prevent cross-contamination. Algal 
cultures were checked daily for signs of bacterial contamination, such as cloudiness or excess 
production of bubbles on the culture surface. In these cases antibiotics were used to restore 
the health of the cultures. New cultures were purchased when the antibiotics failed to resolve 
contamination events. Ampicillan, sold commercially as Austrapen by CSL Ltd., was added 
to contaminated algal media at 100 mg/L. 
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3.2.4 Toxicological Experimentation. 
 
Toxicity tests were performed using three replicates and a minimum of five exposure 
concentrations, and controls. Results of previously conducted range-finding experiments 
were used to determine appropriate test solution concentrations. 
 
Stock and treatment solutions were prepared immediately prior to the addition of Daphnia. 
Less than one-day-old neonates were randomly pipetted from the 1 L watch glass into 250 
mL tall glass beakers containing 150 mL of treatment solution for the duration of the pulse 
exposure. Following toxicant exposure, neonates were pipetted into a glass Petri dish 
containing fresh media for 5 minutes in an attempt to remove excess toxicant from the water. 
Neonates were then transferred into 250 mL tall glass beakers containing 150 mL of fresh 
media for the remainder of the 48 h test. Only neonates from the third to the sixth broods 
(approximately 2-5 weeks old) were used in toxicity testing (Barry et al., 1995b).  
 
All test chamber solutions were monitored daily for temperature, dissolved oxygen, 
conductivity and pH. Water characteristics were recorded in the treatment solution 
immediately prior to the introduction of neonates and following their removal to fresh media 
as well as in the fresh media before and following the 48 h test. Temperature and pH were 
recorded using a Meterlab™ PHM201 glass probe, while conductivity and dissolved oxygen 
were recorded on a Hanna HI9635 conductivity meter. Water characteristics did not vary 
significantly within or between experiments. 
 
3.2.5 Treatment solutions. 
 
The preparation and dispensing of all stock and treatment solutions was done within a fume 
hood. Primary stock solutions, equal to the highest treatment solution, were prepared by 
adding pre-weighed technical grade insecticide to a 100 mL Schott bottle containing AR 
grade acetone. Technical grade pesticide was weighed with a microbalance (profenofos Q 
was directly pipetted into acetone as it is only available in liquid form [95.8% w/w]). 
Individual treatment stock solutions were then made up in 20 mL glass amber vials with 
teflon-lined lids by diluting the original stock solution with acetone. All amber vials were 
pre-rinsed in AR grade acetone and dried in the fume hood. Individual stock solutions at each 
treatment concentration were prepared in acetone using a maximum dilution factor of 1:10. 
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NB: Technical grade profenofos Q must not be shaken prior to extraction from the bottle as 
even slight agitation of the product will lead to the formation of air bubbles within solution, 
making precise pipette extraction extremely difficult. Once shaken the solution must be left 
for 24 h to purge the bubbles. 
 
Individual stock solutions were added to 2 L of Daphnia media in 2 L borosilicate glass 
Schott bottles at 20 µL/L of stock solution to maintain acetone concentrations in each 
treatment solution. Mechanical stirring for 5 minutes ensured homogeneity of toxicant in 
treatments. In the case of insecticide mixtures, individual toxicants were added sequentially. 
One litre of each treatment solution was stored in 1 L amber glass bottles and kept at 40 C for 
future analysis. 
 
3.2.6 Glassware. 
 
All glassware was washed following a very strict regime. Initially the glassware was acetone 
rinsed then washed in wet-lab water. Glassware was left to sit in 10 g/L Pyroneg ™ dissolved 
in WLW for 24 h and then scrubbed thoroughly. Pyroneg residue was rinsed off with wet-lab 
water and glassware was given a final rinse with Milli-Q before being placed in 5% Nitric 
acid and Milli-Q for 24 h. Nitric acid cleaned glassware was rinsed three times with Milli-Q 
water and left to dry upside down on laboratory towel. All glassware was stored in containers 
lined with laboratory towel.   
 
3.3 Insecticide concentrations 
 
Individual insecticide exposure concentrations were determined using the average exposure 
concentration (AEC) (van Wijngaarden et al., 1996; Hose et al., 2003) method. AECs were 
determined by calculating measured insecticide concentrations at the beginning (t1) and 
conclusion (t2) of the 4 h exposure period to determine rates of loss. Measured concentrations 
were analysed by WSL Consultants, Melbourne. These concentrations were then averaged to 
determine an AEC for each insecticide. AECs were determined for endosulfan and 
deltamethrin treatment concentrations of 10 µg/L and a profenofos treatment of 10 mg/L. 
AECs were determined for single toxicant concentrations due to the excessive costs 
associated with analysis. Nominal treatment concentrations are used in this thesis unless 
mentioned otherwise.  
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3.4 Statistical analysis 
 
Pulse exposed median lethal concentrations (PE LC50s) for 4, 8, 12, 24, 48, 72, and 96 h 
values as well as 96 h LT50 values from laboratory tests were calculated for fish and daphnia 
using Maximum Likelihood Probit from the statistical software package Toxcalc 5.0 ™ 
(Toxcalc, Scientific Tidepool). Median effect concentrations (EC50) were calculated for 
daphnids pulse-exposed to technical grade insecticides. 
 
Data analysis included the use of one-way Analysis of Variance (ANOVA) of treatment and 
control means to determine if significant differences existed in the data set. Tukey’s pairwise 
comparison and Mann-Whitney post-hoc tests were used to determine which treatment/s 
were significantly (P<0.05) different from controls and between treatments. The statistical 
significance of immobilised neonates (chapter 8) was determined using non-linear regression 
analysis of mortality against concentration or time (in the case of ET50 data) which tested for 
differences between the different exposure types (pulse durations)..  
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Chapter 4. The toxicity of endosulfan, profenofos Q, and deltamethrin 
pulse-exposed to crimson-spotted rainbowfish. 
 
 
 
 
4.1 Abstract 
 
Crimson-spotted rainbowfish were most sensitive to the effects of pulse-exposed 
deltamethrin, followed by endosulfan and profenofos Q, with 96 h PE LC50s of 4.9 µg/L, 6.6 
µg/L and 10.9 mg/L, respectively following a 4 h exposure (Table 4.5). Endosulfan and 
deltamethrin 96 h PE LC50s were within observed field concentrations and may pose a threat 
to the sustainability of wild M. fluviatilis populations. The 96 h PE LC50 for profenofos Q 
was two orders of magnitude higher than recorded field concentrations.  
 
The first signs of acute toxicity of deltamethrin to rainbowfish occurred during exposure. 
Higher mortality was observed in the mid to low concentrations compared with higher 
concentrations of deltamethrin immediately following exposure. The majority of fish death in 
lower deltamethrin concentrations occurred during exposure while death of fish exposed to 
higher deltamethrin concentrations occurred during the second day. Ninety-six hour mortality 
of rainbowfish pulse-exposed to technical grade deltamethrin was concentration-dependent. 
Rainbowfish were not acutely sensitive to endosulfan during exposure. Significant mortality 
of rainbowfish pulse-exposed to 5.6 and 10 µg/L endosulfan was first observed at 92 and 4 h 
following exposure, with 30 and 93% mortality, respectively. LC50s generated at 8, 12, 24, 
48, 72, and 96 h for rainbowfish pulse-exposed to technical grade endosulfan were within 1.7 
µg/L. Rainbowfish were not acutely sensitive to profenofos Q during exposure. The acute 
toxicity of rainbowfish pulse-exposed to profenofos Q followed the classic concentration-
response scenario of higher concentrations and longer times being responsible for increasing 
death.  
 
The behaviour of rainbowfish pulse-exposed to the three toxicants followed a similar 
sequence. This sequence was dependent on time and concentration. The first indication of 
stress induced by the action of the insecticides was observed to be the initiation of periodic 
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twitching. Periodic twitching progressed to intense twitching, followed by a state of lethargy 
and finally a state of coma. Once transferred to freshwater, fish were capable of recovering 
from the lethargic and twitching stages, however, no recovery from the comatose state was 
observed in rainbowfish pulse-exposed for 4 h to technical grade deltamethrin, endosulfan or 
profenofos Q. Twitching by fish was only observed during direct exposure to toxicants and 
was bypassed as a response prior to the induction of a lethargic state post-pulse. Lethargy 
was observed as the precursor to coma both pre and post-pulse. 
 
The toxicity of the three insecticides varied widely as a result of differences in molecular 
structure of the individual compounds. Factors such as route of uptake, metabolic pathways, 
and target sites are discussed to help explain the toxicity of the three insecticides pulse-
exposed to rainbowfish. At environmentally realistic field concentrations, pulse-exposed 
deltamethrin and endosulfan may pose a threat to the sustainability of wild crimson-spotted 
rainbowfish. 
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4.2 Introduction 
 
In Australia, endosulfan, profenofos Q and deltamethrin are registered for the control of a 
variety of agricultural pests including those known to damage cotton. Cotton ranks as 
Australia’s sixth largest export, producing in excess of 3 million bales annually at a value of 
$1.7 billion (O’Neill, 2002). In an effort to viably manage pest damage to Australian cotton 
crops, insecticides are used intensively. 
 
In Australian freshwater ecosystems, fish are often the main predators of vertebrate and 
invertebrate organisms and consequently play a key role in the maintenance and structure of 
communities and ecosystems (Sunderam et al., 1992). The ecological importance, broad 
geographical distribution, amenability to laboratory conditions and reproductive 
characteristics make rainbowfish a suitable model for assessing the impacts of anthropogenic 
substances in Australian waterways (Barry et al., 1995b; Pollino, 2000; Pollino, C. A. and 
D.A Holdway. 2003a & b).  
 
Technical grade endosulfan, profenofos Q, and deltamethrin were chosen to represent the 
OCP, OPP and SPP, respectively. Each of these insecticides has been shown to be acutely 
sensitive to populations of aquatic organisms at environmentally realistic concentrations 
(ANZECC  & ARMCANZ, 2000). 
 
The aim of this investigation was to determine the effect of concentration on endosulfan, 
profenofos and deltamethrin PE toxicity to crimson-spotted rainbowfish. While providing 
necessary and useful information for comparative research, this study will highlight the 
benefits of incorporating environmentally realistic ecotoxicological data for Australian fish 
pulse-exposed to a variety of insecticides. Behavioural changes in fish exposed to 
insecticides were noted in an attempt to compare and understand the mechanisms underlying 
the action of the toxicants. The possibility that early behavioural effects noted in fish exposed 
to insecticides may provide an indication of exposure in the field was also investigated. 
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4.3 Materials and Methods 
 
All M. fluviatilis used for experimental purposes were housed and bred in 50 L flow-through 
glass aquaria. The water volume in each chamber was maintained at 45 L, and flow rates 
through test chambers were greater than six water volume additions per 24 h, allowing for 
99% replacement as recommended by Sprague (1969). Incoming wet-lab water (WLW) was 
sand and carbon filtered and pre-heated to 25° C prior to contact with fish and aquaria (refer 
to chapter 3). 
 
Preliminary tests indicated that water characteristics for static 4 h exposures did not vary 
significantly over the duration of exposure. Water parameters for static test chambers were 
taken immediately prior to the addition of fish. Flow-through test chambers were monitored 
daily for temperature, at 2-d intervals for dissolved oxygen and at 4 and 96 h for conductivity 
and pH. Records of water parameters for flow-through test chambers were initiated at 4 h due 
to the initial 4 h pulse in static test chambers.  
 
4.3.1 Experimental design. 
 
A series of range finding experiments were conducted to determine treatment test solutions. 
Acute toxicity tests were conducted in triplicate using freshly prepared stock and treatment 
solutions. Groups of 10, less than one-day-old larvae were randomly assigned to mesh-lined 
polypropylene beakers in WLW (refer to chapter 3). The beakers were transferred to 
treatment containers for a single 4 h pulse, where they were mechanically agitated every 15 
minutes. On completion of the pulse-exposure all treatment solution beakers containing fish 
were dipped in static WLW for 5 minutes prior to their transfer to flow-through tanks for the 
duration of the experiment (92 h). Mortality was recorded at 4, 8, 12, 24, 48, 72, and 96 h. 
Fish were not fed for the duration of the experiment and dead fish were immediately 
removed from the investigation. Behavioural observations were recorded to facilitate the 
investigation. Acute toxicity test methods for rainbowfish were based on the ASTM Standard 
E729-88a (ASTM, 1996).  
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4.3.2 Toxicants 
 
Technical grade endosulfan (AgrEvo: 95% a.i.) profenofos Q (Novartis: 95.8% w/w) and 
deltamethrin (Rousel Uclaf: 99.8%) were tested using acetone as the solvent carrier to ensure 
homogeneity of treatment solutions. The volume of acetone in the solvent control and all test 
solutions was 20 µL/L. 4-Chlorophenol was mixed with WLW without solvent.  
 
As previously noted (chapter 3), 4-chlorophenol was used as a reference toxicant to facilitate 
comparisons of our results with those of other studies and laboratories (Long and Holdway, 
2002). Measured 4-chlorophenol concentrations in test solution ranged from 0-16 mg/L and a 
concentration at the 96 h PE LC50 (2.61 mg/L) (95% F.Ls, 0.8, 11) was run annually to 
record and monitor the sensitivity of test organisms over the duration of the investigation. 
Comparative testing involved the exposure of 50 (5 groups of 10), less than one-day-old 
rainbowfish to the established 96 h PE LC50 for 4-chlorophenol. The comparative testing 
resulted in 29, 21 and 30 rainbowfish dying, respectively, in years 1, 2 and 3. These data sets 
indicate that the fitness of the fish used for experimentation did not vary significantly 
throughout the investigation. 
 
4.3.3 Behavioural observations 
 
Observations on fish behaviour were taken at 0.25, 4, and every 24 h period for the duration 
of the experiment. The three categories assigned to fish behaviour were:  
1. Twitching 
2. Lethargy 
3. Comatose 
 
Twitching behaviour varied from occasional spasmodic movements to intense repetitive 
tremors and an increase in the swimming rate (photokinesis) of the fish. The inability of fish 
to maintain swimming balance and position in the water column was classified as lethargic 
behaviour. The degree of lethargy observed in fish was also variable. In contrast to twitching 
and swimming behaviour, fish that entered into a comatose state lay motionless on the 
bottom of the mesh-lined beakers. The three categories assigned to fish behaviour are 
definitive as each is clearly separate from the others. 
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4.3.4 Average exposure concentration 
 
The average exposure concentration (AEC) (Hose et al., 2003) was calculated for endosulfan 
and deltamethrin at a concentration of 10 µg/L and for profenofos at 10 mg/L. AECs were 
determined by calculating measured insecticide concentrations at the beginning (t1) and 
conclusion (t2) of the 4 h exposure periods. These concentrations were then averaged to 
determine an AEC for each insecticide. The variation in measured from nominal insecticide 
concentration was attributed to experimental error and loss due to insecticide degradation, 
volitilisation, and adsorption to glassware and test organisms. An AEC was determined for 
each insecticide pulse-exposed to rainbowfish to provide information on measured versus 
nominal concentrations. All concentrations reported in this chapter are nominal unless stated 
otherwise. 
 
4.3.5 Statistical Analysis 
 
Median lethal concentrations (LC50s) for 8, 12, 24, 48, 72, and 96 h values from laboratory 
tests were calculated using Maximum Likelihood Probit from the statistical software package 
Toxcalc 5.0 ™ (Toxcalc, Scientific Tidepool). No observed effect concentration (NOEC) and 
lowest observed effect concentration (LOEC) were determined by Dunnett’s test. 
 
The non-parametric Kruskal-Wallis test was used to determine inter-group differences when 
the assumptions of ANOVA could not be met. If the analysis of variance by ranks rejected a 
multi-sample null hypothesis of equal means a Mann-Whitney U test was used to determine 
significant differences between treatment means. To test for relationships between variables, 
regression analysis was performed. Differences were considered significant at p < 0.05. 
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4.4 Results 
 
4.4.1 Water characteristics 
 
Mean (SE) characteristics of the test water for static and flow-through test chambers are 
recorded in Tables 4.1 to 4.2. Water characteristics did not vary significantly, either from 
tank to tank within experiments or between experiments for both static and flow-through test 
chambers. All measurements were within acceptable limits (Clesceri et al., 1989; ASTM, 
1996).  
 
Table 4.1. Water characteristics for larval exposures in static test chambers. Mean (±SE) 
temperature (°C), dissolved oxygen (mg/L), pH, and conductivity (µS/cm) (n =14).  
 
Exposure typea Temperature Dissolved oxygen pH Conductivity  
 
Endosulfan 
 
22.5 (0.20) 
 
7.19 (0.12) 
 
7.46 (0.02) 
 
96.8 (0.80) 
 
Profenofos Q 
 
20.5 (0.10) 
 
7.56 (0.33) 
 
7.31 (0.04) 
 
100 (0.40) 
 
Deltamethrin 
 
20.3 (0.10) 
 
6.80 (0.17) 
 
7.55 (0.02) 
 
101 (1.00) 
 
4-chlorophenolb 
 
25.8 (0.24) 
 
7.40 (0.12) 
 
7.23 (0.12) 
 
131 (0.63) 
a Water characteristics  recorded at 0 and 4 h were pooled. 
b
. n = 7 for 4-chlorophenol and 4-chlorophenol DO results are in ppm due to metering problems 
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4.4.2 Comparative toxicity  
 
Based on 96 h PE LC50s, the data showed that deltamethrin was the most toxic of the 
insecticides to crimson-spotted rainbowfish, followed by endosulfan and profenofos Q, with 
96 h PE LC50s of 4.9 µg/L, 6.6 µg/L, and 10.9 mg/L respectively. 
 
The 72 and 96 h PE LC50s for crimson-spotted rainbowfish pulse-exposed to deltamethrin 
were below values detected under field conditions (Muir et al., 1985), while 24, 48, 72, and 
96 h PE LC50s for endosulfan were within 1 µg/L of reported field concentrations (Peterson 
and Batley, 1991; Preece and Whalley, 1993). In contrast, acutely lethal (LC50) profenofos 
Q concentrations were more than two orders of magnitude higher than observed field 
concentrations (Kumar and Chapman, 1998, 2001). Based on 96 h PE LC50s, the order of 
sensitivity of crimson-spotted rainbowfish to the three insecticides in this investigation was 
deltamethrin > endosulfan >> profenofos Q. 
 
LC50s were unobtainable for rainbowfish pulse-exposed to endosulfan, profenofos Q, or 
deltamethrin immediately following exposure (Table 4.3) due to insufficient mortality. 
LC50s were first generated for endosulfan, profenofos Q, and deltamethrin at 8, 24, and 48 h, 
respectively. Acute response data for crimson-spotted rainbowfish pulse-exposed to the three 
chemicals are outlined in Table 4.4. No insecticide contamination was recorded in the 
controls or procedural controls.  
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4.4.2 Water characteristics 
 
Table 4.2. Water characteristics for larval exposures in flow-through test chambers. Mean 
(±SE) temperature (°C), dissolved oxygen (mg/L), pH, and conductivity (µS/cm) (n =35).  
 
Exposure type Temperatur
e 
DO pH Conductivity  
 
Endosulfan 
 
25.3 (0.10) 
 
8.30 (0.05) 
 
7.41 (0.02) 
 
125 (0.40) 
 
Profenofos Q 
 
22.1 (0.10) 
 
8.10 (0.15) 
 
7.42 (0.02) 
 
105 (0.80) 
 
Deltamethrin 
 
21.9 (0.10) 
 
8.00 (0.13) 
 
7.45 (0.02) 
 
104 (0.90) 
 
4-chlorophenolb 
 
24.6 (0.09) 
 
8.48 (0.08) 
 
7.60 (0.12) 
 
128 (0.49) 
a Water characteristics recorded at 4, 24, 48, 72 and 96 h were pooled. 
b
. n = 14 for 4-chlorophenol and 4-chlorophenol DO results are in ppm due to metering problems 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 91 
Table 4.3. The 8, 12, 24, 48, 72 and 96 h PE LC50s (95% fiducial limit [FL]) for < 1-day-old 
rainbowfish pulse-exposed (4 h) to endosulfan (µg/L), profenofos Q (mg/L), deltamethrin 
(µg/L) and 4-Chlorophenol (mg/L) (n = 3 for each LC50). Values determined using nominal 
pesticide concentrations. 
 
 
a
 Determined using Maximum Likelihood Probit 
N/A – values in excess of 1,000 
 
Toxicant Time (h) LC50s (95% FL)a 
Endosulfan 8 8.2 (7.5, 9.0) 
 12 7.5 (7.2, 8.0) 
 24 7.5 (6.6, 8.4) 
 48 7.2 (6.7, 7.8) 
 72 7.2 (6.7, 7.7) 
 96 6.6 (4.8, 9.1) 
Profenofos Q 8 N/A 
 12 N/A 
 24 243 
 48 325 (202, 524) 
 72 12 (9, 16) 
 96 10.9 (4.3, 27) 
Deltamethrin 8 N/A 
 12 N/A 
 24 N/A 
 48 17 (7.4, 39) 
 72 5.7 (3.1, 10) 
 96 4.9 (0.9, 27) 
4-Chlorophenol 96 2.6 (0.8, 11) 
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Table 4.4. Acute response data for crimson-spotted rainbowfish pulse-exposed to endosulfan, 
profenofos Q, and deltamethrin.  
 
 
 
Exposure typeab 
 
 
NOECc 
 
 
LOECd  
 
 
LC25  
 
 
LC50  
 
 
Endosulfan 
 
 
3.2 
 
 
5.6 
 
 
5.7 
 
 
6.6 
 
 
Deltamethrin 
 
 
0.3 
 
 
1.0 
 
 
0.9 
 
 
4.9 
 
 
Profenofos 
 
3.2 
 
5.6 
 
6.8 
 
10.9 
 
4-Chlorophenol 
 
2.0 
 
4.0 
 
1.7 
 
2.6 
 
a Endosulfan and deltamethrin values are in µg/L 
b Profenofos and 4-chlorophenol values are in mg/L 
c NOEC takes into account control mortality 
d
 1-tail, 0.05 level of significance 
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4.4.3 Insecticide toxicity 
 
4.4.3.1 Endosulfan 
 
The calculated 8, 12, 24, 48, 72, and 96 h PE LC50s (95% fiducial limits) of technical grade 
endosulfan, dissolved in acetone, using a flow-through bioassay system, to less than one-day-
old M. fluviatilis are presented in Table 4.3. Control mortality was less than 10%.  
 
Significant (p = 0.043) 96 h rainbowfish mortality was observed at pulse-dosed endosulfan 
concentrations of 5.6 µg/L and above as depicted by the sharp inclines in concentration-
response curves in Figure 4.1. Seventy-five, and ninety percent of fish pulse-exposed to 10 
µg/L were dead within 8 and 12 h, respectively. In contrast, only 10% of rainbowfish 
exposed to 5.6 µg/L endosulfan died within 72 h following exposure. Rainbowfish were not 
acutely sensitive to pulse-exposed endosulfan concentrations of 3.2 µg/L and below.  
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Figure 4.1. Percentage mortality of less than one-day-old rainbowfish at 24, 48, 72, and 96 h 
following a 4 h pulse-exposure to endosulfan. Mean (±SE) values are indicated. Nominal 
endosulfan treatment concentrations were used to construct concentration-response curves. 
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Behavioural responses of rainbowfish pulse-exposed to endosulfan were recorded at 0.25, 4, 
and every 24 h thereafter, for the duration of the 96 h test. A number of modifications in 
rainbowfish behaviour were observed during and following the 4 h pulse-exposure to 
endosulfan. The observed aberrations were dependent on both time and toxicant 
concentration. 
 
The first sign of behavioural change induced by exposure to endosulfan was observed to be 
an increase in the swimming rate and twitching of the fish. The initial observation period 
(0.25 h) showed that fish exposed to 1 µg/L endosulfan and above had increased their 
swimming rate and rate of twitching, with fish in all treatments above 1 µg/L in a state of 
high agitation. The 4 h observation period showed that fish exposed to 0.32 µg/L endosulfan 
had begun to twitch. The slight twitching observed in fish exposed to 1 µg/L endosulfan at 
0.25 h had intensified by the end of the 4 h exposure. The intense twitching observed in fish 
exposed to 3.2 and 5.6 µg/L at 0.25 h had progressed to a state of lethargy with 2 of the fish 
exposed to 5.6 µg/L observed to be comatose. At the conclusion of the 4 h pulse-exposure, 
50% of fish exposed to 10 µg/L endosulfan were in a comatose state while four fish had died. 
After 24 h, 20 and 90% of fish exposed to 5.6 and 10 µg/L were comatose. The progression 
in behavioural response was dependent on concentration. 
 
Recovery from the comatose state was not observed in any fish over the duration of the 
investigation. However, not all fish that entered into a coma died during the experiment. A 
number of fish in the ‘lethargic’ phase at the conclusion of the pulse were capable of 
recovering to normal swimming behaviour; however, this transition back to normal 
swimming behaviour did not include the progression through the twitching stage. As a 
number of fish in the lethargic phase were close to entering a state of coma by the conclusion 
of the pulse, it is uncertain whether these fish recovered prior to the 24 h observations. Fish 
exhibiting the behavioural response of twitching in response to endosulfan poisoning were 
capable of a full recovery to pre-exposed swimming behaviour within an hour of being 
transferred to freshwater. Changes in rainbowfish behaviour leading to mortality appeared to 
follow a set order initiated by various degrees of twitching followed by lethargy, a state of 
comatose and finally death.  
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4.4.3.2 Profenofos 
 
The calculated 48, 72, and 96 h PE LC50s (95% fiducial limits) of technical grade profenofos 
Q, dissolved in acetone, using a flow-through bioassay system, to less than one-day-old M. 
fluviatilis are presented in Table 4.3. Control mortality was less than 10%  
 
Statistically significant (Mann-Whitney U, p = 0.037) acute toxicity of rainbowfish to pulse-
exposed profenofos Q was first observed at 24 h, following exposure to the highest treatment 
concentration of 100 mg/L. At 48 h mortality was first recorded at profenofos Q 
concentrations above 3.2 mg/L and was concentration dependent. Approximately half of the 
total number of fish that died at 96 h had died by the end of the second day. The notable 
exception on day 2 was the massive death rate in fish exposed to 100 mg/L profenofos where 
80% of fish died. Ninety six hour concentration-dependent delayed mortality was significant 
(p = 0.043) in rainbowfish pulse-exposed to profenofos concentrations above 10 mg/L 
(Figure 4.2).  
 
All fish exposed to 32 mg/L were dead by 72 h. The greater than 50% increase in fish deaths 
over the 24 h period from 48 to 72 h in fish exposed to 32 mg/L profenofos coincided with a 
less than 10% fish death in the remaining treatments. Rainbowfish were not significantly 
acutely sensitive (p = 0.099) to profenofos Q concentrations of 1 mg/L over the duration of 
the investigation.  
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Figure 4.2. Percentage mortality of less than one-day-old rainbowfish at 24, 48, 72, and 96-h 
following a 4 h pulse exposure to profenofos Q. Mean (±SE) values are indicated. Nominal 
profenofos treatment concentrations were used to construct the concentration-response 
curves.  
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The first sign of behavioural change induced by exposure to profenofos was observed to be 
an increase in the swimming rate and twitching of fish exposed to 3.2 mg/L profenofos and 
above. The behaviour of fish exposed to 1 mg/L profenofos was not altered within 15 
minutes of exposure. However, all fish exposed to 1 mg/L were twitching by the completion 
of the four-hour pulse. The twitching noted at 4 h was not evident in any fish pulse-exposed 
to 1 mg/L profenofos at 24 h. Fish that died post-exposure appeared to bypass the twitching 
stage and became increasingly lethargic to the point of coma and finally death.  
 
The slight twitching observed in fish exposed to 3.2 mg/L at 15 minutes had progressed into 
severe twitching and lethargy by the completion of the pulse exposure. While twitching was 
not evident in fish at 24 h, 50% of the fish pulse-exposed to 3.2 mg/L profenofos were in a 
coma. Fish observed to be twitching following pulse-exposure to 10 mg/L profenofos for 15 
minutes had become lethargic by 4 h. At the completion of day 1, 70-80% of the fish pulse-
exposed to 10 mg/L were in a coma with half the remaining fish suffering from lethargy. At 
48 h, more than 95% of fish exposed to 10 mg/L were comatose, the remaining individual 
was suffering severe lethargy. 
 
Severe twitching was the predominant behavioural modification in fish pulse-exposed to 32 
and 100 mg/L profenofos after 15 minutes. Lethargy and coma dominated the behaviour of 
fish exposed to 32 and 100 mg/L profenofos, with 30 and 40% of fish respectively, in a 
comatose state following the pulse-exposure. All fish (with the exception of one [100 mg/L]) 
exposed to 32 and 100 mg/L profenofos were comatose by 24 h. Recovery from the comatose 
state was not evident in this investigation. Time spent in the lethargic and comatose states 
was observed to be considerably less in fish exposed to higher concentrations of profenofos 
Q compared with fish exposed to lower concentrations over the duration of the experiment. 
 
When transferred to freshwater, all rainbowfish were capable of recovering from the 
twitching effects induced by the action of profenofos within the first day. The recovery of 
fish from lethargy in the higher concentrations was not however, evident at the conclusion of 
the first day. It is possible that ‘lethargic’ fish recovered and then lapsed back into the 
lethargic state some time prior to the 24 h observation. The transfer of fish to freshwater did 
not, however, prevent fish from entering into the lethargic and comatose states at a later time 
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during the investigation. The symptomatic progression of fish behaviour was time and 
concentration dependent. 
 
4.4.3.3 Deltamethrin 
 
The calculated 48, 72, and 96 h PE LC50s (95% fiducial limits) of technical grade 
deltamethrin, dissolved in acetone, using a flow-through bioassay system, to less than one-
day-old M. fluviatilis were 17 (7.4, 39), 5.7 (3.1, 10), and 4.9 (0.9, 27) µg/L, 
respectively(Table 4.3). The results show that deltamethrin is highly toxic to rainbowfish.  
 
Deltamethrin toxicity showed a variety of time and concentration dependent effects (Figure 
4.3). Significant rainbowfish mortality was first observed at the conclusion of the 4 h pulse 
when exposed to 1 and 3.2 µg/L deltamethrin, where mortality in the first 4 hrs contributed to 
67 and 63% of the 96 h mortality, respectively. In contrast, only 33, 19, and 15% of the 96 h 
fish mortalities was observed at 24 h following pulse-exposure to 10, 32, and 100 µg/L 
technical grade deltamethrin, respectively. The majority of rainbowfish mortalities due to 
pulse-exposure to deltamethrin concentrations above 3.2 µg/L were delayed. 
 
At intermediate deltamethrin concentrations (10 and 32 µg/L) fish deaths more than doubled 
from 24 to 48 hours, then steadily increased to 96 h values while fish exposed to 100 µg/L 
recorded a five-fold increase in mortality over a corresponding time frame. Fish were not 
acutely sensitive to pulse-exposures of 0.32 µg/L deltamethrin over the duration of the 
experiment (Figure 4.3). Control mortality was less than 10%. 
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Figure 4.3. Percentage mortality of less than one-day-old rainbowfish at 24, 48, 72, and 96-h 
following a 4 h pulse-exposure to deltamethrin. Mean (±SE) values are indicated. Nominal 
deltamethrin treatment concentrations were used to construct the concentration-response 
curves.  
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Fish exposed to 0.32 µg/L deltamethrin exhibited no observed behavioural modifications 15 
minutes into the exposure. By the completion of the 4 h pulse approximately half of these 
fish were twitching. Observations at 24 h and for the remainder of the experiment showed 
that the twitching noted at 4 h ceased. 
 
Rainbowfish fish exposed to 1, 3.2, 10, 32, and 100 µg/L were noticeably agitated after 15 
minutes of exposure to deltamethrin, however, no lethargy or coma was observed. A 
dramatic change in fish behaviour was observed at the completion of the 4 h pulse where fish 
from all treatments had lapsed into coma. The movement of fish into the comatose state was 
concentration-dependent with greater numbers of comatose fish observed at higher 
deltamethrin concentrations. The dependence of concentration on fish in and entering the 
comatose state was observed at 24 h. This concentration-dependent increase in comatose fish 
was not evident over the remainder of the experiment, possibly as a result of the large 
numbers of comatose fish already present in the higher concentrations combined with fewer 
live fish in treatments with lower deltamethrin concentrations.  
 
4.4.3.4 4-chlorophenol 
 
M. fluviatilis pulse-exposed to 4-chlorophenol had a mean 96 h PE LC50 of 2.6 mg/L and the 
concentration-response curve for rainbowfish pulse-exposed to 4-chlorophenol was typically 
sigmoidal in shape (Figure 4.4). Concentrations of 2 mg/L and above significantly increased the 
mortality of rainbowfish pulse-exposed to 4-chlorophenol compared with control mortality. No 
behavioural analysis was performed on rainbow fish exposed to 4-chlorophenol. There was no 
significant difference (Kruskal-Wallis, p = 0.39) in sensitivity/fitness of fish pulse-exposed to 4-
chlorophenol based on 96 h PE LC50s throughout the experimental period when used as an 
internal reference.  
 
4.4.4 Average Exposure Concentration (AEC)  
 
A 1 litre sample of treatment water was set aside for each chemical prior to and following the 
inclusion of test organisms. Treatment samples of deltamethrin and endosulfan were analysed 
at a nominal concentration of 10 µg/L and 10 mg/L for profenofos. The samples were stored 
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in a refrigerated environment at 4 degrees centigrade. Measured AEC values for 
deltamethrin, endosulfan, and profenofos Q were 3.3 µg/L, 6.2 µg/L, and 7.0 mg/L, 
respectively (Table 4.5). The reduction in measured from nominal insecticide concentration 
was attributed to experimental error and loss due to insecticide degradation, volitilisation, 
and adsorption to glassware and test organisms. Significant losses of measured insecticide 
concentrations were observed over the duration of the pulse exposure for all three toxicants. 
All toxicant concentrations presented in this investigation are nominal unless measured 
concentrations are specified. 
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Figure 4.4. Percentage mortality of less than one-day-old rainbowfish at 96-h following a 4-h 
pulse exposure to 4-chlorophenol. Mean (±SE) values are indicated. Measured 4-chlorophenol 
treatment concentrations are displayed. 
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Table 4.5. The determination of 96h AEC values from measured insecticide concentrations at the beginning (T1) and end (T2) of the 4 h pulse-
exposure to less than one-day-old M. fluviatilis.  
 
 
Exposure Type 
 
Nominal concentration µg/L 
 
Measured concentration (µg/L)a 
  T1 T2 AEC 
 
Endosulfan 
 
10 (µg/L) 
 
 
7.5 
 
 
4.9 
 
 
6.2 
 
 
Deltamethrin 
 
10 (µg/L) 
 
4.2 
 
2.3 
 
3.3 
 
Profenofosb 
 
10 (mg/L) 
 
7.4 
 
6.5 
 
7.0 
 
    
a
 OCP, OPP, and SPP were analysed by WSL Consultants, Melbourne. 
b
 AEC value adjusted for analytical recovery percentage 
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4.5 Discussion  
 
4.5.1 Comparative toxicity 
 
Pulse-exposed deltamethrin was the most toxic of the three insecticides to crimson-spotted 
rainbowfish followed by endosulfan and profenofos Q with nominal LC50s of 4.9 µg/L, 6.6 
µg/L, and 10.9 mg/L, respectively. The acute lethality studies conducted in the laboratory 
clearly demonstrated that pulse-exposed technical grade deltamethrin and endosulfan are 
extremely toxic to Australian crimson-spotted rainbowfish at environmentally realistic 
concentrations and that these cotton pesticides may pose a serious threat to the continued 
survival of rainbowfish in the field. 
 
Deltamethrin was capable of killing fish at concentrations in the low ppb range during 
exposure. However, the majority of latent (post-exposure) mortality occurred on day 2 and 
was attributed to indirect physiological changes caused by the action of the insecticide. In 
contrast, the majority of mortality due to endosulfan exposure occurred between 4 and 24 h 
and was directly attributed to direct physiological disturbances to the fish. Fish death due to 
physiological aberrations caused by the direct action of profenofos Q poisoning was 
restricted to the highest test concentration. The relative insensitivity of rainbowfish to pulse-
exposed profenofos indicates that it is unlikely that this compound will impact acutely on 
rainbowfish in the field. Behavioural modifications in fish were apparent during and 
following pulse-exposure to the three insecticides investigated and helped elucidate the 
mechanisms behind their toxicity. 
 
4.5.2 Endosulfan Toxicity 
 
The results show that technical grade endosulfan is highly toxic to rainbowfish. The 
sensitivity of rainbowfish pulse-exposed to endosulfan was within an order of magnitude of 
reported values for continuously exposed freshwater fish and within levels likely to occur in 
the Australian aquatic environment. Consequently, episodic pollution of Australian 
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waterways (specifically those within cotton growing regions) with endosulfan may pose a 
serious threat to the long-term survival of wild crimson-spotted rainbowfish. 
 
In Australian laboratory experiments, Sunderam et al., (1992) determined the LC50 for the 
eastern rainbowfish to be 2.4 µg/L and the Australian water quality guidelines (ANZECC  & 
ARMCANZ, 2000) published the 96 h LC50 for M. fluviatilis continuously exposed to 
endosulfan at 5.7 µg/L. These values are consistent with the 96 h PE LC50 of 6.6 µg/L 
obtained in this study. LC50s at 8, 12, 24, 48, 72, and 96 h for rainbowfish pulse-exposed to 
endosulfan were within 1.7 µg/L of each other. These values are consistent with the findings 
of Rao and Murty (1980) who recorded 24, 48, 72, and 96 h LC50s of 3.0, 2.4, 1.5, and 1.2 
µg/L, respectively, for the fish, Anabas testudineus, continuously exposed to endosulfan. 
Similarly, restricted intra-experimental LC50s have been documented in the freshwater fish, 
Channa punctatus (Bloch) (11.3 – 5.8 µg/L) continuously exposed to technical grade 
endosulfan (Haider and Inbaraj, 1986), and in bluegills (3.6 – 3.3 µg/L) and guppies (4.6 – 
3.7 µg/L) exposed to the formulated product, Thiodan (Pickering and Henderson, 1966). The 
more environmentally realistic episodic-exposure employed in this investigation may provide 
an alternative to the more labor and cost intensive continuous exposures traditionally 
employed to provide comparative toxicity estimates for endosulfan in fish species.  
 
Holdway et al. (1994) argued that rainbowfish mortality within the first 24 h of exposure 
might be due to direct physiological effects of the pesticide, while subsequent mortality was 
due primarily to starvation of larvae unable to recover from the initial toxic insult. Following 
this reasoning, the death of fish exposed to 5.6 µg/L (LOEC) endosulfan was predominantly 
the result of starvation due to the indirect toxic action of endosulfan while direct 
physiological alterations in rainbowfish pulse-exposed to 10 µg/L endosulfan was 
responsible for their death.  
 
4.5.2.1 Mechanisms of endosulfan toxicity 
 
Disruption to the normal functioning of enzymes and their ability to catalyze specific 
biochemical reactions in fish, due to endosulfan exposure, may lead to tissue and organ 
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failure and consequently to the death of fish exposed to 10 µg/L in the current investigation. 
Delayed mortality in the remaining concentrations was primarily attributed to an increase in 
energy usage as a result of indirect endosulfan toxicity. 
 
Acute 24 h toxicity in rainbowfish pulse-exposed to endosulfan concentrations above 3.2 
µg/L was likely the direct result of disruption to the enzymatic properties of nerve cell 
membranes, leading to changes in the kinetics of Na+ and K+ ion flow. The reported action of 
endosulfan on Na+, K+ -ATPase, which is intimately coupled to osmoregulation, may 
irreparably affect the osmoregulation capacity of fish (Dalela et al., 1978). As gills are the 
primary sites of toxicant adsorption in fish, electrophysiological and morphological damage 
to gill membranes and gills due to changes to ion flow is likely to impair oxygen 
consumption and alter respiratory metabolism of rainbowfish. The failure of these tissues to 
function optimally may have significantly contributed to rainbowfish mortality (Reddy and 
Gomathy, 1977; Rao and Murty, 1980; Day, 1984; Smith, 1991; Holdway et al., 1994; 
Videira et al., 2002). Dalela et al. (1978) reported that acute (5 h) exposure of the fish 
Channa gachua to 11.8 µg/L endosulfan produced histological changes in the gill including: 
necrosis, fusion and erosion of the lamellae and filaments, supporting the proposition that gill 
damage in rainbowfish exposed to 10 µg/L endosulfan was a possibility. The passage of 
endosulfan from the gills to the liver and kidneys via the blood and lymphatic systems 
indicates that these organs may be intricately linked with endosulfan toxicity. 
  
The liver and kidneys are the major sites of binding, storage, transportation, degradation and 
detoxification of endosulfan and its metabolites (Rao and Murty, 1980; Devi et al., 1981). 
Consequently, damage to these organs may have directly contributed to rainbowfish 
mortality. Damage to the mesonephros and associated ducts of rainbowfish extend the effect 
of gill tissue damage by inhibiting or preventing the ability of rainbowfish to osmoregulate.  
The stress placed on the liver as the organ responsible for the production of detoxifying 
enzymes may also have increased endosulfan toxicity to rainbowfish. Metabolic destruction 
and transportation of endosulfan and its metabolites from their site/s of action would have 
become increasingly restricted and resulted in the direct death of rainbowfish pulse-exposed 
to endosulfan concentrations above 5.6 µg/L (Murty and Devi, 1982; Timbrell, 1991; 
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Rufingier et al., 1999; Bhavan and Geraldine, 2001). The observations by Reid et al. (1995) 
that the liver of M. fluviatilis did not become functional until day three argues against the 
liver toxicity hypothesis above.  
 
The death of fish pulse-exposed to endosulfan concentrations below 10 µg/L is arguably the 
result of indirect physiological changes leading to an increase in energy consumption. As the 
yolk present at hatch provides sufficient energy for 4-5 days prior to the commencement of 
exogenous feeding (Holdway et al., 1994) it is likely that energy related expenses in M. 
fluviatilis exposed to 5.6 µg/L endosulfan were higher than in other treatments and 
consequently these fish depleted their endogenous food reserves (yolk) leading to significant 
96 h mortality. Mortality in rainbowfish pulse-exposed to endosulfan concentrations below 
5.6 µg/L indicate that the stress induced via inhibition or damage of enzymes and tissues and 
organs, respectively, was transient and/or insufficient to cause mortality. The relationship 
between behaviour and mortality may provide additional evidence for the role of endosulfan 
induced energy consumption. 
 
4.5.2.2 Behaviour and toxicity 
 
The current investigation outlines the transition of symptoms with concentration and argues 
that behaviour may be used to predict endosulfan-induced rainbowfish mortality. The 
behavioural observations of fish exposed to varying concentrations of endosulfan in the 
current investigation are consistent with endosulfan poisoning symptomology in the literature 
(Schoettger, 1970; Gopal et al., 1981; Singh and Srivastava, 1981). The observation by the 
WHO (1984a) and Matthiessen et al. (1982), that endosulfan residues are cleared ‘rapidly 
once the source of contamination is removed’ is in good agreement with our observation that 
fish exhibiting twitch behaviour at the completion of the pulse-exposure to endosulfan 
recovered when moved to freshwater. The ability of fish to metabolise and/or remove 
endosulfan responsible for the induction of twitch behaviour was sufficient to prevent direct 
and indirect physiological damage responsible for mortality; the factors responsible for 
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twitching following a 4 h exposure to endosulfan were ephemeral and incapable of causing 
mortality irrespective of concentration.  
 
Lethargic behaviour in rainbowfish pulse-exposed to endosulfan was limited to 
concentrations sufficient to cause mortality, however, the correlation between lethargy and 
mortality was poor. A number of lethargic fish were unable to recover when moved to 
freshwater, suggesting that irreversible physiological damage had occurred in a number of 
fish exposed to 3.2 µg/L endosulfan. Fish entering lethargy post-pulse did so without 
exhibiting signs of twitching, confirming our premise that twitch behaviour was limited to 
direct exposure and that concentrations capable of inducing post-pulse lethargy were capable 
of causing irreversible physiological damage to rainbowfish. The high correlation between 
comatose fish at 4 h with 96 h mortality indicates that rainbowfish entering a comatose state 
as a result of exposure to endosulfan are incapable of recovery even when moved to 
freshwater. While the association between behavioural state and recovery could not be 
determined in the lethargic stage, it was an excellent predictor of the ability of fish to recover 
from the twitching and comatose states. The relationship between coma and death induced by 
the toxic action of pulse-exposed endosulfan to rainbow fish was clear. 
 
The observation that rainbowfish pulse-exposed to 0.32 µg/L endosulfan modified their 
behaviour is of concern. Such behavioural modifications may limit their ability to survive in 
the short term, possibly as a result of their inability to avoid predation and/or be subject to 
displacement due to drift. These short-term behavioural modifications may have long-term 
effects on the sustainability of wild rainbowfish populations. The significance of other sub-
lethal effects induced by pulse-exposed endosulfan, such as its ability to disrupt the proper 
functioning of the endocrine and/or a variety of enzyme systems, requires further 
investigation. 
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4.5.3 Profenofos 
 
The results show that technical grade profenofos Q is toxic to fish. The toxicity of profenofos 
pulse-exposed to rainbowfish was an order of magnitude higher than reported values for 
continuously exposed freshwater fish and above levels likely to occur in the Australian 
aquatic environment (Kumar and Chapman, 1998, 2001). Consequently, profenofos may not 
pose an acute threat to rainbowfish at reported field concentrations. 
 
Published toxicity tests on fish indicate that the lethal concentration of profenofos required to 
kill half of the individuals within a population ranges from 19-2500 µg/L (ANZECC  & 
ARMCANZ, 2000). This degree of variation is supported by the findings of Vittozzi and De 
Angelis (1991) for OP insecticides in general. Lethality estimates in the current study fall 
outside those reported in the literature. The 96 h LC50 for the Australian eastern rainbowfish 
(a close phylogenetic relative of M. fluviatilis), Melanotaenia duboulayi, continuously 
exposed to profenofos was 910 µg/L (Kumar and Chapman, 1998) suggesting that the 
duration of exposure in the present investigation led to much of the observed insensitivity of 
crimson-spotted rainbowfish to profenofos. 
 
The toxicity of rainbowfish pulse-exposed to profenofos was largely attributed to the 
inhibition of AChE. The presence and induction of other enzymes such as aliesterases and 
the mixed function oxidase (MFO) system, respectively, may help elucidate the mechanisms 
responsible for the observed toxicity. The high correlation between depressed AChE levels 
and manifestations of toxic effect for a range of OP insecticides (Goodman et al., 1979; 
Lockhart et al., 1985; Inbaraj and Haider, 1988) including profenofos (Kumar and Chapman, 
1998; Hamadain and Chambers, 2001) suggests that mortality in fish pulse-exposed to 100 
mg/L profenofos in the present study was predominantly the result of direct physiological 
damage to nerves, muscles and associated organs via AChE depression. While the effects of 
AChE inhibition may have resulted in direct physiological aberrations in rainbowfish pulse-
exposed to profenofos concentrations of 100 mg/L, the majority of mortality across 
concentrations was attributed to the indirect effects of profenofos toxicity.  
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Mortality in rainbowfish pulse-exposed to profenofos concentrations less than 100 mg/L was 
delayed and dependent on concentration. The dependence of mortality on concentration 
correlates well with the findings of Kumar and Chapman (1998) who reported that parathion 
and profenofos residues, respectively, in exposed fish were directly proportional to the 
concentration of toxicant in the water. The delayed dependence of mortality on concentration 
(and consequent AChE inhibition) over the final 48 h suggests that the latent death of fish 
was the result of the irreversible action of profenofos within the 4 h pulse-exposure. The 
noted delay in recovery from the insult of AChE inhibition may be related to recovery from 
inhibition and concentration. Based on this premise the temporal persistence of AChE 
inhibition may be, in part, responsible for delayed mortality in rainbowfish pulse-exposed to 
profenofos. While variations in recovery time with concentration and mortality are absent 
from the literature they may be an important factor of profenofos and/or OP toxicity.  
 
Observations of mortality in rainbowfish pulse-exposed to profenofos may also be influenced 
by the presence of enzymes involved in the detoxification process. Enzymes such as 
aliesterases (AliE) and mixed-function oxidases (monooxygenase) may have contributed to 
the detoxification of profenofos and its metabolites. Aliesterases provide alternative 
phosphorylation sites and may have reduced the concentration of profenofos available to 
inhibit AChE. Such a reduction in site availability would presumably lead to a greater 
proportional reduction in effect on fish exposed to the lower profenofos concentrations. The 
data suggest that the lower concentrations of profenofos used were insufficient to determine 
the validity of this claim.  
 
The link between high levels of AChE inhibition with the oxidization of profenofos to the 
more toxic oxon analog by the mixed-function oxidase (MFO) system indicates that the 
oxidizing pathway may have increased the toxicity of profenofos and/or its analog to fish at 
concentrations above 10 mg/L (Vittozi and De Angelis. 1991). The oxons reach their site of 
action and phosphorylate AChE. The activation rate of the parent compound to the more 
toxic oxon analog has been shown to vary with AChE inhibition (de Bruijn et al., 1991), 
which in turn has been shown to vary with profenofos concentration. Kumar and Chapman 
(1998) argue that the internal distribution and biotransformation of profenofos into toxic 
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metabolites might be slower at higher toxicant concentrations (4000 µg/L) compared with the 
parent compound. Therefore, lower concentrations of profenofos may induce a proportionally 
greater toxic response as a result of a higher proportion of oxidized profenofos metabolites. 
This conclusion is supported by de Bruijn et al. (1991) who observed that at low 
concentrations of clorothion and methidathion (both organophosphates) a much lower lethal 
body burden (LBB) could be attributed to a more specific mode of action at lower 
concentrations due to effects on the biotransformation process. While the rates of oxidation 
and transportation to sites of action and phosphorylation rates of AChE induced by varying 
concentrations of profenofos remain unknown, so do the precise mechanisms responsible for 
acute profenofos toxicity to rainbowfish. 
 
Post 24 h rainbowfish mortality was attributable to indirect physiological constraints induced 
by the action of pulse-exposed profenofos. The suggestion by Holdway et al. (1994) that 
death due to the indirect effects of toxicant exposure in rainbowfish may be the result of 
energy restraints caused by a lack of food may help explain the delayed mortality.  Fish 
exposed to higher concentrations of profenofos may expend more energy than fish exposed 
to lower profenofos concentrations as a result of increased stress caused by damage to cells, 
tissues and organs. The initiation of detoxification systems, the increase in respiration and 
associated systems, activation of cellular repair mechanisms and inefficient cell functioning 
may all contribute to an increase in energy expenditure as a result of exposure to profenofos. 
The greater the energy expenditure, the faster the energy source (yolk sac) would be 
depleted, thus accounting for the concentration-dependent, delayed mortality of rainbowfish 
exposed to profenofos. Variations in energy use and thus latent toxicity may be associated 
with modifications in fish behaviour.  
 
The behavioural modifications of rainbowfish pulse-exposed to profenofos were consistent 
with OP poisoning symptomology in the literature. Symptomatic poisoning of fish as a result 
of OP exposure include: hyperactivity in bluegills exposed to methyl parathion (Henry and 
Atchinson, 1984) loss of equilibrium, increased respiration, and convulsions in fish exposed 
to cholinesterase inhibitors (McKim et al., 1987), spasmodic jerking in Asiatic catfish 
poisoned with malathion (Singh et al., 1984), and excessive reactivity in sheepshead minnow 
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(Cyprinodon variegatus) poisoned with diazinon (Goodman et al., 1979). Drummond and 
Russom (1990) classified chemicals according to general mode of action using behavioural 
and morphologic signs of stress from acute poisoning. The data from the current 
investigation favour the physical deformity syndrome - the specific mode of action for 
anticholinesterase agents. Profenofos not only puts a physiologic stress on fish but it also 
induces changes in behaviour consistent with increased inhibition of AChE activity (Kumar 
and Chapman, 1998). 
 
Behavioural responses in rainbowfish pulse-exposed to profenofos were concentration 
dependent and may be used to predict 96 h rainbowfish mortality. The transition in 
rainbowfish behaviour evolved from slight to severe twitching into a state of lethargy and 
finally coma with an increase in exposure time and concentration. All fish recovered from 
twitch behaviour, a number of fish recovered from the early stages of lethargy while no fish 
were observed to recover from comatose during or following exposure. The transition of 
lethargic fish to normal swimming behaviour post-pulse did not include progression through 
the twitching stage indicating that direct exposure to profenofos was responsible for the 
twitch response. The lack of twitching post-pulse (24 h) may indicate the subsidence and/or 
recovery from AChE inhibition. The factors responsible for the induction of twitch behaviour 
in rainbowfish were transitory and dependent on direct exposure to profenofos. The time 
taken to recover from twitch behaviour post-pulse was not evident as the proceeding 
observation period was 20 h after transfer of fish to freshwater. 
 
The onset of twitching in fish exposed to 3.2 mg/L profenofos (and above) at 0.25 h suggests 
that the inhibition of AChE as a result of exposure to profenofos was rapid. The speed of 
response was consistent with the findings of Brown and Brix (1998) who argue that the 
neurotoxicity of profenofos induced via AChE inhibition (acute cholinergic syndrome, 
[ACS]) occurs within a few minutes to a few hours. A number of authors (Byrne and 
Devonshire, 1991; Gunning et al., 1999) report that in vivo inhibition of esterase enzymes by 
profenofos occurred between 2 and 24 h, and 4 and 8 h after treatment, respectively. While 
the inhibition of AChE was rapid, its full effects may not become evident until some time 
after removal from exposure. The delayed inhibition of esterases may be responsible, in part, 
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for the high latent mortality of rainbowfish pulse-exposed to profenofos. The proportionally 
greater latent mortality in fish exposed to higher profenofos concentrations adds credibility to 
the notion that recovery from AChE inhibition may be concentration-dependent.  
 
While the symptoms and their progression appear to be a reasonable predictor of 48 - 96 h 
mortality in rainbowfish pulse-exposed to profenofos, the possibility of providing spurious 
results out-weigh the benefits of using these responses to predict mortality. Symptomology 
may be better used as an indicator of stress and consequently applied to risk assessment 
analysis on the basis of the possible association between sub-lethal toxicant concentrations 
and increased mortality in the field. Based on the results, profenofos used in isolation is not 
likely to kill rainbowfish at reported field concentrations. However, significant behavioural 
modifications in fish exposed to sub-lethal concentrations of profenofos may impinge 
negatively on their ability to survive in the field. 
 
4.5.4 Deltamethrin 
 
The results show that technical grade deltamethrin was highly toxic to rainbowfish. The 
crimson-spotted rainbowfish had a 96 h LC50 of 4.9 µg/L following 4 h pulse-exposure to 
deltamethrin. This value is below deltamethrin concentrations reported under field conditions 
(Muir et al, 1985; Maguire et al., 1989; Thomas, 2001) and consistent with the 48 h LC50 of 
5.1 µg/L for guppy fish, Poecilia reticulata, and the 96 h LC50 of 2.0 for Salmo furio 
continuously exposed to deltamethrin, respectively (Zitko et al., 1979; Viran et al., 2003). 
The 96 h LC50 of 2.3 µg/L in crimson-spotted rainbowfish following a 1 h pulse-exposure to 
esfenvalerate (Barry et al., 1995c) is in agreement with the findings of the current 
investigation suggesting that episodic pollution of Australian waterways with deltamethrin 
may pose a serious threat to the long-term survival of wild crimson-spotted rainbowfish 
populations. 
 
Significant (p < 0.034, Mann-Whitney U) 4 h rainbowfish mortality was restricted to a 
deltamethrin concentration of 3.2 µg/L while fish exposed to higher concentrations of 
deltamethrin were most acutely sensitive to the toxicant post-pulse. If the premise that death 
 115
within the first 24 h is the direct result of toxic action by an insecticide (Holdway et al., 
1994), then delayed mortality from 24 h onwards was the result of indirect physiological 
effects induced by the action of deltamethrin. Fish behaviour may help explain the factors 
responsible for deltamethrin toxicity.  
 
The high acute sensitivity to smaller concentrations of pulse-exposed deltamethrin may be 
associated with disproportional rates of uptake of deltamethrin from the aquatic environment 
as a result of behavioural modifications associated with swimming speed and opercular rates. 
The findings of Bradbury et al. (1987) indicate that uptake of esfenvalerate, by fish, was 
directly correlated with respiration rate and that an elevated basal metabolic rate was due to 
increased energy requirements for physiological stress, detoxification, and tissue repair. The 
observation that fish exposed to lower deltamethrin concentrations spent proportionally more 
time in the twitching phase compared with fish exposed to higher deltamethrin 
concentrations indicates that fish may have taken up proportionally more deltamethrin in the 
lower toxicant concentrations via the gills than fish in the higher concentrations that had 
moved into lethargic and/or comatose states. This proportional increase in uptake as a result 
of increased activity may explain the statistically significant (p < 0.037, Mann-Whitney U) 
24 h rainbowfish mortalityµg/L. The observation by Deér et al. (1996) that exposure to 2 
µg/L deltamethrin was inhibitory to the monooxygenase system of carp liver suggests that 1 
µg/L deltamethrin may have been insufficient to inhibit the action of detoxification enzymes 
in rainbowfish while exposure to 3.2 µg/L sufficiently inhibited their action leading to 
significant mortality. This explanation, however, fails to address the latent concentration-
dependent mortality observed in higher deltamethrin concentrations. The lack of rainbowfish 
mortality at 0.32 µg/L deltamethrin may be attributed to the rapid metabolism of 
deltamethrin and induction of hepatic microsomal cytochrome P450-dependent 
monooxygenases, as evidenced by Deér et al. (1996). The observations by Reid et al. (1995) 
that the liver of M. fluviatilis did not become functional until day three argues against the 
liver toxicity hypothesis above.  
 
The behavioural observations reported in this investigation are in close agreement with those 
of Viran et al., (2003) who noted that changes in behavioural response of guppies started 1h 
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after dosing in all deltamethrin concentrations tested. Guppies exposed to 1 µg/L 
deltamethrin (lowest) had close to normal behaviour while guppies exposed to 4 µg/L 
showed less general activity when compared with control group. Rapid gill movement, 
erratic swimming, swimming at the water surface and ‘gulping for air’, and prolonged and 
motionless lying down on the aquarium bottom were other responses observed at 
concentrations above 4 µg/L. The highest concentration (10.8 µg/L) showed all responses 
with the onset of effect observed within an hour following exposure to deltamethrin (Viran et 
al., 2003).  
 
The statistically insignificant death rate of rainbowfish exposed to deltamethrin 
concentrations above 3.2 µg/L, both during the pulse and for up to 24 hours post-pulse, may 
be attributed to the overwhelming narcotic effects of the insecticide leaving the fish lethargic 
or comatose. We argue that deltamethrin uptake via the gills may have been hindered during 
the lethargic and comatose states at high concentration as opercular and swimming rates were 
proportionally lower compared with fish exposed to lower deltamethrin concentrations. The 
dependence of mortality on concentration was observed over the final two days of the 
experiment in concentrations above 3.2 µg/L where the rate of fish dying was greater in 
higher deltamethrin concentrations. The observed decrease in the ratio of fish death: 
coma/lethargy (with an increase in concentration) at 4 and 24 h supports the conclusion that 
narcosis (represented by both lethargy and comatose) in rainbowfish may prevent fish from 
dying as a direct result of physiological changes induced by the action of pulse-exposed 
deltamethrin. The uptake of toxins in comatose fish is likely to be less compared with active 
fish as respiration is reduced in comatose fish. Significant (p<0.05) post 24 h rainbowfish 
mortality was observed in all deltamethrin concentrations above 0.32 µg/L. Factors 
associated with energy consumption are used to explain post 24 h death in rainbowfish pulse-
exposed to deltamethrin. 
 
Significant delayed mortality in rainbowfish was attributed to energy expenditure. Energy 
expended as a result of twitching during the pulse-exposure and the use of energy to repair 
damage caused by the action of deltamethrin during and following the pulse was likely to 
reduce the amount of energy required by the fish to survive the 96 h test. Energy reserves in 
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rainbowfish (in the form of yolk) are depleted at 4-5 days post-hatch, under stress-free 
conditions (Holdway et al., 1994). The induction of twitching and any associated rise in 
metabolic activity would require the use of energy otherwise reserved for normal 
physiological activity.  
 
Gill damage during the 4 h exposure may also have contributed to delayed concentration-
dependent mortality. Presumably damage to the gills induced by exposure to deltamethrin 
increased with concentration, as gills are the primary sites of deltamethrin absorption. Direct 
damage to the gill epithelium caused by acutely toxic concentrations of toxicant may produce 
internal hypoxia so that the fish suffers from a lack of oxygen. Additionally, gill damage may 
cause a severe loss of osmoregulatory ability so an electrolyte imbalance occurs 
simultaneously with the internal hypoxia. The findings of Heath (1987) and Sayeed et al., 
(2003) that exposure to deltamethrin caused oxidative-stress-inducing potential in Channa 
punctatus Bloch., with gills being the most sensitive organs and that deltamethrin-induced 
lipid peroxidation in all the tissues, with gills showing the highest levels, indicates that gill 
damage may explain, in part, the observed mortality of rainbowfish pulse-exposed to 
deltamethrin. While death appears to be multi-faceted it is predominantly induced by the 
initial damage to the gills.  
 
Post 24 h energy expenditure was presumably greatest in fish that were exposed to higher 
deltamethrin concentrations, as the physiological requirements necessary to overcome higher 
exposure concentrations would increase accordingly. The correlation between concentration 
and delayed mortality are in agreement with the energy: delayed mortality hypothesis 
presented. Comatose fish were prone to the added insult of fungal infestation, which 
appeared to be time dependent; the longer the time spent in a coma, the greater the chance of 
fungal growth on the fish. Stress in comatose fish may be proportionally higher than in free-
swimming fish, explaining, in part, the disproportionate death rates of fish in deltamethrin 
concentrations inducing comatose. The presence of body burden data would be beneficial in 
the support of these postulations. 
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While fish were found to be very sensitive to the toxic effects of deltamethrin under 
laboratory conditions, this sensitivity has not been confirmed under field conditions at 
insecticidal rates (Mulla et al., 1978; L’Hotellier and Vincent 1986). The claim made by 
L’Hotellier and Vincent (1986) that deltamethrin predominantly acts as a knockdown agent 
and that a full recovery from knockdown was observed in fish transferred to freshwater was 
not supported by the findings of this investigation. In contrast, it was concluded that the vast 
majority of fish ‘knocked-down’ died within 96 h following a 4 h pulse of deltamethrin, 
while many fish avoiding the alleged ‘knock-down’ during exposure died within a few days 
of transfer to fresh water.  
 
Behavioural modifications during exposure were not correlated with 24 h mortality, 
indicating that direct physiological changes induced by deltamethrin may not be predicted by 
behaviour. However, good agreement between increasing behavioural responses, 
concentration and mortality was observed post 24 h, suggesting that fish behaviour post-
exposure may be used to predict rainbowfish mortality. Overall, the use of behavioural 
modifications to predict the toxicity of pulse-exposure to deltamethrin in fish may lead to 
spurious conclusions.  
 
4.5.5 Relative toxicity 
 
The comparative acute toxicity of rainbowfish following a 4 h pulse-exposure to, endosulfan, 
profenofos Q and deltamethrin was time-dependent. Endosulfan was the fastest acting 
toxicant with an LC50 of 8.2 µg/L 4 h following the pulse-exposure (Table 4.3). In contrast, 
the lack of rainbowfish death within the first day following exposure to profenofos and 
deltamethrin failed to generate LC50 data. LC50s of 240 mg/L and 17 µg/L were first 
generated for fish pulse-exposed to deltamethrin and profenofos at 24 and 48 h., respectively. 
The overlapping fiducial intervals for endosulfan and deltamethrin PE LC50s suggest that 
both insecticides were similarly toxic to rainbowfish following a 4 h pulse-exposure at 96h. 
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The overlapping fiducial limits for LC50 data (from 4 to 96 h) generated for rainbowfish 
pulse-exposed to endosulfan suggest that endosulfan toxicity was rapid and predominantly 
restricted to the duration of exposure. In contrast, the toxicity of pulse-exposed deltamethrin 
and profenofos was delayed and increased over the last 48 h of the experiment (Table 4.5). 
The wide fiducial limits (uncertainty surrounding the 72 and 96 h LC50s) for deltamethrin 
indicate that its toxicity to rainbowfish was similar to that of endosulfan. Rainbowfish 
mortality was fastest when exposed to endosulfan but equally as toxic as deltamethrin at 96 
h, following a 4 h pulse-exposure. These conclusions are consistent with the observation of 
Walker et al. (1991) who argue that fast acting compounds may appear much more toxic 
after a short observation time than a compound acting more slowly, even though the latter 
may be equally effective after a longer period. The ubiquitous 96 h duration used for toxicity 
tests using fish (ASTM, 1996) indicates that crimson-spotted rainbowfish, under laboratory 
conditions, are most acutely sensitive to the effects of pulse-exposed deltamethrin and 
endosulfan and least sensitive to pulsed profenofos Q. The relative toxicity of the three 
insecticides using LC50s was in agreement with LC25 data.  
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Chapter 5. Acute mortality of Daphnia carinata to pulse-exposed 
deltamethrin, profenofos Q and endosulfan. 
 
 
 
 
5.1 Abstract 
 
Daphnia carinata was most sensitive to the effects of pulse-exposed profenofos Q and 
deltamethrin, with 48 h PE EC50s of 2.0 and 5.5 µg/L, respectively. The insensitivity of 
daphnids pulse-exposed to endosulfan combined with the instability of technical grade 
endosulfan in media, failed to generate an EC50, however, an EC15 of 430 µg/L was 
recorded. Deltamethrin and profenofos Q 48 h PE EC50s were within observed field 
concentrations and were consistent with previously reported toxicity estimates for other 
daphnid species. The 48 h PE EC15 for endosulfan was two orders of magnitude higher than 
recorded field concentrations. 
 
Concentration-dependent mortality of D. carinata pulse-exposed to profenofos Q was 
observed at 4 and 48 h. The majority of mortality in daphnids pulse-exposed to profenofos 
occurred during the pulse. Seventy nine percent of daphnids pulse-exposed to technical grade 
deltamethrin died post-pulse with significant 4 h daphnid immobility restricted to 
concentrations above 3.2 µg/L. Daphnids were generally insensitive to the effects of pulse-
exposed endosulfan in this investigation. Insignificant mortality at 4 h was concentration-
independent and mortality at the highest test concentration was only 13% greater than control 
mortality at the conclusion of the experiment. 
 
The toxicity of the three insecticides varied widely as a result of differences in molecular 
structure of the individual compounds. Factors such as route of uptake, metabolic pathways, 
and target sites are discussed to help explain the toxicity of the three insecticides pulse-
exposed to D. carinata. At environmentally realistic field concentrations, profenofos Q and 
deltamethrin may pose a threat to the sustainability of D. carinata populations in the field. 
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5.2 Introduction 
 
Damage to multi-billion dollar food and textile crops caused by an array of insect pests is a 
continuing problem in Australia. In an effort to reduce damage and consequent economic 
losses, the Australian agricultural sector applies large quantities of insecticides to croplands. 
The threat to aquatic organisms and ecosystems as a result of insecticide exposure is arguably 
greatest in crops such as cotton.  
 
The emphasis on D. magna (a Northern hemisphere daphnid) in the literature may provide 
for comparative research, however, the ecology and biology of Australian daphnids may vary 
significantly. The paucity of ecotoxicological data focusing on Australian freshwater 
crustaceans has highlighted the need to establish endemic species in the assessment of 
xenobiotics in Australian waterways.  
 
Insecticides used to prevent damage to Australian cotton crops include organochlorine, 
organophosphate and synthetic pyrethroids. Daphnids have been shown to be very sensitive 
to OCs, OPs, and SPs with continuous exposure EC50s in the low parts per billion 
(ANZECC & ARMCANZ, 2000). Endosulfan, profenofos and deltamethrin were chosen to 
represent the OC, OP, and SP insecticides, respectively. 
 
The aim of this investigation was to determine the effect of concentration on endosulfan, 
profenofos and deltamethrin PE toxicity to D. carinata. While providing necessary and 
useful information for comparative research, this study will highlight the benefits of 
incorporating environmentally realistic ecotoxicological data for Australian daphnids pulse-
exposed to a variety of insecticides. The recent years of drought (2000-2007) may have 
exacerbated the insecticide problems via the concentration of toxicants in waterways with 
decreasing volumes of freshwater. 
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5.3 Materials and methods 
 
5.3.1 Daphnid cultures 
 
Ten adult female Daphnia were kept in each of 10, 600 mL open-mouthed glass Fowlers jars 
filled with 500 mL media. All daphnid cultures were maintained in a constant temperature 
room set at 18 0 C with a photoperiod of 16 h light: 8 h dark with a 15 minute fading regime 
to simulate dusk/dawn transitions.  
 
Adult D.carinata were fed two species of algae, Pseudokirchneriella subcapitata (formerly 
Selanastrum capricornatum, Rose et al., 2002) and Chlorella. One half mL of both algal 
species was added to each Fowlers jar daily. Keatings media was used to culture all algae 
(1985). Keatings media was made up in 2 L Schott bottles using Milli-Q water. The media 
was sealed with cotton wool and aluminium foil and autoclaved. Autoclaved media was 
allowed to stand for a few days to restore the carbon dioxide content of the water.  
 
5.3.2 Experimental design 
 
Acute toxicity test methods for D. carinata were based on ASTM Standards (ASTM, 1996). 
Toxicity tests were performed using three replicates and a minimum of five exposure 
concentrations, and controls. Results of previously conducted range-finding experiments 
were used to determine appropriate test solution concentrations. Stock and treatment 
solutions were prepared immediately prior to the addition of Daphnia.  
 
Less than one-day-old neonates for toxicity tests were pipetted from Fowlers jars into 1 L 
watch glasses. Neonates were randomly pipetted from the 1L watch glass into 250mL tall 
glass beakers containing 150 mL of treatment solution for the duration of the 4h pulse-
exposures. Following toxicant exposure, neonates were pipetted into a glass Petri dish 
containing fresh media for 5 minutes in an attempt to remove excess toxicant from the media. 
Neonates were then transferred to 250 mL tall glass beakers containing 150 mL of fresh 
media for the remainder of the 48 h test. Only neonates from the third to sixth broods 
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(approximately 2-5 weeks old) were used in toxicity testing (Barry et al., 1995a). Food was 
not provided to neonates during tests. Daphnid mortality (effect) was determined by a lack of 
movement in daphnids over a 10 second period following the disturbance of surrounding 
media with a blunt instrument.  
 
5.3.3 Treatment solutions and toxicological experimentation. 
 
The preparation and dispensing of all stock and treatment solutions was done within a fume 
hood. Primary stock solutions, equal to the highest treatment solution, were prepared by 
adding pre-weighed technical grade insecticide to a 100 mL Schott bottle containing AR 
grade acetone. Technical grade pesticide was weighed with a microbalance (profenofos Q 
was directly pipetted into acetone as it is only available in liquid form [95.8% w/w]). 
Individual stock solutions were then made up in 20 mL glass amber vials with teflon-lined 
lids by diluting the original stock solution. All amber vials were pre-rinsed in AR grade 
acetone and dried in the fume hood. Individual stock solutions at each treatment 
concentration were prepared in acetone using a maximum dilution factor of 1:10. NB: 
Technical grade profenofos Q must not be shaken prior to extraction from the bottle as even 
slight agitation of the product will lead to the formation of air bubbles within solution, 
making precise pipette extraction extremely difficult. Once shaken the solution must be left 
for 24 h to purge the bubbles. 
 
Individual stock solutions were added to 2 L of Daphnia media in 2 L borosilicate glass 
Schott bottles by pipetting 100 µl/L of treatment stock solution in order to maintain acetone 
concentrations in each treatment solution. Mechanical stirring for 5 minutes ensured 
homogeneity of toxicant in treatments. Approximately 150 mL of treatment solution was 
poured into three, 250 mL glass beakers prior to the addition of daphnids Glassware was 
cleaned according to the regime outlined in section 3.2.6. 
 
All test chamber solutions were monitored daily for temperature, dissolved oxygen, 
conductivity and pH. Water characteristics were recorded in the treatment solution 
immediately prior to the introduction of neonates and following their removal to fresh media 
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as well as in the fresh media before and following the 48 h test. Temperature and pH were 
recorded using a Meterlab™ PHM201 glass probe, while conductivity and dissolved oxygen 
were recorded on a Hanna HI9635 conductivity meter. None of the water characteristics 
recorded was significantly different either within or between experiments. 
 
5.3.5 Statistical analysis 
 
Effect concentrations (EC50, EC25 and EC15) for 4 and 48 h values from laboratory tests 
were calculated using Maximum-Likelihood Probit methods from the statistical software 
package Toxcalc 5.0 ™ (Toxcalc, Scientific Tidepool). The non-parametric Kruskal-Wallis 
test was used to determine inter-group differences If the analysis of variance by ranks 
rejected a multi-sample null hypothesis of equal means a Mann-Whitney U test was used to 
determine significant differences between treatment means. To test for relationships between 
variables, regression analysis was performed. Differences were considered significant at p < 
0.05.  
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5.4 Results 
 
5.4.1 Water characteristics 
 
Test and treatment chamber solutions were monitored for dissolved oxygen and pH prior to 
and following the removal of Daphnia. Preliminary tests indicated that water characteristics 
did not vary significantly, either from tank to tank within experiments or between 
experiments for both treatment and test chambers. All measurements were within acceptable 
limits (Clesceri et al., 1989). Mean (SE) characteristics of treatment and clean media for 
static test chambers are recorded in Table 5.1. Data for treatment and test solutions was 
pooled. Controls and procedural controls were free of insecticide contamination. 
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Table 5.1. Mean (SE) pH, and dissolved oxygen (mg/L) values for daphnid treatment and test 
chambers. Values recorded at 0 and 48 h. 
 
Exposure type n pH DO 
 
Profenofos Q 
 
 
12 
 
Deltamethrin 
 
 
12 
 
Endosulfan 
 
 
12 
 
4-chlorophenol 
 
20 
 
7.55 (0.01) 
 
 
7.38 (0.02) 
 
 
7.70 (0.03) 
 
 
7.42 (0.01) 
 
7.56 (0.11) 
 
 
8.36 (0.12) 
 
 
9.17 (0.04) 
 
 
85.1 (0.76)* 
 
* value as a percentage of dissolved oxygen 
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5.4.2 Comparative toxicity  
 
Based on 48 h EC50s, the data show that pulse-exposed profenofos Q was the most toxic of 
the insecticides to D. carinata, followed by deltamethrin and endosulfan (Table 5.2). Forty-
eight h PE EC50s of 2.0 and 5.5 µg/L were determined for D. carinata pulse-exposed to 
deltamethrin and profenofos, respectively following a 4 h exposure. The insensitivity of D. 
carinata to endosulfan and the inability to homogenously distribute endosulfan into daphnid 
media resulted in the failure to produce an EC50 for endosulfan.The toxicity estimates for 
endosulfan are considered to be unreliable and consequently not comparable to either the 
EC25 or EC50 data presented for deltamethrin and profenofos. 
 
Based on 4 h EC50, the data show that profenofos Q was again the most toxic of the 
insecticides to D. carinata, with a 4 h PE EC50s of 3.7 µg/L The value of 430 µg/L reported 
for deltamethrin is questionable considering the maximum effect at the highest test 
concentration of 32 µg/L resulted in approximately 20% immobility. The deltamethrin 
findings are confounded by the large fiducial intervals, and, as such, are difficult to interpret. 
A 4 h PE EC15 for daphnids pulse exposed to endosulfan could not be determined due to 
insufficient mortality. The order of insecticide toxicity to pulse-exposed D. carinata neonates 
determined using 4 h PE ECs was analogous to 48 h PE ECs: profenofos Q > deltamethrin 
>> endosulfan. 
 
The 4 and 48 h PE EC50s for D. carinata pulse-exposed to profenofos Q were below values 
detected under field conditions (Kumar and Chapman, 2001) and in excess of an order of 
magnitude higher than EC50s reported for aquatic invertebrates in the literature (Kumar and 
Chapman, 1998). The 4 h PE EC50 of 740 µg/L for D. carinata pulse-exposed to 
deltamethrin was an order of magnitude higher than reported field concentrations. In contrast, 
the 48 h PE EC50 for D. carinata pulse-exposed to technical grade deltamethrin was below 
reported field concentrations. Both 4 and 48 h PE EC15s for D. carinata pulse-exposed to 
endosulfan were at least an order of magnitude greater than reported field concentrations 
(Mann, 1989; Peterson and Batley, 1991; Napier et al., 1998). 
 128
Table 5.2. Four and 48 h PE ECs (95% F.L.) for less than one-day-old Daphnia carinata pulse-exposed to profenofos Q, deltamethrin, 
endosulfan, and 4-Chlorophenol. Profenofos Q, deltamethrin, and endosulfan concentrations are in µg/L and 4-chlorophenol 
concentrations are in mg/L. Nominal values determined using Maximum-Likelihood Probit. 
 
 
 
a Endosulfan concentrations above the EC15 were unobtainable due to solubility problems.   
Exposure type 
 
Time (h) EC15 EC25 EC50 
 
Profenofos Q 
 
4 
 
1.8 (1.3, 2.3) 
 
2.3 (1.8, 2.8) 
 
3.7 (3.1, 4.5) 
 48 0.9 (0.1, 1.4) 1.2 (0.3, 1.7) 2.02 (1.2, 3.1) 
     
Deltamethrin 4 8.7 (2.6, 66) 41 (11.4, 2780) 740 (85, 6.12 E+06) 
 48 0.5 (0.0, 1.8) 1.2 (0.0, 3.2) 5.5 1.6, 27) 
     
Endosulfana 4    
 48 427   
     
4-chlorophenol 48 2900 (500, 30000) 3300 (900, 37000) 4270.3 (910, 46400) 
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5.4.3 Insecticide toxicity 
 
5.4.3.1 Endosulfan  
 
Significant (Mann-Whitney, p = 0.03) 48 h daphnid immobility was limited to the highest 
test concentration (500 µg/L) where 20% immobility was observed. Less than 10% 
immobility was observed in all test concentrations immediately following exposure to 
endosulfan. Preliminary investigations indicated that endosulfan concentrations higher than 
500 µg/L were capable of killing greater numbers of daphnids, however, as the endosulfan 
could not be homogenously distributed it was concluded that the use of nominal 
concentrations above 500 µg/L would lead to spurious results. Analysis of the total amount 
of endosulfan in treatments above 500 µg/L endosulfan may have proven to be misleading as 
analytical procedures would have recorded much greater concentrations than those available 
to the daphnids.  
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Figure 5.1: Percentage immobility of less than one-day-old D. carinata at 4 and 48 h 
following a 4 h pulse-exposure to nominal endosulfan concentrations. Mean (SE) values are 
indicated. 
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5.4.3.2 Profenofos Q 
 
Significant (Mann-Whitney, p < 0.05) daphnid immobility was observed immediately 
following the 4 h pulse-exposure to profenofos concentrations of 2 µg/L and above. 
Significant (Mann-Whitney, p < 0.05) delayed mortality (evident by the increase in immobile 
daphnids from 4 to 48 h) occurred at all profenofos concentrations, with the greatest increase 
in immobility evident in the low to mid treatment concentrations (Figure 5.2). At the 
completion of the experiment more than 80% of neonates pulse-exposed to profenofos 
concentrations above 2 µg/L had been immobilised. Comparable results on delayed 
immobility in daphnids following pulse-exposure are not reported in the literature.  
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Figure 5.2: Percentage immobility of less than one-day-old D. carinata at 4 and 48 h 
following a 4 h pulse-exposure to nominal profenofos Q concentrations. Mean (SE) values 
are indicated.  
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5.4.3.3 Deltamethrin 
 
The calculated 4 and 48 h EC50s for D. carinata pulse-exposed to deltamethrin of 740 and 
5.5 µg/L, respectively, were consistently higher than continuously exposed values reported in 
the literature for cladocerans (Rettich, 1980; Alberdi et al., 1990; Day, 1991; ANZECC  & 
ARMCANZ, 2000) but lower than concentrations of deltamethrin known to totally remove 
daphnid populations from experimental ponds (Tidou et al., 1992). Comparative figures for 
deltamethrin toxicity to invertebrates are outlined in the following discussion. Daphnid 
immobility more than doubled in all test concentrations from 4 to 48 h with significant (p < 
0.05) delayed immobility observed at deltamethrin concentrations of 1, 10 and 32 µg/L.This 
delayed immobility was in general concentration-dependent.  
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Figure 5.3: Percentage immobility of less than one-day-old D. carinata at 4 and 48 h 
following a 4 h pulse-exposure to nominal deltamethrin concentrations. Mean (SE) values are 
indicated. 
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Figure 5.4. Percentage immobility of less than one-day-old D. carinata at 48 h following a 4 
h pulse-exposure to 4-chlorophenol. Mean (SE) values are indicated. Measured 4-
chlorophenol treatment concentrations were used. 
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5.4.3.4 4-Chlorophenol 
 
D. carinata pulse-exposed to 4-chlorophenol had a mean 48 h PE EC50 of 4.3 mg/L (F.L. 
0.9, 46.4) and the concentration-response curve for daphnids pulse-exposed to 4-
chlorophenol was typically sigmoidal in shape (Figure 5.4). Concentrations of 4 mg/L and 
above significantly (p < 0.05) increased the mortality of daphnids pulse-exposed to 4-
chlorophenol compared with control mortality.  
There was no significant difference (Kruskal-Wallis, p = 0.62) in sensitivity/fitness of 
daphnids pulse-exposed to 4-chlorophenol based on 48 h PE EC50s throughout the 
experimental period when used as an internal reference. All comparative mortality estimates 
were within 20% of the 48 h PE EC50. The toxicity of D. carinata to 4-chlorophenol was 
consistent.  
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5.5 Discussion 
 
5.5.1 Comparative toxicity 
 
Pulse-exposed profenofos Q was the most toxic of the three insecticides to Daphnia carinata 
followed by deltamethrin and endosulfan. Pulse-exposed profenofos and deltamethrin were 
extremely toxic to D. carinata neonates at environmentally realistic concentrations. 
 
The majority of daphnid immobility as a result of exposure to profenofos was rapid and may 
be directly attributed to physiological disturbances. In contrast, immobility in daphnids 
pulse-exposed to deltamethrin was predominantly delayed and consequently could not be 
attributed to direct physiological changes caused by the action of the insecticide. The 
significant immobility of daphnids as a result of intermittent exposure to profenofos and 
deltamethrin suggest that these insecticides may pose a threat to the survival of field 
populations of D. carinata and related species. Daphnid immobility as a result of exposure to 
endosulfan was minimal and limited to concentrations unlikely to occur in the environment; 
consequently endosulfan was not found to pose a direct acute threat to the long-term survival 
of D. carinata in the field.  
 
5.5.2 Endosulfan 
 
D. carinata were not significantly immobilised as a result of exposure to a 4 h pulse of 
endosulfan while the 48 PE EC15 of 430 µg/L was significantly higher compared with other 
daphnids continuously exposed to endosulfan (Barry et al., 1995a; Woods et al., 2002). The 
lack of effect induced by exposure to endosulfan in D. carinata may be the result of a lack of 
potential sites on which to act or the insensitivity of such sites to short-term exposure to 
endosulfan. While some of the insensitivity of D. carinata to endosulfan may be explained 
by exposure duration the results indicate that pulse-exposed endosulfan does not pose an 
acute threat to D. carinata neonates at environmentally realistic concentrations. 
 
5.5.3 Profenofos 
 
Profenofos was highly toxic to D. carinata following a 4 h pulse-exposure. D. carinata were 
more sensitive to pulse-exposed profenofos compared with reported values for continuously 
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exposed freshwater crustaceans but less sensitivethan aquatic organisms in the vicinity of 
cotton growing regions (Kumar, 1995). Profenofos Q may pose a threat to the survival of D. 
carinata at environmentally realistic concentrations and under environmentally realistic 
exposure scenarios. 
 
Published toxicity data on crustaceans indicate that the lethal concentration of profenofos 
necessary to kill or immobilize half of the individuals within a population range from 0.002 
µg/L for CerioDaphnia dubia, to 0.08 µg/L for Paratya australiensis (Kumar, 1995). The 
dramatic decrease in sensitivity between those in the literature with those reported in the 
current investigation may be attributed to species differences and exposure duration. While 
the limited exposure duration employed in this investigation was sufficient to immobilise 
Daphnia, the sensitivity of this species to profenofos may have been far greater if continuous 
exposure regimes were employed. As episodic exposures provide a more realistic approach 
to field conditions the results from these laboratory toxicity tests may better assess the field 
toxicity of insecticides compared with continuous exposure regimes. 
 
The 4 h EC50 of 3.7 µg/L for D. carinata exposed to profenofos Q shows that the toxic 
effects of profenofos are rapid. The reported high correlation between profenofos toxicity 
and AChE inhibition (Hamadain and Chambers, 2001) indicates that the speed and severity 
of daphnid immobility in the current investigation was consistent with the inhibition of 
esterases, specifically AChE. Such inhibition may have ultimately resulted in the death of 
daphnids due to the paralysis of respiratory muscles (Eckert et al., 1988). 
 
The immobilisation of daphnids pulse-exposed to profenofos within a 4 h period was in 
agreement with those of a number of authors (Byrne and Devonshire, 1991; Brown and Brix, 
1998;) who argue that the neurotoxicity induced via AChE inhibition (acute cholinergic 
syndrome, [ACS]) occur within a few minutes to a few hours, with initial delays in esterase 
inhibition attributed to speed of penetration and temporal activation of profenofos to the S-
oxide form (Gunning et al., 1999). The inhibition of AChE may therefore be used to explain 
not only the speed of response but also the dependence of effect on profenofos concentration. 
 
The activation rate of the profenofos parent compound to the more toxic oxon analog has 
been shown to vary with AChE inhibition; the greater the AChE inhibition, the higher the 
activation rate to the S-oxide analog (Eckert et al., 1988). The finding that AChE inhibition 
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varied with profenofos concentration (Kumar and Chapman, 1998) suggests that the 
activation rate of parent profenofos to a more toxic metabolite may also be dependent on 
concentration. This increase in activation rates and the corresponding increase in toxicity 
may explain much of the observed mortality of D. carinata pulse-exposed to profenofos Q. 
We argue that a threshold level of AChE inhibition must be crossed in order to induce 
immobility, and that this level for D. carinata pulse-exposed to profenofos lies between 1 
and 2 µg/L at 4 h, and < 1 µg/L at 48 h.  
 
The dependence of effect on profenofos concentration may be the result of factors additional 
to metabolic conversion rates and AChE inhibition. The presence of enzymes such as 
aliesterases (AliE’s) may have influenced the phosphorylation rates of AChE by profenofos 
and its metabolites by acting as alternative phosphorylation sites for profenofos, thus 
reducing the concentration of insecticide available to inhibit AChE. Such a reduction in site 
availability may lead to a greater proportional reduction in effect on daphnids exposed to 
lower profenofos concentrations. Lower rates of AChE inhibition mean that more 
acetylcholine was hydrolysed to acetate and choline and reabsorbed into the presynaptic 
terminal, terminating the effect of acetylcholine on the post-synaptic membrane. This 
concentration-dependent hydrolysis of ACh may explain some of the proportionally lower 
incidence of daphnid immobility at profenofos concentrations under 4 µg/L. Inhibition of 
carboxylesterase in termites (Ishaaya and Casida, 1980) and carboxylamidase in the fall 
armyworm, Spodoptera frugiperda (Yu and Nguyen, 1998) have also been linked with 
exposure to profenofos. 
 
In addition to direct exposure immobility, the data shows that the toxic effect of profenofos 
was also delayed. This latent mortality is likely the result of indirect physiological changes 
induced by the action of profenofos leading to the depletion of energy reserves in an effort to 
detoxify and repair damage during exposure. An investigation into D. carinata energy 
reserves and their depletion as a result of detoxification methods may provide evidence to 
support/reject this hypothesis. Gunning et al. (1999) showed that recovery from esterase 
inhibition in the Australian cotton bollworm, (Helicoverpa armigera), exposed to sub-lethal 
concentrations of profenofos, while incomplete, was in the order of 80-90%, 72 h following 
treatment. The direct relationship between AChE inhibition and concentration during 
exposure indicates that the recovery from inhibition may also be related to concentration. 
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This incomplete recovery from the effects of AChE inhibition may help explain the delayed 
mortality observed in D. carinata pulse-exposed to profenofos.  
 
Daphnid mortality occurred at all profenofos concentrations during exposure and continued 
to rise over all test concentrations post-pulse. The exposure of D. carinata to 
environmentally realistic concentrations of profenofos under appropriate exposure regimes 
indicates that profenofos may pose a threat to the survival of D. carinata in aquatic 
environments polluted by profenofos. This study adds to the growing concerns in Australia 
over the use of organophosphorous insecticides to control cotton pests (Mortimer and 
Chapman 1995; Brown et al., 2002). 
 
5.5.4 Deltamethrin 
 
The results show that deltamethrin was highly toxic to D. carinata with a 48 h EC50 of 5.5 
µg/L following a 4 h pulse. The sensitivity of D. carinata pulse-exposed to deltamethrin was 
an order of magnitude higher than reported values for continuously exposed freshwater 
crustaceans but below levels reported from aquatic environments in the vicinity of cotton 
growing regions (Kumar and Chapman, 2001).  
 
Crustacean, molluscs and insects are very sensitive to the toxic effects of continuously 
exposed deltamethrin with published laboratory LC50s of 0.003-1.01 µg/L (Mulla et al., 
1978, Zitko et al., 1979; McLeese et al., 1980; Rettich, 1980; Day, 1991; ANZECC  & 
ARMCANZ, 2000). While the 48 h PE EC50 of 5.5 µg/L for D. carinata in the current 
research was in agreement with the LC50 of 1.3 µg/L for Daphnia spinulata continuously 
exposed to deltamethrin (Alberdi et al., 1990), most daphnid species are typically more 
sensitive to deltamethrinthan D. carinata. Much of this variation in toxicity may be attributed 
to the duration of exposure employed in the current investigation while species-specific 
variation may also contribute to toxicity differences. 
 
The 4 h PE EC50 of 740 µg/L indicates that D. carinata is not highly sensitive to pulse-
exposed deltamethrin in the short-term. The observation that immobility at 4 h was generally 
restricted to the highest concentrations indicates that deltamethrin concentrations above 1 
µg/L had reached and sufficiently disrupted their predominant site of action, the voltage-
dependent sodium channels to the extent that the post-synaptic membrane had reached 
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conduction block causing paralysis. The inability of concentrations below 10 µg/L to exert a 
significant immobilising effect on the daphnids may be attributed to the continued operation 
of sodium channels in sufficient numbers and/or condition to halt the progression toward 
signal disruption caused by the continued depolarisation of the post-synaptic nerve 
membrane. Competition for binding sites and/or speed of metabolic conversion may have 
contributed to the lack of effect in daphnids exposed to lower concentrations, resulting in less 
of the toxicant reaching their site/s of action. The lack of daphnid immobilisation in the lower 
test concentrations may have been influenced by behaviour.  
 
Daphnids in the higher test concentrations capable of detecting the toxicant may have 
increased swimming speed in response to initial repetitive firing of the nervous signals and 
consequently absorbed disproportionably higher levels of deltamethrin, explaining, in part, 
the disparity in daphnid mortality with concentration. Temporal constraints associated with 
transport to active sites, speed and degree of membrane interference and the activation of 
metabolic detoxification systems may explain the insignificant daphnid mortality following a 
4 h pulse-exposure to deltamethrin at concentrations below 32 µg/L. While immobility 
during exposure was minimal the effect of episodic exposure to deltamethrin post-pulse was 
markedly significant.  
 
5.5.4.1. Delayed immobility of daphnids pulse-exposed to deltamethrin 
 
In contrast with profenofos, immobilisation of D. carinata pulse-exposed to deltamethrin was 
relatively slow. The significant observed latent effects of pulse-exposed deltamethrin to D. 
carinata may be the result of one or a combination of factors involving detoxification, 
channel gating kinetics and/or the depletion of energy reserves. 
 
The observed delayed immobility in daphnids exposed to deltamethrin concentrations was 
concentration-dependent and may be related to sodium channel-gating kinetics. Exposure to 
deltamethrin causes voltage-dependent sodium channels to remain open for extended periods 
of time, ultimately remaining open and inducing the continual depolarisation of the cell 
membrane as the resting membrane potential was reduced to a point where action potentials 
were no longer generated (Bocquet and L’Hotellier, 1985). If this gradient of effect was 
correlated with concentration, lower concentrations of deltamethrin may have been 
responsible for extending the lag time of sodium current tails with the lag time increasing 
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with concentration until conduction block occurred in the highest concentrations. The 
delayed immobility of daphnids across all deltamethrin concentrations indicates that the 
damage done to the sodium channels, and associated; receptor sites, neurons, cells, tissues 
and/or organs during exposure may have been irreversible. This proposition relies on the 
establishment of a gradient of membrane permeability to sodium with deltamethrin 
concentration and the dependence of this gradient on concentration. Such interference with 
ion channel gating may lead to changes in synaptic concentrations of neurotransmitters and 
their availability to receptor sites. 
 
The observation that deltamethrin facilitated synaptic transmission via enhanced 
neurotransmitter release, followed by conduction block due to neurotransmitter depletion 
(Salgado et al., 1983) suggests that interference with neurotransmitters may contribute to D. 
carinata immobility following exposure to deltamethrin. The toxicity of deltamethrin appears 
to be inextricably linked to changes in the normal operation of both chemical and electrical 
nerve signal transmission.  
 
The enzymatic destruction of deltamethrin is largely attributed to cytochrome P450 
sequences, microsomal P450-dependent monooxygenases and mixed-function oxygenases 
(Shen et al., 2003; Schuler et al. 1998; Little et al., 1989; Martin et al., 2002). The levels of 
production of these enzymes may in turn be attributed to variations in deltamethrin 
concentration. A time lag between detection and increased production and/or the 
disproportionate relationship between detection and production of enzymes with 
concentration may explain some of the dependence of D. carinata immobility with 
concentration. The daphnids may physiologically detect higher deltamethrin dosages more 
rapidly than lower concentrations, thus contributing to disproportionate detoxification of 
deltamethrin via enzymatic destruction.  The initiation of enzyme production on a temporal 
scale due to the presence of varying deltamethrin concentrations would fill a gap in our 
current void of information on this subject. Such an investigation should be the focus of 
future research. The possibility of the dependence of metabolic activity with deltamethrin 
concentration could not be validated in the literature or substantiated by the current results 
due to high 48 h daphnid immobility. Information on the speed of metabolic initiation may 
provide evidence for the relationship between effect and concentration immediately 
following deltamethrin exposure. 
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The energy related costs involved in detoxification and excitation of nerves via channel 
gating irregularities induced by the action of deltamethrin may have resulted in the observed 
immobility of D. carinata over the 48 h period. Energy reserves of glycogen and other ATP 
generating molecules may have been depleted to combat deltamethrin toxicity, with higher 
concentrations responsible for greater energy consumption, consequently increasing 
immobility. The increased use of energy reserves (normally allocated to ensure homeostasis) 
may have been the result of increased swimming and respiration rates, with variations in 
these rates contributing to the disproportionate accumulation of deltamethrin. The 
observations by Kontreczky et al. (1997) on concentration dependent inhibition of filtering 
rates in the freshwater muscle, Anodonta cygnea L., are in agreement with the concentration 
dependent depletion of energy reserves proposed in this investigation. The dependence of 
immobility on concentration indicates that energy reserves were depleted faster at higher 
deltamethrin concentrations and/or that there was a concentration-dependent progression of 
damage to membranes, cells, tissues, and organs.  
 
The bioavailability of deltamethrin to daphnids must also be considered in this investigation. 
The physico-chemical properties of daphnid media may have significantly contributed to the 
variation in immobility. The strong affinity of deltamethrin for particulate and organic 
material is well documented. Proportionally more deltamethrin may have been bound to the 
organic fraction in lower concentrations thereby reducing the concentration of deltamethrin 
available to daphnids for adsorption and ingestion. The bioavailability of varied deltamethrin 
concentrations to daphnids in media remains to be established.  
 
5.5.5 Conclusion 
 
In conclusion, the results indicate that pulse-exposed technical grade profenofos Q and 
deltamethrin are extremely toxic to D. carinata at environmentally realistic concentrations. 
Exposure of D. carinata to pulse-exposed profenofos resulted in the rapid induction of 
immobility while an analogous exposure to deltamethrin was characterized by delayed 
immobility. Exposure to a 4 h pulse of endosulfan (500 µg/L) was insufficient to induce 
significant lethal effects on D. carinata. In contrast with endosulfan, 4 h pulse-exposure of D. 
carinata to environmentally realistic concentrations of profenofos Q or deltamethrin may 
pose a direct threat to the long-term survival of D. carinata populations. 
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Chapter 6. The effect of pulse-exposed binary and ternary combinations of 
deltamethrin, endosulfan and profenofos on Melanotaenia fluviatilis  
 
 
 
 
6.1 Abstract 
 
Australian freshwater fish inhabiting aquatic environments in proximity to cotton crops are 
likely to be exposed to the cotton insecticides endosulfan, deltamethrin and profenofos in 
binary and ternary combinations. The toxicity of pulse-exposure to these mixtures to fish is 
relatively unknown.  
 
The method of concentration-addition (CA) adequately predicted the toxicity of the three 
binary insecticide mixtures using the toxic unit (TU) approach. Concentration-addition was 
however, a less successful method for predicting mortality in the ternary combination based 
on individual insecticide toxicity. While equieffective ternary concentrations responsible for 
50 and 25% (Toxic Units of 1 and 0.5, respectively) mortality were adequately predicted by 
summation of toxic units, the addition of toxic units in ternary combinations below those 
responsible for 25% mortality severely underestimated the combined toxicity of the ternary 
mixture. The results provide evidence that the toxicity of these single insecticides was 
potentiated when applied as a mixture. The potentiation of acute mortality of the ternary 
insecticide mixture investigated may pose a serious threat to the survival of crimson-spotted 
rainbowfish populations in the field  
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6.2 Introduction 
 
Historically, high levels of insecticides used on cotton crops have increased the selective 
pressure on cotton insect pests to resist the effects of these toxicants.  Natural selection for 
resistance mechanisms has become increasingly problematic as many insects are developing 
cross-resistance to chemically similar insecticides. Insect pest management strategies 
employed to reduce pest damage to crops by restricting insecticide resistance include the 
mixing of insecticides from within and between groups in an attempt to increase their 
efficacy (Gunning et al., 1998; Martin et al., 2002).  
 
Insecticide mixtures may be present in the aquatic environment as a result of the mixing of 
toxicants applied individually or in combination. The potential exists for both of these 
scenarios when investigating endosulfan, profenofos and deltamethrin. The proximity of 
cotton crops to one another, restricted spraying season, and patterns of insecticide use 
indicates that the use of endosulfan, deltamethrin and profenofos is in many instances 
concurrent. The effects of insecticide mixtures to Australian freshwater fish and crustaceans 
remain obscure.  
 
A recent review of the toxicity of mixtures conducted by Warne (2003) indicates that the 
median toxicity of binary and ternary mixtures may be accurately predicted using the method 
of concentration addition. Warne (2003) argues that the use of Direct Toxicity Assessments 
(DTA) is an important method for testing the toxicity of chemical mixtures in ambient 
waters. ANZECC & ARMCANZ (2000) state that additional advantages of DTA are that 
they: provide a direct measure of toxicity and hence bioavailability; are reliable predictors of 
impacts on communities, they can provide early warning of changes in toxicity; and that 
compared with other forms of biological assessment they are relatively rapid and cost-
effective.  
 
Published acute toxicity data on the effects of pulse-exposed insecticides and their mixtures 
on Australian aquatic organisms are limited. This chapter aims to provide additional 
ecotoxicological data useful for assessing the risks of insecticides and their mixtures to 
Australian fish under environmentally realistic exposure conditions. 
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6.3 Materials and methods 
 
6.3.1 General 
 
Chapters 3 and 4 outline the general methods employed for housing and breeding 
experimental fish, toxicants used, behavioural observations and experimental designs 
employed to investigate the effects of individually pulsed insecticides to M. fluviatilis. These 
methods and materials were duplicated in the investigation into insecticide mixture toxicity. 
A number of additional methods were employed to investigate rainbowfish mortality as a 
result of exposure to binary and ternary insecticide mixtures. These methods include the 
repeated removal of fish from toxicant free water to static test chambers containing nominal 
concentrations of the insecticide mixtures. 
 
Crimson-spotted rainbowfish eggs were hatched in a static, aerated 100 L fish tank. 
Immediately following the make-up of treatment solutions, 10 less than one-day-old fish 
were randomly allocated to 100 mL plastic, floating test beakers. The floating test beakers 
(plastic) had two 40 mm holes drilled in the side and one in the bottom. The holes were 
covered with 1 mm2 mesh. Plastic beakers containing fish were maintained in laboratory 
water prior to their removal to treatment containers. Treatment containers were 600 mL 
borosilicate glass beakers filled with 330 mL of test solution.  
 
The plastic beakers containing fish were individually transferred from wet-lab water to the 
static treatment containers for the duration of the pulse (4 h). When the plastic beakers were 
held on a 45 degree angle, the test fish could pool in the small amount of liquid gathered 
where the base and wall of the beaker meet. This procedure was used to prevent damage to 
the test organisms as a result of exposure to air. Following pulse-exposure, test fish in plastic 
beakers were removed from treatment containers and placed into 60 L flow-through glass 
aquaria.  
 
Treatment solutions were made up on the day of the experiment from individual stock 
solutions. Pre-determined quantities of insecticides were pipetted into 2 L borosilicate glass 
jars. The total quantity of acetone never exceeded 100 µl/L in any experiment. Treatment 
solutions were transferred to treatment containers and allowed to settle prior to the addition 
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of fish. Three replicates of ten fish were pulse-exposed to each treatment solution, including 
controls and solvent controls.  
 
Death was determined by the lack of a heartbeat with the aid of a compound-dissecting 
microscope. Fish with a heartbeat were returned to their respective treatment containers. The 
transfer of fish was completed with the aid of a large bore modified glass pipette. The narrow 
end of the pipette was snapped at the neck and placed in the end of the finger operated 
suction chamber. Fish were consequently sucked up the blunt end of the pipette and 
transferred for observation. All dead fish were recorded and immediately removed from the 
treatment containers. 
 
6.3.2 Experimental design 
 
Experiments were designed to determine the effect of combining toxicants on rainbowfish 
mortality. The rainbowfish were pulse-exposed to six binary mixtures: three binary mixtures 
consisted of tests at LC25 (0.5 TU) concentrations and three binary mixtures at LC50 (1 TU) 
concentrations. All LCs in the binary mixtures were determined from single toxicity tests. 
Rainbowfish were exposed to a ternary mixture at TUs ranging from 1 to 0.0625 TUs to 
determine if the toxicity of the combinations was consistent at lower concentrations. 
 
6.3.3 Statistical analysis 
 
Lethal concentrations (LC25 and 50s) for 4, 24, 48, 72, and 96 h values from laboratory tests 
were calculated using Maximum Likelihood-Probit from the statistical software package 
Toxcalc 5.0 ™ (Toxcalc, Scientific Tidepool). Toxic Units expressed as fractions of the 
lethal concentration of individual insecticides were used to analyse the effects of insecticide 
mixtures (Sprague, 1973).Mann-Whitney U tests were conducted to determine the 
significance of rainbowfish mortality in treatments compared with controls for binary and 
ternary tests. 
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6.4 Results  
 
6.4.1 Water characteristics 
 
Mean (±SE) characteristics of the test water for static and flow-through test chambers are 
recorded in Table 6.1. Water characteristics did not vary significantly from tank to tank 
within or between experiments for both static and flow-through test chambers. All 
measurements were within acceptable limits (ASTM, 1996).  
 
6.4.2. Comparative toxicity 
 
Mortality in fish pulse-exposed to deltamethrin (0.5 TU) gradually increased over the course 
of the experiment (Table 6.2) with a greater than expected increase on day two whilst the 
mortality in fish pulse-exposed to endosulfan (0.5 TU) was predominantly restricted to the 
final day of the experiment. These results are consistent with the temporal dependence of 
mortality on deltamethrin and endosulfan concentration reported in chapter 4.  
 
The observed mortality in rainbowfish pulse-exposed to 96 h LC25s of deltamethrin, 
endosulfan or profenofos were not significantly different from expected values. The 
observed/expected mortality ratios for crimson-spotted rainbowfish pulse-exposed to single 
and binary combinations of 96 h LC25s (0.5 TU) of endosulfan, deltamethrin, and profenofos 
ranged from 1.2 to 1.5 and 1.0 to 1.3, respectively (Table 6.5). Based on 0.5 TUs obtained 
using Maximum-likelihood probit, binary combinations of deltamethrin, endosulfan and 
profenofos were additive. Binary combinations where profenofos was included showed 
consistently higher mortality rates than binary combinations excluding profenofos. Individual 
LC25 and LC50 concentrations were capable of accurately predicting binary LC 25 and 
LC50 toxicity at 96 h. However, the ability to determine binary toxicity from individual 
toxicity estimates was lower at 72, 48, 24 and 4 h following exposure. Fish were pulse-
exposed to LC25s and LC50s determined in chapter 4. 
 
6.4.3. Toxicity of insecticide mixtures 
 
A three-fold increase in 4, 24 and 48 h mortality was observed in fish exposed to the binary 
mixture of endosulfan and deltamethrin (LC25s) compared with individual insecticide 
exposures (Table 6.2). The natural variability between shorter time periods and the large 
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standard error surrounding the binary mixtures suggest that the differences are not 
significant. Rainbowfish mortality was predominantly delayed when exposed to individual 
insecticides but directly attributed to over half of the mortality in fish exposed to binary 
combinations of insecticides (Table 6.2). The trend of increasing predictability (decreasing 
potentiation) of combined toxicity with increasing time (using individual toxicity estimates) 
was observed over the final two days of the experiment. The 96 h mortality of rainbowfish 
pulse-exposed to the binary combination of endosulfan and deltamethrin at 0.5 TUs (LC25s) 
was successfully predicted by concentration-addition.  
 
Acute rainbowfish toxicity as a result of physiological changes induced by the direct action 
of profenofos was not observed in this investigation. The death of rainbowfish within the first 
two days following exposure to the binary combination of deltamethrin and profenofos was 
equivalent to the summed mortality of fish exposed to deltamethrin and profenofos 
individually. Over the final two days of the experiment the binary combination of 0.5 TUs of 
profenofos and deltamethrin successfully predicted rainbowfish mortality based on individual 
insecticide toxicity (Table 6.3).  
 
Exposure to 0.5 TUs of endosulfan, profenofos or their mixture was not capable of killing 
rainbowfish within 24 h following exposure (Table 6.4). This observation was not consistent 
with the toxicity of rainbowfish pulse-exposed to these toxicants in chapter 4. The 72 and 96 
h mortality in rainbowfish pulse-exposed to the binary combination of endosulfan and 
profenofos was accurately predicted using single acute toxicity data. 
 
Based on 96 h LC25s (0.5 TUs) Maximum Likelihood-Probit slightly, but not significantly 
underestimated the toxicity of endosulfan, deltamethrin and profenofos individually pulse-
exposed to M. fluviatilis. The 96 h mortality of rainbowfish pulse-exposed to the three binary 
combinations of insecticides (0.5 TUs) was accurately predicted by the method of 
concentration-addition (Table 6.5).  
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Table 6.1. Water characteristics for larval fish exposures in static and flow-through test 
chambers for LC25 and LC50 binary and ternary mixtures. Mean (±SE) temperature (°C), 
dissolved oxygen (mg/L), pH, and conductivity (µS/cm) (n = 3).  
 
 
Exposure typea Temperature Dissolved 
oxygen 
pH Conductivity  
 
LC25 mixtures 
 
    
 
Endosulfan and 
Deltamethrin  
 
22.3 (0.05) 
 
8.45 (0.16) 
 
7.03 (0.03) 
 
103 (0.50) 
 
Endosulfan and 
Profenofos Q  
 
21.9 (0.18) 
 
8.33 (0.12) 
 
7.44 (0.03) 
 
105 (0.62) 
 
Deltamethrin 
and Profenofos 
Q  
 
22.4 (0.10) 
 
8.13 (0.14) 
 
7.44 (0.01) 
 
106 (0.74) 
 
Endosulfan, 
Profenofos Q 
and 
Deltamethrin 
 
21.7 (0.18) 
 
8.22 (0.09) 
 
7.15 (0.10) 
 
105 (0.87) 
 
LC50 mixtures 
 
    
 
Endosulfan and 
deltamethrin  
 
21.8 (0.10) 
 
8.21 (0.26) 
 
7.15 (0.09) 
 
107 (0.54) 
 
Endosulfan and 
Profenofos Q  
 
22.5 (0.11) 
 
8.43 (0.18) 
 
7.45 (0.02) 
 
104 (0.99) 
 
Deltamethrin 
and Profenofos 
Q  
 
22.5 (0.04) 
 
7.41 (0.06) 
 
7.93 (0.02) 
 
105 (0.82) 
 
Endosulfan, 
Profenofos Q 
and 
Deltamethrin 
 
22.3 (0.09) 
 
7.46 (0.10) 
 
7.58 (0.02) 
 
104 (0.63) 
a Water characteristics  recorded at 0, 4, 24, 48, 72 and 96 h were pooled. 
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Table 6.2 Percentage mortality (+/- SE) of rainbowfish pulse-exposed to LC25s (0.5 TUs) of deltamethrin and endosulfan individually and as 
a binary mixture at 4, 24, 48, 72 and 96 h. (n = 3). 
 
 
 
Toxicant                                                    Time (h) 
  
4 
 
24 
 
48 
 
72 
 
96 
 
     
Deltamethrin 3.3 (3.3) 10 (0.0) 13 (3.3) 27 (3.3) 30 (0.0) 
Endosulfan 0.0 (0.0) 0.0 (0.0) 3.3 (3.3) 6.6 (3.3) 30 (5.8) 
Deltamethrin + Endosulfan 10 (10) 27 (17) 40 (17) 43 (15) 50 (17) 
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Table 6.3 Percentage mortality (+/- SE) of rainbowfish pulse-exposed to LC25s (0.5 TUs) of deltamethrin and profenofos individually and as 
a binary mixture at 4, 24, 48, 72 and 96 h. (n = 3). 
 
 
Toxicant                                                    Time (h) 
  
4 
 
24 
 
48 
 
72 
 
96 
 
     
Deltamethrin 3.3 (3.3) 10 (0.0) 13 (3.3) 27 (3.3) 30 (0.0) 
Profenofos 0.0 (0.0) 0.0 (0.0) 10 (5.8) 20 (15) 37 (3.3) 
Deltamethrin + Profenofos 3.3 (3.3) 10 (5.8) 23 (15) 40 (17) 57 (15) 
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Table 6.4 Percentage mortality (+/- SE) of rainbowfish pulse-exposed to LC25s (0.5 TUs) of endosulfan and profenofos individually and as a binary 
mixture at 4, 24, 48, 72 and 96 h. (n = 3). 
 
 
 
Toxicant                                                    Time (h) 
  
4 
 
24 
 
48 
 
72 
 
96 
 
     
Endosulfan  0.0 (0.0) 0.0 (0.0) 3.3 (3.3) 6.6 (3.3) 30 (5.8) 
Profenofos 0.0 (0.0) 0.0 (0.0) 10 (5.8) 20 (15) 37 (3.3) 
Endosulfan + Profenofos 0.0 (0.0) 0.0 (0.0) 20 (5.8) 27 (8.8) 63 (6.7) 
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Table 6.5 The effect of individual and binary combinations of 4 h PE LC25s of rainbowfish pulse-exposed to deltamethrin, endosulfan and profenofos 
at 96 h. (n = 3). 
 
Pesticide 
 
Toxic Unita Observed Mortality (%) Expected Mortality (%)b Observed: Expected Ratio 
 
 
  
 
Deltamethrin  
 
0.5 30 (0.0) 25 1.2 
Endosulfan    
 
0.5 30 (5.8) 25 1.2 
Profenofos  
 
0.5 37 (3.3) 25 1.5 
 
 
  
 
Deltamethrin + Endosulfan  
 
0.5 + 0.5 50 (17) 50 1.0 
Deltamethrin + Profenofos 
 
0.5 + 0.5 57 (15) 50 1.1 
Endosulfan + Profenofos 
 
0.5 + 0.5 63 (6.7) 50 1.3 
 
a
 Fraction of LC50. LC50s determined by Maximum Likelihood-Probit. 
 
b
 Expected mortality based on assumptions of concentration addition. 
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The 96 h acute effects of the binary combinations of deltamethrin, endosulfan and 
profenofos were accurately predicted by adding equieffective concentrations responsible 
for 50% (1 TU) mortality of rainbowfish when pulse-exposed to the insecticides 
individually (Tables 6.6 to 6.8). The method of concentration-addition was also 
consistent in predicting mortality across temporal scales from 4 to 72 h. Observed 
mortality in fish exposed to 1 TU of deltamethrin, endosulfan and profenofos, 
respectively was not significantly different from (P > 0.05) expected values (Table 6.9). 
The three binary combinations of 1 TU of deltamethrin, endosulfan, and profenofos were 
accurately predicted by the method of CA.  
 
The ratio of observed to expected mortality in ternary combinations of deltamethrin, 
endosulfan and profenofos approximate 1 when rainbowfish are pulse-exposed to TUs of 
1 and 0.5 indicating that the method of CA was capable of accurately predicting mortality 
of the ternary mixture at TUs of 0.5 and above (Table 6.10). This trend was not upheld 
when comparing observed and expected mortality in the ternary combinations with 
individual insecticide concentrations below 0.5 TUs. The increasing ‘observed: expected 
mortality ratio’ with a corresponding decrease in TU values shows that the CA method 
was increasingly incapable of accurately predicting the toxicity of the ternary mixture. 
The toxicity of the individual insecticides pulse-exposed to rainbowfish was more than 
additive when combined in a ternary mixture of 0.25 TUs. The observed mortality of 
rainbowfish pulse-exposed to ternary mixtures at 0.125 and 0.0625 TUs was significantly 
greater (3.9 and 4.6, respectively) than expected and within the realm of potentiated 
toxicity. 
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Table 6.6 Percentage mortality (+/- SE) of rainbowfish pulse-exposed to PE LC50s of deltamethrin and endosulfan individually and as 
a binary mixture at 4, 24, 48, 72 and 96 h. (n = 3). 
 
 
 
Toxicant                                                    Time (h) 
  
4 
 
24 
 
48 
 
72 
 
96 
 
     
Deltamethrin 10 (10.0) 13 (8.8) 20 (12) 40 (12) 47 (15) 
Endosulfan 0.0 (0.0) 0.0 (0.0) 3.3 (3.3) 10 (3.3) 43 (15) 
Deltamethrin + Endosulfan 3.3 (3.3) 10 (5.8) 30 (5.8) 33 (3.3) 90 (3.3) 
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Table 6.7 Percentage mortality (+/- SE) of rainbowfish pulse-exposed to PE LC50s of deltamethrin and profenofos individually and as 
a binary mixture at 4, 24, 48, 72 and 96 h. (n = 3). 
 
 
Toxicant                                                    Time (h) 
  
4 
 
24 
 
48 
 
72 
 
96 
 
     
Deltamethrin 10 (10) 13 (8.8) 20 (12) 40 (12) 47 (15) 
Profenofos 0.0 (0.0) 10 (5.8) 17 (6.7) 33 (6.7) 50 (5.8) 
Deltamethrin + Profenofos 0.0 (0.0) 3.3 (3.3)  33 (3.3) 73 (13) 83 (8.8) 
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Table 6.8 Percentage mortality (+/- SE) of rainbowfish pulse-exposed to PE LC50s of endosulfan and profenofos individually and as a binary 
mixture at 4, 24, 48, 72 and 96 h. (n = 3). 
 
 
 
Toxicant                                                    Time (h) 
  
4 
 
24 
 
48 
 
72 
 
96 
 
     
Endosulfan  0.0 (0.0) 0.0 (0.0) 3.3 (3.3) 10 (3.3) 43 (15) 
Profenofos 0.0 (0.0) 10 (5.8) 17 (6.7) 33 (6.7) 50 (5.8) 
Endosulfan + Profenofos 0.0 (0.0) 0.0 (0.0) 23 (13) 57 (22) 90 (5.8) 
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Table 6.9 The effect of binary combinations of 4 h PE LC50s (+/- S.E) for rainbowfish pulse-exposed to deltamethrin, endosulfan and 
profenofos at 96 h. (n = 3). 
 
 
Pesticide 
 
Toxic Unita Observed mortality (%) Expected mortality (%) Observed: Expected Ratio 
 
 
   
Deltamethrin  
 
1.0 47 (15) 50 0.9 
Endosulfan    
 
1.0 43 (15) 50 0.9 
Profenofos  
 
1.0 50 (5.8) 50 1.0 
 
 
   
Deltamethrin + Endosulfanb  
 
1.0 + 1.0 83 (3.3) 100 0.8 
Deltamethrin + Profenofosb 
 
1.0 + 1.0 83 (8.8) 100 0.8 
Endosulfan + Profenofosb 
 
1.0 + 1.0 90 (5.8) 100 0.9 
 
a
 Fraction of LC50. LC50s determined by Maximum Likelihood-Probit. 
 
b
 Expected mortality based on assumptions of concentration addition. 
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Table 6.10 The effect of ternary combinations of equieffective concentrations of deltamethrin, endosulfan and profenofos pulse-exposed to 
crimson-spotted rainbowfish. (n = 3). Mortality presented as percentage (+/- S.E) of fish death at 96 h.  
 
 
 
 
Toxic Unitsa Observed Mortality (%) Expected Mortality (%) 
Observed: Expected 
Ratio 
    
1.0 93 (3.3) 100 0.9 
0.5 90 (0.0) 75 1.2 
0.25 70 (15) 38 1.9 
0.125 73 (12) 19 3.9 
0.0625 43 (8.8) 9.4 4.6 
Control 13 (3.3) 0.0 N/A 
    
 
 
a
 Fraction of LC50. LC50s determined by Maximum Likelihood-Probit. 
 163
6.4.4 Behavior of fish in the ternary mixture 
 
 
All crimson-spotted rainbowfish pulse-exposed to 1.0 and 0.5 TUs of the ternary 
combination of deltamethrin, endosulfan and profenofos became comatose by the completion 
of the pulse. Exposure to 0.25, 0.125, and 0.0625 TUs resulted in 90, 80, and 70% of fish 
entering into a comatose state at 4 h, respectively. Fish pulse-exposed to the ternary mixture 
at 1.0 and 0.5 TUs were unable to recover from the comatose state for the duration of the 
investigation. Approximately half of the fish exposed to 0.25 and 0.125 TUs of the ternary 
mixture recovered from the comatose state by 24 h while two thirds of the fish exposed to 
0.0625 TU of the ternary mixture recovered from the comatose state at 24 h.  
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6.5 Discussion 
 
The 96 h LC25s and LC50s predicted using Maximum Likelihood-probit were reproducible 
and may be used to accurately predict the toxic effect of binary and ternary combinations of 
profenofos, endosulfan and deltamethrin pulse-exposed to crimson-spotted rainbowfish using 
the concentration-addition model. The finding that the concentration-addition model was 
capable of predicting the toxic effect of binary and ternary (LC25s and LC50s) insecticide 
mixtures pulse-exposed to M. fluviatilis in the current investigation is supported by 
continuous exposure data in the literature (Niederlehner et al., 1998; Warne, 2003; Beldon et 
al., 2007). The concentration-addition model has been successfully used to predict the 
combined toxicity of insecticides exposed to plankton and bluegill communities (Hoagland et 
al, 1993), while mixtures of equieffective concentrations of copper, phenol, zinc and nickel 
exposed to Salmo gardneri Richardson where shown to be additive (Brown, 1968; Brown 
and Dalton, 1970).  
 
The binary and ternary data suggest that toxicity estimates based on single insecticides may 
underestimate the risk of insecticide mixtures pulse-exposed to aquatic organisms. In the 
simplest of mixtures (a binary mixture), the concentration of an insecticide required to kill 
half of the individuals within a population would be 50% of the value of the insecticide 
applied in isolation. As the number of insecticides (toxicants) in the mixture increases a 
proportional reduction in individual concentrations within the mixture is required to elicit a 
comparable toxic response. As pesticides occur in mixtures more frequently than not 
(Chambers and Dorough, 1994), or ‘always’ as suggested by Pollack (1997) and the toxicity 
of individual pesticides in a mixture are in the majority of cases additive (Sprague, 1973; 
EIFAC, 1980; US EPA, 1986; Boedeker et al., 1993) then clearly the current guidelines 
(based on the toxicity of individual toxicants), for permissible concentrations of single 
chemicals may not provide adequate protection for community health or wildlife (Pollack, 
1997). 
 
This thesis argues for the inclusion of a notable addition to the risk assessment process to 
ensure that current guidelines adequately protect community health and wildlife in the 
presence of toxicant mixtures. An assessment of risk needs to include the total number of 
toxicants present (TNTP) in a region under question in place of assessing risk based on single 
toxicants. A similar approach to assessing the toxicity of mixtures is suggested in Warne 
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(2003) where Direct Toxicity Assessments (DTAs) are conducted. In addition to the DTAs 
the new risk assessment shall include a de-rating factor based on the total number of effect 
inducing toxicants present (TNEITP). This derating factor is included to compensate for the 
additive toxicity of individual toxicants. It is important to note that the toxicity of chemicals 
within complex mixtures (ten or more chemicals) is more likely to act according to 
concentration addition (Warne, 2003)  
 
In simplistic terms, risk assessment is conducted by establishing a risk quotient determined 
by dividing predicted environmental concentrations (PEC) by predicted environmental no 
effect concentrations (PNEC) following the application of an arbitrary safety factor (Walker 
et al. 1991; Calow, 1993, 1994;). I argue, that the safety factor currently employed should 
increase with an equivalent increase in the number of toxicants present. This method will not 
only provide information on the effects of individual anthropogenic substances on aquatic 
organisms, it will enable managers/scientists to analyse the risk of insecticide/toxicant 
mixtures regionally. Aquatic organisms within the vicinity of cotton crops would be better 
protected under this method than the methods currently employed to protect our native 
wildlife from exposure to insecticides and their mixtures.  
 
In general, the CA model accurately determined the combined toxic effects of 96 h LC25s 
and LC50s in rainbowfish pulse-exposed to binary and ternary combinations of deltamethrin, 
endosulfan and profenofos. Three exceptions to the general trend were observed. The first 
being the higher than expected death of rainbowfish pulse-exposed to the binary combination 
of LC25s of deltamethrin (SPP) and endosulfan (OCP) at 24 h compared with the toxicity of 
the insecticides in isolation. The second exception was the lack of death at 24 h in the binary 
mixture of deltamethrin and profenofos at their respective LC50s. The third and final major 
deviation from the general ability of the CA model to predict toxicity was the observed 
potentiation of toxic effect in the ternary mixture where toxicants at TUs below 0.5 were 
pulse-exposed to crimson-spotted rainbowfish.  
 
6.5.1 Binary toxicity  
 
The threefold increase in 4 and 24 h mortality of rainbowfish pulse-exposed to the binary 
combination of deltamethrin and endosulfan (LC25s) may be the result of temporal 
potentiation. It is possible that either endosulfan or deltamethrin may have temporarily 
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inhibited the production of an enzyme system that was used by the fish for the detoxification 
of the second insecticide. A reduction in detoxification and a related short-term increase in 
toxicity would have occurred until the enzyme system/s became activated. Bradbury and 
Coates (1989) noted that the addition of esterase inhibiting compounds such as OP and OC 
insecticides have been shown to increase the toxicity of SPs in mixtures. Specifically, the 
inhibition of monooxygenases has been recorded to increase the toxicity of the synthetic 
pyrethroids by as much as 60-fold to 200-fold (Walker et al., 1997). These findings suggest 
that the increase in toxicity of the current mixture may have been the result of increased 
activity of deltamethrin due to an endosulfan-induced reduction in monooxygenase activity. 
Similarly, pyrethroids have been noted to reduce esterase and monooxygenase activity in fish 
(Glickman et al., 1981; Deer et al., 1996). The inhibition of the monooxygenase system in 
fish as a result of exposure to deltamethrin (Deer et al., 1996) may have led to an increase in 
endosulfan toxicity due to the metabolic restraints imposed on the fish.  
 
The observed potentiation of toxic effect in rainbowfish pulse-exposed to the binary mixture 
of endosulfan and deltamethrin may be related to interference with γ-aminobutyric acid 
(GABA)-gated chloride channels. Narahashi and Chambers (1989) argue that the action on 
GABAA receptors could potentiate the effects of pyrethroids on Na+ channels resulting in 
higher levels of excitation. The toxicity of endosulfan has been attributed to binding at the 
GABA type A (GABAA) receptor in mammals and the corresponding GABA receptor in 
insects, leading to a block in the GABA-gated chloride channel (Lawrence and Casida, 1984; 
Kamijima and Casida, 2000; Bloomquist, 2001). The GABAC receptor, important in retina 
and present in the brain, is also coupled to a chloride channel and therefore a potential target 
for endosulfan (Ratra et al., 2002). Similarly, pyrethroids have been shown to act on the 
GABAA receptors of both vertebrates and invertebrates. However, the higher the 
concentration required for the inhibition of the GABAA receptor than the Na+ channel and the 
poorer correlation with toxicity, suggests that the GABAA receptor is generally a secondary 
target for pyrethroid toxicity. While these channels are noted as secondary target sites for 
both endosulfan and deltamethrin, the combined toxic effect remains unclear. It is a 
possibility that the combined action on GABA regulated channel kinetics was in part 
responsible for the significant increase in toxicity of rainbowfish pulse-exposed to the binary 
mixture of deltamethrin and endosulfan. 
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The interaction between deltamethrin and profenofos (TUs of 1) pulse-exposed to 
rainbowfish resulted in less fish death than the summation of death due to exposure to the 
insecticides in isolation. This effect was restricted to the first 24 h of the investigation 
indicating that mortality may be due to direct physiological aberrations as a result of pulse-
exposure to the binary combination. The discrepancies with the predictions of the CA model 
are consistent with the observed behavioural response of the fish during the 4 h exposure. By 
the completion of the 4 h exposure, approximately 30 and 50% of M. fluviatilis pulse-
exposed to deltamethrin and profenofos, respectively, were in a comatose state. In contrast, 
100% of the fish pulse-exposed to the binary combination of deltamethrin and profenofos 
were comatose. The initial shock induced by the combined action of the mixture was 
sufficient to overwhelm the fish. The respiration rate of fish exposed to the mixture would 
have been less than the stressed fish exposed to the insecticides in isolation as measured by 
the number of comatose fish. The erratic swimming behaviour of non-comatose fish 
indicated that their metabolic and hence respiratory activity might have been greater than 
those of fish in a state of coma. Consequently, fish exposed to the mixture may have 
absorbed proportionally less of the insecticides into their system as the main organ 
responsible for the uptake of insecticides in fish, the gills, were operating at a reduced 
capacity. A clear correlation between behaviour and toxicity in rainbowfish is required to 
substantiate these ideas.  
 
6.5.2 Ternary toxicity 
 
The CA model did not accurately predict the toxicity of equieffective lethal concentrations of 
deltamethrin, endosulfan and profenofos in a ternary mixture when toxic units below 0.5 
were analysed. The ternary combination of 0.25 toxic units was more than additive while 
ternary combinations of 0.125 and 0.0625 were potentiated 3.9 and 4.6 times, respectively. 
These results may reflect the inability of the Maximum Likelihood Probit method to 
accurately predict the toxicity of the individual compounds at concentrations responsible for 
insignificant mortality. The results may also indicate that potentiation of insecticides may be 
more prevalent at insecticide concentrations below those traditionally used to assess risk. 
 
The stress induced in the fish as a result of exposure to three insecticides each with its own 
predominant mode of action was clearly overwhelming as portrayed by the majority of 
comatose fish. Simultaneous disruption to the normal operation of voltage dependent sodium 
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channels by both deltamethrin and endosulfan, the alteration of electrophysiological and 
associated enzymatic properties of nerve cell membranes combined with disruptions to 
calcium-ATPase and hexokinase activity by endosulfan (Smith, 1991; Videira et al., 2002) 
and the inhibition of AChE and a number of other enzymatic systems by profenofos provides 
a framework for predicting greater than expected toxicity based on individual insecticides. 
The transformation of parent compounds to more toxic metabolites and the compounding 
effects of secondary target sites may be used to help explain the observed increase in toxicity 
in the ternary mixture at low insecticide concentrations. 
 
The metabolic conversion of profenofos from the parent compound (P-S form) to the 
corresponding oxygen analogs (P-O form) to become a more potent inhibitor of 
cholinesterase may explain, in part, the observed increase in toxicity of low concentrations of 
deltamethrin, endosulfan and profenofos pulse-exposed to M. fluviatilis. This increase in 
toxicity is achieved through oxidative and hydrolytic pathways by the cytochrome P450 
system (Chambers and Dorough, 1994). Presumably, the presence of the ternary insecticide 
mixture in low levels may have activated the monooxygenase system in an attempt to 
metabolise the foreign toxicants within the fish. Oxidization of the profenofos parent form to 
the increasingly toxic metabolite was likely. The observation by Kumar and Chapman (1998) 
that the internal distribution and biotransformation of profenofos into toxic metabolites might 
be slower at higher toxicant concentrations may explain the increasing toxicity of the mixture 
with a reduction in concentration. This conclusion is supported by de Bruijn et al. (1991) 
who observed that at low concentrations of clorothion and methidathion (both 
organophosphates) a much lower lethal body burden (LBB) could be attributed to a more 
specific mode of action at lower concentrations due to the effects on the biotransformation 
process. The relatively low hepatic microsomal monooxygenase (HMO) activities of fish 
indicate that their dependence on metabolic detoxification may be less than their reliance on 
excretion of uncharged lipophylic compounds.  
 
The death of fish exposed to the ternary combination of endosulfan, deltamethrin and 
profenofos may be related to the uptake of insecticide, variations in the respiration rate of 
exposed fish and the ability of fish to maintain osmoregulation. As with other lipophylic 
insecticides such as the organochlorine compounds, pyrethroids in water partition directly 
into the gills and thence the blood stream of fish where they exert a powerful action (Briggs 
et al., 1983; Viran et al., 2003). Hyperexcretion of mucous by rainbow trout led Bradbury et 
 169
al., (1987) and Symonik et al., (1989) to argue that pyrethroids induce changes in the 
respiratory surfaces of fish. Alterations to gill structure may have deleterious effects to 
individual fish as pyrethroids induce changes in the respiratory surfaces of fish. Ionic 
homeostasis in fish is largely regulated by the transepithelial potential of the gill and by 
active transport processes involving enzymes, such as ATPases. Inhibition of neural-calcium 
ATPase and calcium-magnesium ATPase was observed in organisms exposed to 
deltamethrin (Casida et al. 1983). As one mode of action is involved with ionic regulation by 
ATPases, it may be that, in addition to direct nerve toxicity, deltamethrin causes an 
osmoregulatory imbalance. This secondary osmotic stressor has been used to explain the 
susceptibility of fish to pyrethroid intoxication (Symonik et al., 1989). The findings of Heath 
(1987) and Sayeed et al. (2003) indicated that exposure to deltamethrin caused oxidative-
stress-inducing potential in Channa punctatus Bloch. Gills were the most sensitive organs 
and deltamethrin induced lipid peroxidation in all the tissues with gills showing the highest 
levels. This indicates that deltamethrin induced gill damage and may explain, in part, the 
observed mortality of rainbowfish pulse-exposed to deltamethrin. While death appears to be 
multi-faceted, it may be predominantly induced by the initial damage to the gills. Similarly, 
the reported action of endosulfan on Na+, K+ -ATPase, which is intimately coupled to 
osmoregulation, may be the irreparable effect on the osmoregulation capacity of fish (Dalela 
et al., 1978). As gills are the primary sites of toxicant adsorption in fish, electrophysiological 
and morphological damage to gill membranes and gills due to changes to ion flow likely 
impaired oxygen consumption, and altered respiratory metabolism of rainbowfish. The 
failure of these tissues to function optimally may have significantly contributed to 
rainbowfish mortality (Reddy and Gomathy, 1977; Rao et al., 1981; Day, 1984; Smith, 1991; 
Holdway et al., 1994; Videira et al., 2002). Dalela et al. (1978) reported that acute (5 h 
exposure) exposure of the fish Channa gachua to 11.8 µg/L endosulfan produced histological 
changes in the gill including: necrosis, fusion and erosion of the lamellae and filaments, 
supporting the proposition that gill damage in rainbowfish exposed to 10 µg/L endosulfan 
was a possibility.   
 
Binary mixtures containing organophosphate and synthetic pyrethroid insecticides have been 
shown to be more toxic compared with individual toxicity data. The mixing of profenofos 
with; fenvalerate to mice (Casida et al., 1983), cis-cypermethrin to cabbage looper larvae 
(Ishaaya and Casida, 1980), cypermethrin to the white fly (Ishaaya et al. 1987), and zeta-
cypermethrin and fenvalerate to H. armigera (Gunning et al., 1999) were observed to be 
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significantly more toxic as mixtures based on individual toxicity data. While these data all 
contain examples of terrestrial organisms from mammals to insects, the inhibition of 
esterases may extend to fish. Potentiation of esterase inhibition in H. armigera has been 
recorded for the organophosphate ethion when combined with the synthetic pyrethroids 
permethrin, deltamethrin, fenvalerate, bifenthrin, zeta-cypermethrin and alpha-cypermethrin 
(Gunning et al., 1999).  The significant increase in toxicity of OP and SP applied as a 
mixture has been attributed to the inhibition of pyrethroid-hydrolysing esterases by 
organophosphate insecticides (Ishaaya et al. 1987). Evidence that organophosphate esterase 
inhibitors make excellent pyrethroid synergists has provided additional evidence that 
pyrethroid resistance in H. armigera is due to esterase detoxification and the increased 
production of these enzymes. The role of the esterase appears to be the sequestration of 
insecticide (Gunning et al., 1999).  
 
The potentiation of toxic effects induced by the combined action of endosulfan, deltamethrin 
and profenofos in crimson-spotted rainbowfish appears to be the result of a multitude of 
factors. These factors include the production and conversion rates of toxic metabolites, the 
inhibition of multiple enzyme systems, the ability to maintain osmotic balance, alterations to 
behaviour leading to variations in respiration and consequently uptake of toxicants and 
damage to fish gills. Irrespective of the exact mechanisms responsible for death, rainbowfish 
are acutely sensitive to pulse-exposure to the binary and ternary combinations of 
environmentally realistic concentrations of endosulfan, deltamethrin and profenofos Q.  
 
The data show that the toxic effect of insecticides in isolation and in binary and ternary 
mixtures can be very fast. Future research into sub-lethal effects of organisms as a result of 
pulse-exposure to toxicants at various temporal scales may better protect community health 
and wildlife. Factors such as predation rates, reproduction, drift, and other behavioural 
observations need to be researched to gain a better understanding of the short-term effects of 
these changes to the maintenance of fish populations.  
 
6.6 Conclusion 
 
Binary and ternary mixtures of endosulfan, deltamethrin and profenofos pulse-exposed to 
crimson-spotted rainbowfish are reasonably well predicted from the concentration-addition 
model. However, a number of exceptions were observed. The binary combinations of LC25s 
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of deltamethrin and endosulfan exhibited more than additive toxicity over the initial 24 h of 
the investigation while the binary combination of deltamethrin and profenofos LC50s were 
an underestimate of the individual insecticide toxicities 20 h post pulse. These findings may 
have been the result of biochemical and or behavioural modifications induced by the 
combined action of the insecticides. Alternately, natural variation may account for the 
observed differences. The ternary mixture of endosulfan, deltamethrin and profenofos pulse-
exposed to M. fluviatilis showed potentiated toxicity at TUs below 0.25. The increase in 
toxicity was attributed to a multitude of factors including the inhibition and activation of 
enzymes, changes in the kinetics of nerve cell membranes and the transmission of action 
potentials, variations in respiration rate, the inability to maintain osmotic balance and the 
direct damage to the principal sites of toxicant adsorption, the gills. The complex combined 
toxic effect of these aberrations was to increase rainbowfish mortality beyond levels 
predicted using the concentration-addition model. Pulse-exposure of environmentally 
realistic concentrations of deltamethrin and endosulfan and profenofos were toxic to 
rainbowfish in isolation and in mixtures, perpetuating the concern for the future protection of 
aquatic wildlife in Australian waterways. 
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Chapter 7. The effect of pulse-exposed binary and ternary combinations of 
deltamethrin, endosulfan and profenofos to Daphnia carinata.  
 
 
 
 
7.1 Abstract 
 
Australian daphnids inhabiting aquatic environments in proximity to cotton crops are likely 
to be exposed to pulses of cotton insecticides such as endosulfan, deltamethrin and 
profenofos in binary and ternary combinations. The toxic effect of pulse-exposed insecticide 
mixtures to Australian daphnids is relatively unknown. The results from the current 
investigation indicate that environmentally realistic concentrations of profenofos and 
deltamethrin in isolation and as mixtures may pose a serious threat to the survival of D. 
carinata.  
 
Forty-eight h PE EC25 data indicate that D. carinata neonates were most sensitive to a 4 h 
pulse-exposure to a binary combination of deltamethrin and profenofos. This combination of 
insecticides showed a potentiation of toxic effect when compared with individual toxicity 
data. In contrast, the toxicity of the binary combination of deltamethrin with endosulfan was 
shown to be antagonistic. The remaining binary combinations were adequately predicted 
using the concentration-addition model and maximum-likelihood probit analytical data. 
 
A number of factors are discussed in an attempt to explain the current findings. These factors 
include the activity of enzymes, the transformation of parent compounds into more toxic 
metabolites, variations in channel gating kinetics, receptor site interactions and behavioural 
changes. 
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7.2 Introduction 
 
The cotton bollworm, Helicoverpa armigera, and the native budworm, H. punctigera, are 
serious pests of cotton and other summer crops in Australia. Increasing resistance of H. 
armigera to endosulfan, pyrethroids and carbamates has resulted in an expanded use of 
organophosphates such as profenofos, methyl parathion and chlorpyrifos on cotton and other 
crops (Gunning et al., 1998, 1999). In an attempt to curb the progression of insecticide 
resistance and restrict damage to crops caused by insect pests, the use of insecticide mixtures 
has come into favor (Gunning et al., 1998). 
 
The US EPA (1986) and EIFAC (1980) deal with mixture toxicity by the preferred method of 
concentration-addition. However, models are controversial tools in the determination of 
toxicity of pesticide mixtures to aquatic organisms. Ecotoxicological information gathered in 
the laboratory on specific pesticide combinations will enhance the ability of these models to 
accurately determine pesticide mixture toxicity (Warne, 2003; Beldon et al., 2007). 
 
Published acute toxicity data on the effects of pulse-exposed insecticides and their mixtures 
on Australian aquatic organisms are limited. This chapter aims to provide additional 
ecotoxicological data useful for assessing the risks of insecticides and their mixtures to 
Daphnia carinata under environmentally realistic exposure conditions. 
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7.3 Materials and Methods 
 
7.3.1 Experimental design 
 
Toxicity tests were performed using three replicates and a minimum of five exposure 
concentrations, and controls (ASTM, 1996). Results of previously conducted range-finding 
experiments were used to determine appropriate test solution concentrations. Stock and 
treatment solutions were prepared immediately prior to the addition of Daphnia. Two litres 
of daphnid media was poured into a 2 L Schott bottle and swirled prior to the addition of 
insecticide to ensure homogeneity of the treatment solution. Insecticides were added 
concurrently to the media when combinations of insecticide were tested. The volume of 
acetone (insecticide carrier) used to homogenize treatment solutions for mixtures did not 
exceed 100 µL/L and was held constant for all exposure concentrations and solvent controls. 
Mixture treatment solutions containing deltamethrin, profenofos, and endosulfan were 
prepared using 20, 20 and 50 µL/L of acetone, respectively, irrespective of the combination.  
 
Less than one-day-old neonates for toxicity tests were pipetted from Fowlers jars into 1 L 
watch glasses. Neonates were randomly pipetted from the 1L watch glass into 250mL tall 
glass beakers containing 150 mL of treatment solution for the duration of the pulse-exposure. 
Following toxicant exposure, neonates were pipetted into a glass Petri dish containing fresh 
media for 5 minutes in an attempt to remove excess toxicant from the media. Neonates were 
then transferred to 250 mL tall glass beakers containing 150 mL of fresh media for the 
remainder of the 48 h test. Only neonates from the third to the sixth broods (approx. 2-5 
weeks old) were used in toxicity testing (Barry et al., 1995a). Food was not provided to 
neonates during tests. Daphnid immobility (effect) was determined by a lack of movement in 
daphnids over a 10 second period following the disturbance of surrounding media with a 
blunt instrument.  
 
7.3.2 Statistical analysis 
 
Effect concentrations (EC15, 25 and 50s) for 4, and 48 h from laboratory tests were 
calculated using Maximum Likelihood-Probit from the statistical software package Toxcalc 
5.0 ™ (Toxcalc, Scientific Tidepool). Toxic Units expressed as fractions of the lethal 
concentration of individual insecticides was used to analyse the effects of insecticide 
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mixtures (Sprague, 1973). Insecticide mixture toxicity was assessed using an observed: 
expected ratio [R] as a determination of combined toxicity. The Null hypothesis (Ho) predicts 
that daphnid immobility following pulse-exposure to binary and ternary insecticide mixtures 
will not differ significantly from single toxicity estimates. 
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7.4 Results  
 
7.4.1 Water characteristics 
 
Test and treatment chamber solutions were monitored for dissolved oxygen and pH prior to 
and following the removal of Daphnia. Preliminary tests indicated that water characteristics 
did not vary significantly, either from beaker to beaker within experiments or between 
experiments for both treatment and test chambers. All measurements were within acceptable 
limits (ASTM, 1989). Mean (±SE) characteristics of the test water for static test chambers 
are recorded in Table 7.1. Data for treatment and test solutions was pooled. Daphnids and 
culture material were housed in a constant temperature room set at 18°C. Water 
characteristics did not vary significantly from static test chambers within or between 
experiments. All measurements were within acceptable limits (ASTM, 1989). Nominal 
insecticide concentrations were used in this investigation as preliminary measurements found 
little change over the short pulse-exposure period. 
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Table 7.1. Water characteristics for larval exposures in static test chambers. Mean (±SE) 
dissolved oxygen (%) and pH. 
 
 
 
a Water characteristics  recorded at 4 and 48 h were pooled. 
 
Exposure typea n Dissolved oxygen pH 
    
 
Control 
 
24 
 
89 (4.6) 
 
7.3 (0.3) 
 
Acetone control  
 
24 
 
88 (6.4) 
 
7.3 (0.3) 
 
 
   
 
Endosulfan  
 
12 
 
85 (0.3) 
 
7.4 (0.3) 
 
Profenofos  
 
24 
 
89 (4.3) 
 
7.3 (0.2) 
 
Deltamethrin 
 
24 
 
86 (4.9) 
 
7.5 (0.2) 
 
 
   
 
Deltamethrin and profenofos  
 
12 
 
90 (5.4) 
 
7.5 (0.1) 
 
Deltamethrin and endosulfan 
 
12 
 
83 (3.4) 
 
 
7.6 (0.1) 
 
Profenofos and endosulfan 
 
 
12 
 
89 (1.3) 
 
7.2 (0.1) 
 
 
   
 
Deltamethrin, profenofos and 
endosulfan 
 
30 
 
87 (7.6) 
 
7.5 (0.0) 
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7.4.1 Single insecticide exposures (EC15/25s) 
 
The acute toxicity of daphnids pulse-exposed to endosulfan was variable. Pulse-exposure of 
daphnids to 430 µg/L (EC15) of endosulfan (determined using maximum likelihood probit) 
was insufficient to cause immobility within 48 h in one experiment (Table 7.2) while 23% of 
daphnids pulse-exposed to 430 µg/L endosulfan were immobilised in a separate experiment 
(Table 7.3). This variability may be due to the low effect concentration (EC15), where one 
will typically see higher variability than at median effect concentrations.  
 
In contrast with the unpredictability of daphnid immobility following pulse-exposure to an 
EC15 of endosulfan, exposure to 1.2 µg/L (48 h EC25) of profenofos resulted in consistently 
low daphnid mortality (Tables 7.3 and 7.4). Pulse-exposure of daphnids to 1.2 µg/L 
profenofos resulted in 10% daphnid immobility at 48 h with 70 and 100% of the observed 
immobility occurring by the completion of the 4 h pulse. The proportionally high immobility 
of daphnids immediately following pulse-exposure to profenofos was consistent with the 
results of daphnids pulse-exposed to concentrations above 2 µg/L profenofos in chapter 5. 
 
On average 20% of D. carinata pulse-exposed to 1.2 µg/L deltamethrin (EC25) were 
immobilised by 48 h with approximately half of the observed 48 h immobility occurring 
during exposure (Tables 7.2 and 7.4). The 48 h daphnid immobility was consistent with the 
findings presented in chapter 5 for D. carinata neonates pulse-exposed to 1.0 µg/L 
deltamethrin, however, the immobility of daphnids immediately following pulse-exposure to 
1.0 µg/L deltamethrin was not observed in chapter 5. The calculation of an EC25 for 
daphnids pulse-exposed to technical grade deltamethrin was accurately predicted using the 
maximum likelihood probit analytical technique. 
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Table 7.2. Average percent immobility (+/- SE) of daphnids pulse-exposed to a 4 h PE EC25 
of deltamethrin and a 48 h PE EC15 of endosulfan individually and as a binary mixture at 4 
and 48 h (n = 3). 
 
 
 
 
 
 
Toxicant 
 
                                                 Time (h) 
  
4 
 
48 
 
  
Deltamethrin 7 (3.3) 20 (0.0)  
Endosulfan 0 (0.0) 0 (0.0) 
Deltamethrin + Endosulfan 0 (0.0)   17 (6.7)  
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Table 7.3. Average percent immobility (+/- SE) of daphnids pulse-exposed to a 4 h PE EC25 
of profenofos and a 4 h PE EC15 of endosulfan individually and as a binary mixture at 4 and 
48 h (n = 3). 
 
 
 
 
 
Toxicant 
 
                                                 Time (h) 
  
4 
 
48 
 
  
Profenofos 10 (0.0) 10 (0.0) 
Endosulfan 0.0 (0.0) 23 (3.3) 
Profenofos + Endosulfan 13 (3.3) 30 (10) 
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Table 7.4. Average percent immobility (+/- SE) of Daphnia pulse-exposed to 4 h PE EC25s 
of profenofos and deltamethrin individually and as a binary mixture at 4 and 48 h (n = 3). 
 
 
 
 
 
Toxicant 
 
                                                 Time (h) 
  
4 
 
48 
 
  
Profenofos 7.0 (3.3)  10 (0.0) 
Deltamethrin 10 (5.8) 20 (5.8) 
Profenofos + Deltamethrin 60 (10) 80 (10) 
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7.4.3 Binary insecticide exposures (EC15/25s) 
 
The 48 h toxicity of binary mixtures of deltamethrin (EC25), endosulfan (EC15), and 
profenofos (EC25) were not accurately predicted by the method of concentration-addition 
using single toxicity estimates derived from maximum likelihood probit calculations. 
Exposure to the three binary combinations resulted in a variety of responses in D. carinata 
neonates. 
 
The 48 h toxicity of the binary combination of deltamethrin and endosulfan pulse-exposed to 
D. carinata was equivalent to exposure to deltamethrin in isolation (Table 7.2). In contrast, 
the 48 h toxicity of the binary combination of profenofos and endosulfan (EC25 and EC15, 
respectively) was accurately predicted by summation of immobilised daphnids exposed to the 
toxicants in isolation (Table 7.3). The greatest variation from expected immobility based on 
the method of concentration-addition was the increase in immobilised neonates pulse-
exposed to the binary combination of deltamethrin and profenofos Q (Table 7.4). Based on 
the addition of maximum likelihood probit EC25s, the observed combined toxicity of 
deltamethrin and profenofos showed potentiation (r = 2.5). Similarly, a potentiation of toxic 
effect (r = 3.5) was observed at 4 h for the binary combination of deltamethrin and 
profenofos EC25s.  
 
7.4.4 Single insecticide exposures (EC50s) 
 
There was excellent agreement between expected and observed daphnid immobility 
following pulse-exposure to 5.5 µg/L (48 h EC50) deltamethrin where fifty and fifty three 
percent of daphnids were immobilised (Tables 7.5 and 7.7). Similarly, good agreement 
occurred between expected and observed daphnid immobility following pulse-exposure to 2 
µg/L (48h EC50) profenofos. Fifty-seven and sixty percent of daphnids were immobilised by 
48 h with over half of the immobility noted by the completion of the 4 h pulse (Tables 7.6 
and 7.7, respectively). Endosulfan was responsible for the immobilisation of 23% of daphnid 
neonates shown in table 7.6 at 48 h. However, the lack of immobilised neonates following 
pulse-exposure to endosulfan (Table 7.5) further illustrates the unpredictable nature of 
endosulfan-induced narcosis in D. carinata at the concentrations tested.  
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7.4.5 Binary insecticide exposures (EC50s) 
 
The 48 h toxicity of the binary combination of 5.5 µg/L (48h EC50) deltamethrin and 430 
µg/L (EC15) endosulfan was not significantly different from the toxicity of deltamethrin in 
isolation and was in good agreement with the addition of immobilised daphnids at 48 h 
(Table 7.5). In contrast, 4 h immobility of daphnids exposed to the binary mixture was zero. 
Such a reduction in toxicity is consistent with temporal antagonism. 
 
The 4 and 48 h toxicity of the binary combination of 2 µg/L profenofos and 430 µg/L 
endosulfan pulse-exposed to D. carinata was accurately predicted by summation of 
individual toxicity estimates (Table 7.6). Similarly, the 4 and 48 h toxicity of the binary 
combination of profenofos and deltamethrin was reasonably well predicted by the method of 
adding equieffective concentrations of toxicant (Table 7.7). 
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Table 7.5. Average percent immobility (+/- SE) of daphnids pulse-exposed to a 4 h PE EC50 
of deltamethrin and a PE EC15 of endosulfan individually and as a binary mixture at 4 and 
48 h (n = 3). 
 
 
 
 
 
 
Toxicant 
 
                                                 Time (h) 
  
4 
 
48 
 
  
Deltamethrin 30 (5.8) 50 (0.0) 
Endosulfan 0.0 (0.0)  0.0 (0.0) 
Deltamethrin + Endosulfan 0.0 (0.0)  47 (6.7) 
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Table 7.6. Average percent immobility (+/- SE) of daphnids pulse-exposed to a 4 h PE EC50 
of profenofos and a PE EC15 of endosulfan individually and as a binary mixture at 4 and 48 
h (n = 3). 
 
 
 
 
 
 
Toxicant 
 
                                                 Time (h) 
  
4 
 
48 
 
  
Profenofos 27 (6.7) 57 (8.8) 
Endosulfan 0 (0.0) 23 (3.3) 
Profenofos + Endosulfan 20 (5.8) 77 (12) 
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Table 7.7. Average percent immobility (+/- SE) of daphnids pulse-exposed to 4 h PE EC50s 
of profenofos and deltamethrin individually and as a binary mixture at 4 and 48 h (n = 3). 
 
 
 
 
Toxicant 
 
                                                 Time (h) 
  
4 
 
48 
 
  
Profenofos 30 (5.8) 60 (5.8) 
Deltamethrin 33 (13) 53 (3.3) 
Profenofos + Deltamethrin 70 (15) 87 (8.8) 
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7.4.6 Comparing single EC15/25s and EC50s 
 
The toxicity of single insecticides responsible for immobilising 25 and 50% of pulse-exposed 
daphnids resulted in a number of temporal variations in toxic effect. The immobilisation of 
daphnids pulse-exposed to 1.2 µg/L profenofos (EC25) predominantly (an average of 85% of 
the total number of immobilised neonates) occurred during exposure (Tables 7.3 and 7.4) 
while exposure to 2 µg/L (EC50) profenofos resulted in equal numbers of immobilised 
daphnids both during and post-exposure (Tables 7.6 and 7.7). Delayed immobility was more 
evident in daphnids pulse-exposed to 2 µg/L profenofos compared with daphnids pulse-
exposed to 1.2 µg/L profenofos. In contrast, approximately half of the immobilised daphnids 
pulse-exposed to 1.2 µg/L (EC25) and 5.5 µg/L (EC50) deltamethrin were immobilised at 48 
h following a 4 h pulse-exposure. Daphnid immobility as a result of pulse-exposure to 
endosulfan was restricted to one of the 48 h observations. 
 
7.4.7 Comparing binary mixtures of EC15/25s and EC50s 
 
A comparison of binary insecticide mixtures responsible for immobilising 15/25 and 50% of 
pulse-exposed daphnids resulted in a number of variations in toxic effect. The binary 
combination of pulse-exposed endosulfan and deltamethrin did not show any major 
discrepancies when 48 h EC15/25s and 50s were compared. Similarly, the pulse-exposure of 
D. carinata neonates to the binary combination of endosulfan and profenofos at 48 h 
EC15/25s and 50s did not differ significantly from expected values. The observed potentiated 
toxicity (r > 2) of the binary combination of EC25s of pulse-exposed deltamethrin and 
profenofos at both 4 and 48 h was not evident in EC50s in the analogous combination. The 
lack of potentiated toxicity in the EC50 combination may be the result of mathematical 
limitations of the model and/or the higher variability evident in lower TUs. 
 
7.4.8 Ternary combination 
 
The observed immobility of D. carinata neonates pulse-exposed to ternary combinations of 
endosulfan, deltamethrin and profenofos was consistently lower than expected values based 
on the addition of single insecticide toxicity estimates determined by maximum likelihood 
probit (Table 7.8). Agreement between observed and expected ratios for ternary 
combinations of 1.0, 0.25, and 0.125 toxic units was good (> 80%), however, the ability to 
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predict immobility of daphnids pulse-exposed to 0.5 and 0.0625 toxic units of the ternary 
mixture was poor (< 65%). The ternary mixture of deltamethrin, endosulfan, and profenofos 
was capable of immobilising a significant number of daphnids at concentrations likely to 
occur in the environment.   
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Table 7.8. The 48 h acute toxicity (+/- SE) of ternary combinations of deltamethrin, 
endosulfan and profenofos following a 4 h pulse-exposure to D. carinata (n = 3). 
 
Toxic Unitsab 
Observed Immobility 
(%) 
Expected Immobility 
(%) 
Observed: Expected 
Ratio 
    
1.0 93 (3.3) 100 0.9 
0.5 37 (3.3) 58 0.6 
0.25 23 (3.3) 29 0.8 
0.125 13 (3.3) 14.4 0.9 
0.0625 3.0 (3.3) 7.2 0.4 
Control 0.0 (0.0) 0.0 N/A 
    
 
 
 
a
 1 toxic unit of profenofos and deltamethrin are equivalent to their respective PE EC50s 
b
 1 toxic unit of endosulfan was equivalent to the PE EC15  
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7.5 Discussion 
 
Pulse-exposure to deltamethrin, endosulfan and profenofos in single and binary and ternary 
combinations were toxic to D. carinata neonates. The combined toxicity of equieffective 
concentrations of deltamethrin and profenofos (EC25s) resulted in the potentiation of 
immobilised daphnid neonates. The EC25s of deltamethrin and profenofos were within levels 
recorded from the field and may consequently pose a real threat to the sustainability of D. 
carinata populations in the environment. Endosulfan was observed to antagonise the toxic 
action of deltamethrin immediately following the 4 h exposure while adding to the toxicity to 
daphnids when mixed with profenofos. The role of enzymes, nerves, target sites, and 
insecticide interactions are discussed in an attempt to explain the current findings. 
 
7.5.1 Insecticide toxicity 
 
7.5.1.1 Single EC15/25s 
 
The non-linear relationship between profenofos concentration and immobility was arguably 
responsible for the reduced immobilisation of D. carinata neonates pulse-exposed to 1.2 
µg/L (EC25) profenofos. This suggestion is consistent with the sigmoidal concentration-
response curve presented in chapter 5 (Figure 5.2), which indicated that profenofos 
concentrations below the EC50 could over-estimate toxicity based on linear modeling. The 
lower than expected immobilisation of daphnids due to pulse-exposure to 1.2 µg/L 
profenofos may have been the result of the existence of thresholds related to the inhibition of 
AChE. As AChE inhibition is the main factor responsible for immobility of organisms 
exposed to profenofos (Kumar and Chapman, 1998; Hamadain and Chambers, 2001) and 
other organophosphate insecticides, it is reasonable to suggest that the level of AChE 
inhibition in D. carinata was the result of profenofos concentrations below a threshold 
response level for a 4 h pulse.  
 
The immobilisation of daphnids pulse-exposed to 1.2 µg/L (EC25) profenofos for 4 h 
occurred during the pulse with little residual/latent effect recorded by 48 h (Tables 7.3 and 
7.4). This observation is consistent with the findings in chapter 5, adding support to the idea 
that AChE inhibition is capable of causing immobility of daphnids very quickly. This view is 
consistent with a number of authors in the literature who argue that AChE inhibition was 
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evident within a few minutes to a few hours following exposure (Byrne and Devonshire, 
1991; Brown and Brix, 1998; Gunning et al., 1999).  
 
In contrast, only half of the daphnids exposed to 2 µg/L (EC50) profenofos were immobilised 
at 4 h compared with 48 h results. While showing that the effects of pulse-exposure to an 
EC50 of profenofos may be residual, these findings also suggest that lower concentrations of 
profenofos may induce a narcotic effect not evident in higher profenofos concentrations. 
Alternatively, these results may provide further evidence in the support of the unreliability of 
4 h toxicity estimates noted above.  
 
The inhibition of AChE by profenofos has been shown to vary both with concentration and 
with time (Weiss, 1959). The relationship between temporal variation and profenofos 
concentration needs to be established to further our current knowledge with respect to 
profenofos related AChE inhibition. The maximum likelihood probit as a model for the 
accurate prediction of an EC25 for D. carinata pulse-exposed to profenofos was unreliable. 
This unreliability supports the notion of using toxicant concentrations observed to elicit 
specific responses at determined (measured) concentrations in preference to predictions from 
generalised linear models (GLM). In contrast, maximum likelihood probit model 
satisfactorily predicted the concentration of profenofos necessary to immobilize 50% of the 
test daphnids at 4 and 48 h. These results indicate that the model is more reliably applied to 
daphnids exposed to 48 h PE (4 h) EC50 concentrations of pulsed profenofos compared with 
48 h PE (4 h) EC25 concentrations.  
 
The fluctuations observed in PE EC15 toxicity for D. carinata pulse-exposed to endosulfan 
may be the result of endosulfan bioavailability. Despite the findings of Barry et al. (1995a), 
endosulfan could not be homogenously mixed with the Daphnia media at concentrations in 
excess of 500 µg/L with the aid of an acetone carrier at the maximum permissible 100 µl/L, 
in the current investigation. As the current daphnid strain was derived from that of Barry et 
al. (1995a) the observed variation in results may be attributed to differences in daphnid 
media or to temporal variation in daphnid fitness. Variations in media may have led to 
greater levels of insecticide adsorption, uptake, volatility, and/or metabolism.  The low 
solubility of endosulfan (approx. 150 µl/L) may have resulted in reduced nominal 
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concentrations of endosulfan above 150 µl/L. Alternately, the fluctuations in the maximum 
likelihood probit method may in fact reflect the low toxicity of endosulfan to D. carinata. 
 
The all-or-none toxic response of neonates pulse-exposed to endosulfan indicates that a 
concentration of 430 µg/L endosulfan may be close to a threshold concentration of response, 
and minute variations in the concentration of endosulfan and/or the Daphnia media may be 
responsible for the observed variation in immobility. A similar threshold response was noted 
in rainbowfish pulse-exposed to endosulfan (Figure 4.1). The current results suggest that 
field levels of endosulfan may not pose an acute threat to the short or long-term viability of 
D. carinata populations. Future research into the sub-lethal effects of endosulfan at 
environmentally realistic concentrations needs to be assessed.  
 
The agreement between observed and predicted daphnid immobility due to pulse-exposure to 
1.2 µg/L deltamethrin (EC25) was consistent with the near linear relationship between 
deltamethrin log concentration and immobility (Figure 5.3). This suggests that a clear 
threshold for immobility of D. carinata neonates pulse-exposed to deltamethrin does not 
exist; instead immobility was concentration dependent. In contrast, the lack of immobility at 
4 h in neonates pulse-exposed to 1 µg/L deltamethrin (Chapter 5) compared with the 
approximately 40% immobility of neonates pulse-exposed to 1.2 µg/L suggests that a toxic 
threshold for 4 h immobility in D. carinata pulse-exposed to technical grade deltamethrin lies 
between 1 and 1.2 µg/L deltamethrin. Interestingly, 27 and 20% of daphnids pulse-exposed 
to 1 and 1.2 µg/L deltamethrin, respectively, were immobilised by 48 h. The data highlights 
the inconsistency with the use of 4 h ECs Consequently, the use of 4 h ECs are not 
recommended in the pursuit of comparative or risk assessment analysis. 
 
The results show that approximately half of the daphnids pulse-exposed to 1.2 µg/L 
deltamethrin were immobilised during the 4 h exposure. This suggests that the action of 
deltamethrin on the sodium channels of nerve membranes in D. carinata was rapid and that 
the action of deltamethrin was not removed with the corresponding transfer of daphnids to 
freshwater. These results are consistent with the findings presented in Chapter 5 for D. 
carinata neonates pulse-exposed to deltamethrin concentrations below 10 µg/L. While 
deltamethrin may contribute to the general disruption of cellular activity, the delayed 
immobility of daphnids and lack of recovery from narcosis suggest that it is the direct action 
of deltamethrin via disruption to sodium channel gating that underpins its neurotoxicity 
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(Rand, 1995). Research into deltamethrin-induced delayed mortality over longer time periods 
(2-5 days) and the sub-lethal effects of deltamethrin would significantly contribute to the 
current knowledge on the potential of deltamethrin to disrupt aquatic organisms and 
environs. The determination of deltamethrin and receptor site size and shape and their 
interaction may contribute to the elucidation of factors responsible for deltamethrin-induced 
toxicity to daphnids and other sympatric species.  
 
7.5.1.2 Single EC15/50s 
  
In contrast with the 48 h pulse-exposed (PE) EC25s for D. carinata neonates pulse-exposed 
to profenofos and deltamethrin, the ability of maximum likelihood-probit to accurately 
predict 48 h PE EC50s for D. carinata was satisfactory, with r values of 1.14 and 1.0 for 
profenofos and deltamethrin, respectively. The unpredictability in the determination of 
endosulfan toxicity to D. carinata was again present with r-values fluctuating from 0 to 1.53. 
 
7.5.2 Mixtures 
 
 7.5.2.1 Binary EC15/25s 
 
The toxicity of 48 h EC15/25 binary combinations of endosulfan/deltamethrin and 
endosulfan/profenofos (r = 0.5, 0.75 respectively) was additive based on model predictions. 
The lower than expected (r = 1) toxicity of binary combinations containing endosulfan may 
be attributed to the unpredictable toxicity of pulse-exposed endosulfan to D. carinata.The 
additive toxicity of insecticides applied in combination suggests that the toxicants may have 
a similar mode of action.  
 
7.5.2.1.1 Potentiation 
 
Based on additive toxicity estimates of EC25 data, the binary mixture of profenofos and 
deltamethrin should have resulted in approximately half of the daphnids pulse-exposed to the 
binary combination being immobilised. The observed immobility of 80% (r = 1.6) for pulse-
exposed daphnids indicates that the binary combination was more-than-additive. The 
summation of observed EC25s indicates that the binary combination of deltamethrin and 
profenofos resulted in the potentiation of toxic effect above that predicted from the addition 
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of isolated insecticide exposures at both 4 (r  = 3.53) and 48 h (r = 2.67). These results 
highlight the need for further investigation into the use of EC25s as a reliable indicator of 
binary toxicity estimates. Enzyme activity, the transfer of parent compounds into more toxic 
metabolites, variations in channel gating kinetics, receptor site interactions and behavioural 
changes may all contribute to the greater than additive toxicity ofpulse-exposed, EC25 
concentrations of deltamethrin and profenofos mixtures. 
 
The potentiation of toxic effect in daphnids pulse-exposed to profenofos and deltamethrin is 
well supported by the literature. The binary combination of profenofos with fenvalerate to 
mice (Casida et al., 1983) and cis-cypermethrin to cabbage looper larvae (Ishaaya and 
Casida, 1980) were observed to be significantly more toxic as mixtures compared with 
individual toxicity data. Casida et al., (1983) noted that the OP ethion significantly increased 
the toxicity of deltamethrin to a DDT resistant strain of cattle tick while profenofos was 
shown to significantly increase the toxicity of zeta-cypermethrin and fenvalerate (both SPs) 
to Heliothis armigera when applied as mixtures (Gunning et al., 1999).  
 
The potentiation of toxic effect in organisms exposed to binary combinations of insecticides 
has been, in part, attributed to the action of enzymes. Esterase inhibiting compounds such as 
OP and OC insecticides have been shown to increase the toxicity of SPs in mixtures 
(Bradbury and Coates, 1989; Walker et al., 1997) with the role of the esterase reported to be 
involved in the sequestration of insecticide (Gunning et al., 1999). Potentiation of esterase 
inhibition in H. armigera was recorded for the organophosphate ethion when combined with 
the synthetic pyrethroids permethrin, deltamethrin, fenvalerate, bifenthrin, zeta-cypermethrin 
and alpha-cypermethrin (Gunning et al., 1999). Organophosphates, including profenofos, are 
known to synergize cypermethrin (Ishaaya et al. 1987) by inhibiting pyrethroid-hydrolysing 
esterases in the white fly. The inhibition of microsomal P450-dependent monooxygenases 
has been known to increase the toxicity of synthetic pyrethroids by as much as 60 to 200-fold 
(Walker et al., 1997; Schuler et al., 1998) as a result of the formation of more toxic 
metabolites (Arnold et al., 1995). The inhibition of additional enzymes such as glutathione S-
transferases (Bhavan and Geraldine, 2001), naphthyl esterase (Byrne and Devonshire, 1991) 
carboxylesterase (Devonshire and Moores, 1982) and aliesterases may have contributed to 
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the potentiated toxicity of the binary combination of EC25s of profenofos and deltamethrin 
pulse-exposed to D. carinata.  
 
The formation of a more toxic metabolite has not been recorded for deltamethrin in the 
literature. However, metabolism of profenofos does involve a transitory stage, whereby the 
parent compound is transformed into a more toxic oxon analog. The inactivation of enzymes 
(such as MFOs) used to metabolise and remove nerve poisons such as deltamethrin and/or 
the transformation of the profenofos parent compound into its more toxic oxon analog may 
explain some of the potentiated toxicity of the binary mixture compared with pulse-exposure 
to the insecticides in isolation. It may be that deltamethrin reduces the time to transformation 
or prolongs the time spent in the transitory state, both scenarios potentially leading to an 
increase in toxicity. 
 
Interference with ion channel gating may help explain the potentiation of immobilised 
daphnids as a result of pulse-exposure to the binary combination of deltamethrin and 
profenofos at EC25s. Changes in the release, transport, binding and breakdown of 
neurotransmitters may help explain potentiated toxicity of insecticide mixtures. The action of 
the deltamethrin/profenofos binary combination may have prevented the release of 
neurotransmitters into the synaptic cleft thereby preventing/interrupting the chemical 
transmission of nervous signals. Alternatively, excessive quantities of transmitter may have 
been present in the synaptic cleft as a result of increased release of transmitters or an inability 
to break them down. As neurotransmitters are responsible for the opening and closing of 
postsynaptic membrane channels a build up of neurotransmitters may lead to repeated 
transmissions of electrical impulses responsible for uncoordinated muscular and nervous 
activity leading to enhanced systemic effects.  
 
The possibility exists that deltamethrin was able to contribute to the inhibition of AChE by 
profenofos. Such increased inhibition would prevent the enzymatic degradation of the 
transmitter, resulting in the inability to restore ion channels to their closed state. The influx of 
unmediated ions through a cell membrane as a result of multiple neurotransmitter release and 
possible disruption to temporal opening of channels may have contributed to the increase in 
toxicity of the binary combination of EC25s of deltamethrin and profenofos. It may be that 
the combination of molecules at their respective sites of action resulted in extended 
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membrane depolarisation as a result of the change to the membrane shape and consequent 
normal functioning. Additional morphological and/or chemical/electrical changes to receptor 
sites and molecular interactions may have contributed to the observed potentiated toxicity of 
pulse-exposed deltamethrin and profenofos to D. carinata neonates. 
 
Behavioural responses to the detection of one of the insecticides may have contributed to an 
increase in the uptake of both toxicants. Detection of a toxicant may have led to the daphnids 
becoming stressed and attempting to escape the toxicant, resulting in increased respiration 
and consequently an increase in the rate of insecticide uptake of one or both of the 
insecticides compared with the uptake of individual insecticides. The increased stress utilises 
more of the daphnids energy reserves while increasing the internal concentration of toxicant. 
The passing of thresholds for all or none effects may have contributed to the observed 
potentiation in toxicity.  
 
The joint toxicity of equieffective EC25 concentrations of profenofos and deltamethrin 
resulted in potentiated daphnid immobility based on the immobility of daphnids pulse-
exposed to the insecticides in isolation. Such an increase in toxicity needs to be addressed 
when setting parameters for the safety and long-term survival of freshwater organisms and 
their ecosystems. 
 
7.5.2.1.2 Independent joint action  
 
The immobilisation of daphnid neonates pulse-exposed to the binary combination of 
deltamethrin and endosulfan at 48 h was not significantly different from those pulse-exposed 
to deltamethrin in isolation, suggesting that endosulfan did not contribute to the toxicity of 
the mixture.  
 
The toxicity of endosulfan is attributable to binding at the γ-aminobutyric acid type A 
(GABAA) receptor in mammals and the corresponding GABA receptor in insects, leading to 
a block in the GABA-gated chloride channel (Lawrence and Casida, 1984; Kamijima and 
Casida, 2000; Bloomquist, 2001). Interference with the proper functioning of GABA 
receptors as a result of exposure to deltamethrin is noted. The suggestion by Narahashi and 
Chambers (1989) that an action on GABAA receptors could potentiate the effects of 
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pyrethroids on Na+ channels resulting in higher levels of excitation was contradicted by the 
current findings of daphnids pulse-exposed to EC15/25s and EC50s of endosulfan and 
profenofos, respectively. The current results are consistent with those of Trim (1987) who 
found endosulfan and fenvalerate to be less than additive as a mixture, although both are 
regarded as ‘supertoxic’ (96 h LC50 < 10 µg/L).  
 
Pulse-exposure of daphnids to deltamethrin immediately following the 4 h exposure resulted 
in 35-50 and 60-62% of the 48 h immobility when exposed to EC25s (Tables 7.2 & 7.4) and 
EC50s,(Tables 7.5 & 7.7) respectively. In contrast, exposure of daphnid neonates to EC25s 
and EC50s of deltamethrin and EC15s of endosulfan resulted in an absence of immobilised 
daphnids. This antagonistic effect may be the result of competition for target sites, counter-
productive changes to membranes and ion gating kinetics and/or the induction or suppression 
of enzyme systems.  
 
7.5.2.2 Binary EC15/50s 
 
The 48 h PE EC15/50 toxicity of the three binary combinations of insecticides was additive. 
The r-values for the binary combinations of profenofos/deltamethrin, 
deltamethrin/endosulfan, and profenofos/endosulfan were 1.3, 0.7, and 1.2, respectively. 
These values are in agreement with the concentration-addition model and add support to the 
ability of the maximum-likelihood probit method to determine EC50s. The exception to the 
general trend of accurately predicting binary immobility by summation of immobilised 
neonates from isolated exposures was the observed antagonistic relationship between 
deltamethrin and endosulfan at 4 h noted above. The noted inhibitory effect of endosulfan 
combined with deltamethrin was restricted to observations immediately following the pulse-
exposure indicating that the inhibition was transitory in nature.  
 
7.5.3 Ternary mixtures 
 
Predicting the immobility of D. carinata neonates pulse-exposed to the ternary combination 
of deltamethrin, profenofos and endosulfan incorporating the toxic units approach was 
unreliable. The results show that observed daphnid immobility was consistently lower than 
that expected based on the toxicity of pulse-exposure to single insecticides. While Toxic 
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Units of 1.0, 0.25 and 0.125 showed good agreement with observed to expected ratios (r > 
0.80) the remaining ternary combinations (TUs 0.5 and 0.0625) were unsatisfactory 
predictors of toxicity (r < 0.65). The use of the toxic units approach to provide reliable data 
used to determine maximum allowable concentrations of insecticide mixtures in aquatic 
environments for the protection of aquatic wildlife might be spurious. While adequately 
providing for the protection of wildlife due to the over-estimation of toxic effect, the ability 
of the toxic units approach to reliably predict immobility in daphnids pulse-exposed to the 
ternary mixture was compromised. This supports the argument that the toxic units approach 
to predicting the effects of ternary pesticide combinations should be restricted to toxic units 
of 1.0. The lower variability of LC50s compared with higher variability in lower immobility 
estimates are in agreement with this recommendation. 
 
7.5.4 Conclusion 
 
The findings of this investigation provide evidence that the pulse-exposure of mixtures of 
environmentally realistic concentrations of deltamethrin and profenofos may pose a threat to 
the survival of daphnid populations. However, pulse-exposure to environmentally realistic 
concentrations of endosulfan is unlikely to pose a threat to the survival of D. carinata 
neonates as a result of immobility. 
 
The findings of this investigation support the use of maximum likelihood probit for the 
determination of 48 h PE EC15/50s for D. carinata pulse-exposed to endosulfan, 
deltamethrin, and profenofos in isolation. Summation of the probit calculations was shown to 
accurately predict the toxic effect of the binary combinations of the three insecticides. The 
ability of the summed individual toxicity estimates to predict the toxicity of the various 
ternary mixtures was, however, less reliable. 
 
7.5.5 Future research 
 
Future research into the biochemical interactions responsible for the synergistic responses 
observed in mixtures of pesticides would be beneficial to the field of ecotoxicology. 
Measuring the activity of enzymes involved in the activation and detoxification processes 
(cytochrome P450s) and target enzymes (acetylcholinesterase in the case of OPs) would be a 
valuable tool in the determination of the factors responsible for synergistic effects in aquatic 
organisms as the result of pulse-exposure to insecticides and their mixtures.  
 199
Chapter 8. The effect of exposure duration, concentration and time 
between multiple pulse-exposures of deltamethrin to Daphnia carinata 
neonates. 
 
 
 
 
8.1 Abstract 
 
In Australia, deltamethrin is registered for use against cotton insect pests. The high toxicity and 
stability of deltamethrin have made it an important component of many IPM strategies, 
particularly those involving cotton. It is foreseeable that deltamethrin may enter nearby aquatic 
habitats as a result of the proximity of cotton to aquatic environs, application methods and 
rainfall events. The high toxicity of deltamethrin to fish, aquatic insects and crustaceans suggests 
that deltamethrin may pose a threat to the survival of daphnid populations. Such an impact may 
have repercussions on the maintenance of populations, communities and aquatic ecosystems. 
 
Daphnids were pulse-exposed to deltamethrin for 0.5, 1, 2, 4, and 8 h to determine the effect 
of exposure duration on 48 h immobility. The higher than expected sensitivity of daphnid 
neonates pulse-exposed to deltamethrin for a duration of half an hour may be the result of a 
time lag between detection of the toxicant by the organisms and the production of enzymes 
used to metabolise the toxic agent. Consequently, the primary sites of action, the voltage 
sensitive sodium channels, may have become temporarily highly sensitised.  
 
The large fiducial limits (FLs) surrounding EC50s highlight the enormous variability in 
daphnid immobilisation following single (Table 8.1) pulse-exposures to deltamethrin for 
durations from 0.5 to 8 h.  As such, it is difficult to infer any significance from the results in 
this chapter. This chapter will focus on the general trends associated with 48 h EC50s 
following single and multiple exposures to deltamethrin treatments ranging from 0.5 to 8 h 
and attempt to discuss possible reasons for these observations.   
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Daphnids were exposed to multiple (2) pulses of deltamethrin for 0.5, 1, 2, and 4 h, separated by 
1 and 24 h to determine the effect of multiple exposures and time between exposures. The 
toxicity of neonates exposed to pulses of deltamethrin did not significantly  vary with pulse 
duration. However, longer exposures and higher concentrations were synonymous with an 
increase in daphnid immobility. A comparison between exposure regimes indicated that multiple 
pulses of deltamethrin separated by 24 h were generally more toxic than equivalent pulses 
separated by 1 h. In contrast, no clear trend in the order of sensitivity was observed between 
multiple pulse-exposures separated by 1 h and single pulse-exposures. 
 
A comparison of temporally equivalent exposure regimes showed that two 0.5 h exposures 
separated by 24 h were significantly more toxic to daphnids than two, 0.5 h pulses separated by 
1 h while the toxicity of a single 1 h pulse was similar to two, 0.5 h pulses separated by 1 h. The 
increase in toxicity between exposure regimes was attributed to a number of physiological and 
behavioural factors. The production and depletion of enzymes and their dependence on time, 
changes in channel gating kinetics, the influence of known secondary stressors, energy use and 
movement patterns were discussed in an attempt to explain the findings of the current 
investigation into daphnid immobility following pulse-exposure to technical grade deltamethrin.   
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8.2 Introduction 
 
Synthetic pyrethroid insecticides such as deltamethrin have come into favor as a result of their 
low environmental persistence, rapid elimination from tissue following the termination of 
exposure, negligible toxicity to mammals, and high toxicity to insects. Deltamethrin is a multi-
purpose insecticide used to control agricultural pests, vectors of human diseases such as malaria, 
and for the eradication of mites on bovine species. In Australia deltamethrin is registered for use 
against cotton insect pests, primarily Heliothis sp. A number of Australian studies have shown 
that macroinvertebrates are highly sensitive to pyrethroids, including deltamethrin (Thomas, 
2001). Exposure to deltamethrin has been shown to induce a variety of secondary responses. 
These responses are supportive of the highly sensitive action of deltamethrin at pre-synaptic 
nerve terminals in the central nervous system (CNS) and the involvement of voltage-dependent 
sodium channels. 
 
Deltamethrin may be sprayed on Australian cotton crops at a maximum application rate of three 
times in a cotton season (Dec – Feb; Shaw and Harris, 1999). The close proximity of cotton 
farms to one another, the timing of insect pest arrivals, use of aircraft for spraying, rainfall and 
runoff events and water requirements of cotton crops suggest that multiple pulses of 
deltamethrin may find their way into nearby aquatic habitats. As such it is reasonable to suggest 
that the inhabitants of these aquatic environments may be exposed to multiple pulses of 
deltamethrin as it is carried downriver. It is unclear what effect multiple pulses of deltamethrin 
and time between deltamethrin exposures may have on aquatic organisms, particularly native 
daphnids.  
 
8.2.1 Aims 
 
In an attempt to determine the relevance of these environmentally realistic exposure scenarios, 
less than one-day-old D. carinata neonates were used to determine the effect of multiple 
deltamethrin exposures as well as the significance of temporal variation between exposures. 
 
This chapter aims to 
 
• Investigate the effects of pulse duration on D. carinata neonate immobility following 
pulse-exposure to technical grade deltamethrin 
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• Investigate the effect of multiple pulse-exposures of deltamethrin to D. carinata 
neonates. 
• Compare daphnid immobility following single and multiple pulse-exposures of 
deltamethrin,  
• Determine the effect of time (on daphnid immobility) between multiple pulse-exposures 
at a range of deltamethrin concentrations, and, 
• Investigate the time taken to immobilise 50% of the daphnid neonates as an indication of 
resistance. 
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8.3 Methods and materials 
 
8.3.1 Experimental design 
 
Acute toxicity test methods for D. carinata were based on the ASTM Standard E729-88a) 
(ASTM, 1996). Toxicity tests were performed using three replicates and a minimum of five 
exposure concentrations, and controls. Results of previously conducted range-finding 
experiments and full tests on individual toxicants were used to determine appropriate 
nominal test solution concentrations. A primary stock solution was prepared by adding 
technical grade deltamethrin with acetone at the highest test concentration. The primary stock 
solution was further diluted so that secondary stock solutions were prepared at each treatment 
concentration. Treatment solutions, including the carrier control, were prepared by adding 
100 µL/L of secondary stock solution to 1 L of daphnid media, immediately prior to the 
addition of Daphnia. In the case of multiple pulse-exposures, treatment solutions were 
prepared from the same secondary stock solutions. Nominal deltamethrin treatment 
concentrations ranged from 0.032 to 100 µg/L.   
 
Less than one-day-old neonates for toxicity tests were pipetted from Fowlers jars into 1 L 
watch glasses. Ten neonates were randomly pipetted from the 1L watch glass into 250mL tall 
glass beakers containing 150 mL of treatment solution for the duration of the pulse-exposure. 
All experiments (treatments and controls) were performed in triplicate.  Following exposure, 
neonates were pipetted into a glass Petri dish containing fresh media for 5 minutes in an 
attempt to remove excess toxicant from the media. Neonates were then transferred to 250 mL 
tall glass beakers containing 150 mL of fresh media for the remainder of the 48 h test. Only 
neonates from the third to the sixth broods (approx. 2-5 weeks old) were used in toxicity 
testing (Barry et al., 1995a). Food was not provided to neonates during tests. Daphnid 
immobility was determined as a lack of movement in neonates for a period of 10 seconds 
following the disturbance of surrounding media with a blunt instrument.  
 
Forty-eight h PE EC50s were determined for daphnids pulse-exposed to deltamethrin for 0.5, 
1, 2, 4 and 8 h. These single pulse-exposures were used to determine the effect of exposure 
duration on daphnid immobility. Multiple pulse-exposures (two exposures) at 0.5, 1, 2 and 4 
h EC50s were separated by 1 and 24 h to determine the effect of time between pulse-
exposure on daphnid immobility at 48 h. Multiple pulse-exposures required additional 
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handling of neonates from treatment to toxicant-free media. Control treatments were 
subjected to the same handling conditions as treatments. 
 
8.3.2 Feeding 
 
Adult D.carinata (used to provide test organisms) were fed two species of algae, 
Pseudokirchneriella subcapitata (formerly Selanastrum capricornatum, Rose et al., 2002) 
and Chlorella. One half mL of both algal species was added to each Fowlers jar daily. 
Keatings media (1985) was used to culture all algae. Keatings media was made up in 2 L 
Schott bottles using Milli-Q water. The media was sealed with cotton wool and aluminium 
foil and autoclaved. Autoclaved media was allowed to stand for a few days to restore the 
carbon dioxide content of the water.  
 
8.3.3 Statistical analysis 
 
Median EC50 deltamethrin concentrations were calculated using Maximum Likelihood-
Probit from the statistical software package Toxcalc 5.0 ™ (Toxcalc, Scientific Tidepool). 
Statistical significance of immobilised neonates was determined using non-linear regression 
analysis of immobility against concentration which tested for differences between the 
different exposure types (pulse durations). Nominal deltamethrin treatment concentrations 
were used.  
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8.4 Results 
 
8.4.1 Single pulse-exposures 
 
Deltamethrin was highly toxic to less than one-day-old D. carinata neonates with 48 h 
EC50s of 34, 58, 31, 5.5, and 4 µg/L for exposure durations of 0.5, 1, 2, 4, and 8 h, 
respectively (Table 8.1).  
 
The large fiducial limits (FLs) surrounding EC50s highlight the enormous variability in 
daphnid immobilisation following single (Table 8.1) pulse-exposures to deltamethrin for 
durations from 0.5 to 8 h.  As such, it is difficult to infer any significance from the results in 
this chapter. This chapter will focus on the general trends associated with 48 h EC50s 
following single and multiple exposures to deltamethrin treatments ranging from 0.5 to 8 h 
and attempt to discuss possible reasons for these observations.   
 
8.4.1.1 General 
 
Generally, daphnid immobility increased with an increase in duration of exposure (Figures 
8.1 to 8.5). Removal of daphnid neonates from treatment chambers containing deltamethrin 
to media free from deltamethrin did not prevent neonates from becoming immobilised. 
Delayed immobility of neonates was most pronounced at deltamethrin concentrations 
between 3.2 and 32 µg/L. Daphnid neonates were insignificantly more sensitive to longer 
pulses of deltamethrin at 48 h. 
 
8.4.1.2 Water characteristics  
 
Mean (±SE) water characteristics for static test chambers for both single and multiple pulse-
exposures are recorded in Table A (Appendix 1). Water characteristics did not vary 
significantly from tank to tank within or between experiments for static test chambers. All 
measurements were within acceptable limits (ASTM, 1996). 
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Table 8.1 The effect of exposure duration on 48 h PE EC50s (95% FLs) for less than one-
day-old D. carinata neonates pulse-exposed to technical grade deltamethrin, (n = 3). 
Nominal deltamethrin treatment concentrations were used in the analysis.  
 
Exposure duration (h) 
 
EC50s (µg/L) 95% F.L. 
 
 
  
 
0.5 
 
34 9.8; 85 
 
1.0 
 
58 20; 230 
 
2.0 
 
31 11; 145 
 
4.0 
 
5.5 1.6; 27 
 
8.0 
 
4.0 1.4; 13 
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8.4.1.2 Single 0.5 h pulse-exposure to deltamethrin 
 
Point estimates representing 0.5 and 48 h daphnid immobility (Figure 8.1) show that delayed 
immobility of daphnid neonates pulse-exposed to deltamethrin was evident in all treatment 
solutions. The error bars representing daphnid immobility following pulse-exposure to 
nominal deltamethrin concentrations of 1, 56, 100, 175, and 320 µg/L overlap, while error 
bars for pulse-exposed deltamethrin concentrations of 3.2, 10, and 32 were distinct. The 
increase in daphnid immobility post-pulse was most prevalent at deltamethrin concentrations 
between 3.2 and 56 µg/L.  
 
8.4.1.3 Single 1 h pulse-exposure to deltamethrin 
 
Deltamethrin concentrations above 1 µg/L led to an increase in post-pulse daphnid 
immobility following exposure to deltamethrin for 1 h (Figure 8.2). Point estimates 
(representing percent immobilisation) indicate that the delayed toxic effect (immobility) was 
greatest at 10 and 32 µg/L and progressively less at more extreme deltamethrin 
concentrations.  
 
8.4.1.4 Single 2 h pulse-exposure to deltamethrin 
 
When daphnid neonates were pulse-exposed to deltamethrin concentrations of 3.2 µg/L, for a 
period of 2 hrs, daphnid immobilisation at 48 h was above control levels (Figure 8.3). 
Delayed daphnid immobility was greatest in the intermediate test concentrations, which was 
in agreement with 0.5 and 1 h exposures (Figures 8.1 and 8.2). The immobility of daphnid 
neonates (above control levels) immediately following pulse-exposure to deltamethrin was 
restricted to concentrations above 3.2 µg/L.  
 
8.4.1.5 Single 4 h pulse-exposure to deltamethrin 
 
A consistent increase in 48 h daphnid immobility corresponded well with an increase in 
deltamethrin concentration from 0.03 to 32 µg/L (Figure 8.4). Daphnid immobility 
immediately following pulse-exposure to deltamethrin was however, less consistent with an 
increase in concentration. Four-hour daphnid immobility was first evident at 3.2 µg/L and 
remained constant at 10, and 32 µg/L deltamethrin. The threshold of immobilised neonates 
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observed at higher deltamethrin concentrations (at 4 h) was not consistent with the increasing 
immobilisation of neonates at 48 h, however, a similar observation (over the same 
concentration range) was observed for a 1 h pulse-exposure (Figure 8.2).  
 
8.4.1.6 Single 8 h pulse-exposure to deltamethrin 
 
A sharp increase in 48 h daphnid immobility corresponded with an increase in deltamethrin 
concentration above 0.32  µg/L following an 8 h pulse-exposure (Figure 8.5). This increase 
was more distinct compared with 0.5 to 4 h exposure durations (Figures 8.1 to 8.4). 
Significant delayed daphnid immobility was observed at deltamethrin concentrations above 
0.32 µg/L.  
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Figure 8.1. Percentage immobility of less than one-day-old D. carinata at 0.5 and 48 h 
following a 0.5 h pulse-exposure to deltamethrin. Mean (±SE) values are indicated. Nominal 
deltamethrin treatment concentrations are displayed. 
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Figure 8.2. Percentage immobility of less than one-day-old D. carinata at 1.0 and 48 h 
following a 1 h pulse-exposure to deltamethrin. Mean (±SE) values are indicated. Nominal 
deltamethrin treatment concentrations are displayed. 
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Figure 8.3 Percentage immobility of less than one-day-old D. carinata at 2 and 48 h 
following a 2 h pulse-exposure to deltamethrin. Mean (±SE) values are indicated. Nominal 
deltamethrin treatment concentrations are displayed. 
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Figure 8.4 Percentage immobility of less than one-day-old D. carinata at 4 and 48 h 
following a 4 h pulse-exposure to deltamethrin. Mean (±SE) values are indicated. Nominal 
deltamethrin treatment concentrations are displayed. 
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Figure 8.5. Percentage immobility of less than one-day-old D. carinata at 8.0 and 48 h 
following an 8 h pulse-exposure to deltamethrin. Mean (±SE) values are indicated. Nominal 
deltamethrin treatment concentrations are displayed. 
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8.4.1.7 Significance of pulse duration on daphnid immobility 
 
Simple non-linear regression analysis resulted in a statistically significant (p < 0.001, Table 
8.2) positive relationship between the effective concentrations of deltamethrin required to 
immobilise 50% of the population with an increase in exposure duration. However, the large 
FLs surrounding the EC50s suggest that the relationship between EC50s with exposure 
duration was insignificant. Daphnid neonates were insignificantly more sensitive to longer 
pulse-exposures compared with shorter pulse-exposures to deltamethrin.  
 
The percentage of immobilised daphnid neonates at 48 h exposed to technical grade 
deltamethrin for a pulse duration of 0.5 h was not significantly different from pulse durations 
of 1, 2, 4, and 8 hours (Table 8.2). In contrast, the sensitivity of neonates pulse-exposed to 
deltamethrin for 1h was significantly less, at 48h, than those exposed to 2, 4 and 8h pulses. 
The sensitivity of daphnid neonates exposed to 2h pulses were significantly less, at 48h, than 
those exposed to 4 and 8h pulses. At 48 h, the percent immobilisation of neonates pulse-
exposed to deltamethrin for 4 h was shown to be insignificantly different (p = 0.258) from an 
8 h exposure. 48 h immobility showed that daphnid neonates were least sensitive to a 1 h 
pulse-exposure to deltamethrin (Table 8.2). 
 215
Table 8.2 The significance of pulse duration events on less than one-day-old D. carinata 
neonates exposed to a single pulse of deltamethrin. Statistical significance of immobilised 
neonates was determined using non-linear regression analysis of mortality against 
concentration which tested for differences between the different exposure types (pulse 
durations). P values in bold indicate statistically significant differences in daphnid 
immobility with pulse duration. 
 
Exposure type 
 
P - valuea 
 
 
 
 
0.5 h vs 1.0 h 
 
0.138 
 
0.5 h vs 2.0 h 
 
0.294 
 
0.5 h vs 4.0 h 
 
0.453 
 
0.5 h vs 8.0 h 
 
0.203 
 
 
 
 
1.0 h vs 2.0 h 
 
0.003 
 
1.0 h vs 4.0 h 
 
< 0.001 
 
1.0 h vs 8.0 h 
 
< 0.001 
 
 
 
 
2.0 h vs 4.0 h 
 
0.007 
 
2.0 h vs 8.0 h 
 
0.001 
 
 
 
 
4.0 h vs 8.0 h 
 
0.258 
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8.4.3 Multiple pulse-exposure (1 h) 
 
Multiple pulses of deltamethrin separated by 1 h are highly toxic to daphnid neonates. Forty-
eight hour EC50s of 61, 38, 9.1, and 7.5 µg/L were recorded following exposure to two 
pulses of deltamethrin for a period of 0.5, 1, 2, and 4 h, respectively (Table 8.4). However, 
the large fiducial limits indicate that inferring significance to these results may lead to 
spurious conclusions. The general trend of increasing sensitivity of neonates with an increase 
in exposure duration was evident in all treatments containing deltamethrin. An increase in 
exposure duration from 1 to 2 hours corresponded with a 4 fold increase in 48 h toxicity. In 
contrast, doubling the exposure duration from 0.5 to 1 and 2 to 4 h corresponded with a 1.6 
and 1.2 fold increase in sensitivity, respectively.  
 
The relationship between D. carinata immobility and multiple exposures separated by 1 h are 
displayed in Figures 8.7 to 8.10. The sensitivity of daphnid neonates exposed to multiple 
pulses of deltamethrin for 0.5, 1, 2, and 4 h was concentration dependent at 48 h. In general, 
the percentages of immobilised daphnids following the first pulse were not significantly 
different from those following the second pulse-exposure. The exception to this trend was the 
noticeable increase in immobilised daphnids following exposure to two, four-hour pulses of 
deltamethrin where the percentage of immobilised neonates increased following the first and 
second pulse-exposures (Figure 8.10). A clear link between exposure duration, immobility 
and deltamethrin concentration was not evident in daphnid neonates exposed to two pulses of 
deltamethrin separated by 1 h. 
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Table 8.3 48 h PE EC50s (95% FLs) for D. carinata neonates pulse-exposed to multiple 
pulses of deltamethrin separated by one hour, (n = 3). Forty-eight h EC50s determined using 
nominal deltamethrin treatment concentrations. 
 
Exposure duration (h) 
 
EC50s (µg/L) 95% F.L.  
 
 
   
 
0.5 + 0.5a 
 
60 
 
33; 96 
 
 
1.0 + 1.0ab 
 
38 
 
11; 216 
 
 
2.0 + 2.0ab 
 
9.1 
 
2.5; 33 
 
 
4.0 + 4.0b 
 
7.5 
 
2.5; 24 
 
 
 
Values within rows with an alphabetical superscript in common are not significantly different 
(p > 0.05) from one another. 
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Daphnids exposed to two pulses of deltamethrin for 0.5 h showed significant post second 
pulse delayed immobility following exposure to 3.2, 10, and 32 µg/L, while higher and lower 
concentrations failed to induce any noticeable delayed effects (Figure 8.6). Significant 
delayed effects were recorded in daphnids exposed to multiple pulses of 10, 32, 56, and 100 
µg/L deltamethrin for 1 h (Figure 8.7). The delayed immobility of daphnid neonates 
following two pulse-exposures of deltamethrin for 2 h was evident in all treatments. 
Intermediate treatment concentrations (3.2 to 32 µg/L) were responsible for the greatest 
immobility of neonates with the highest and lowest test concentrations (1 and 100 µg/L) 
contributing least to delayed neonate immobility (Figure 8.8). Delayed immobility of 
neonates exposed to deltamethrin treatment concentrations of 3.2, 10, and 32 µg/L was most 
prevalent in the final 43 hours of the experiment compared with immobilised neonates 
immediately following the second toxicant exposure. The percentage of immobilised 
neonates was more dependent on deltamethrin concentration following exposure to a 2 h 
pulse (Figure 8.8) compared with a 0.5 and a 1 h pulse-exposure to deltamethrin (Figures 8.6 
and 8.7). 
 
Multiple pulses of deltamethrin for 4 h showed that both delayed neonate immobility and 
within pulse immobility contributed to 48 h toxicity (Table 8.9). This observation was in 
contrast with Figures 8.6, 8.7 and 8.8, which indicated little or no within pulse daphnid 
immobility. While daphnid immobility at 4 and 5 h appeared to have reached a threshold at 
deltamethrin concentrations above 5.6 µg/L, a near linear increase in post first pulse-
exposure was observed in all treatment concentrations above 3.2 µg/L. Daphnid immobility 
increased in all treatment concentrations above 1 µg/L post first pulse-exposure compared 
with the toxic effects of deltamethrin at the completion of the final pulse-exposure (Table 
8.9). 
 
The comparative 48 h toxicity of multiple pulses of deltamethrin to D. carinata neonates for 
durations from 0.5 to 4h was not capable of accurately predicting immobility as a function of 
concentration (Figure 8.10). Daphnid immobility as a result of exposure to two, 0.5 h pulses 
was more toxic to neonates exposed to two, 1 h pulses when the concentration of 
deltamethrin was less than 10 µg/L. Similarly, two, 2 h pulses of deltamethrin below 10µg/L 
resulted in lower daphnid immobility compared with two 4 h pulses. In general, daphnid 
immobility increased with pulse-exposure duration (Figure 8.10).  
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Figure 8.6. Percentage immobility of less than one-day-old D. carinata at 0.5, 1.5, 2, and 48 
h following 0.5 h pulses of deltamethrin at 0 and 1.5 h. Mean (±SE) values are indicated. 
Nominal deltamethrin treatment concentrations are displayed. 
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Figure 8.7. Percentage immobility of less than one-day-old D. carinata at 1, 2, 3, and 48 h 
following 1 h pulses of deltamethrin at 0 and 2 h. Mean (±SE) values are indicated. Nominal 
deltamethrin treatment concentrations are displayed. 
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Figure 8.8. Percentage immobility of less than one-day-old D. carinata at 2, 3, 5, and 48 h 
following 2 h pulses of deltamethrin at 0 and 3 h. Mean (±SE) values are indicated. Nominal 
deltamethrin treatment concentrations are displayed. 
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Figure 8.9. Percentage immobility of less than one-day-old D. carinata at 4, 5, 9, and 48 h 
following 4 h pulses of deltamethrin at 0 and 5 h. Mean (±SE) values are indicated. Nominal 
deltamethrin treatment concentrations are displayed. 
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Figure 8.10. 48 h percent immobility of less than one-day-old D. carinata following exposure 
to deltamethrin for 0.5, 1, 2, and 4 h (n = 3). Nominal deltamethrin treatment concentrations 
are displayed. 
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8.4.3.1 Significance of pulse duration on daphnid immobility 
 
Simple non-linear regression analysis resulted in a number of statistically significant (p < 
0.05, Table 8.5) differences between multiple pulse duration and daphnid immobility.  
 
The percentage of immobilised daphnids exposed to two, 0.5 h pulses of deltamethrin 
(separated by 1 h) was significantly less than those exposed to multiple pulses of 
deltamethrin for 2 (p = 0.025) and 4 (p = 0.002) h. In contrast, 48 h daphnid immobility 
following multiple pulses of deltamethrin for 1, 2 and 4 h were not significantly different. An 
increase in multiple pulse-exposure duration was responsible for an increase in immobilised 
daphnid neonates. 
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Table 8.4 Effect of pulse interval (1 h) on less than one-day-old D. carinata neonates 
exposed to a double pulse of deltamethrin. Statistical significance of immobilised neonates 
was determined using non-linear regression analysis of mortality against concentration which 
tested for differences between the different exposure types (pulse durations). P values in bold 
indicate statistically significant differences in daphnid immobility with pulse duration. 
Exposure durations depicted are equivalent to half of the actual exposure durations due to the 
double exposure. 
 
Exposure typea 
 
P - value 
 
 
 
 
0.5 h vs 1.0 h 
 
0.025 
 
0.5 h vs 2.0 h 
 
0.661 
 
0.5 h vs 4.0 h 
 
0.002 
 
 
 
 
1.0 h vs 2.0 h 
 
0.681 
 
1.0 h vs 4.0 h 
 
0.948 
 
 
 
 
2.0 h vs 4.0 h 
 
0.888 
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8.4.4 Multiple pulse-exposure (24 h) 
 
Multiple pulses of deltamethrin separated by 24 h were highly toxic to D. carinata neonates. 
Forty-eight h EC50s of 11, 28, 6.5, and 2.6 µg/L were recorded following exposure to 
consecutive pulses of deltamethrin for 0.5, 1, 2, and 4 h, respectively (Table 8.5). The general 
trend of increasing neonate sensitivity was evident in multiple pulses of deltamethrin for 
exposure durations of 1, 2, and 4 h. The exception to this trend was the higher than expected 
sensitivity of neonates exposed to two, 0.5 h pulses of deltamethrin. This trend was 
consistent with neonates exposed to a single pulse of deltamethrin for 0.5 h. The very wide 
fiducial limits surrounding the 48 EC50s suggest that these trends should be treated with 
caution. An explanation for the non-significant trends is provided to explain possible reasons 
for the observations.  
 
The relationship between D. carinata immobility and multiple exposures to deltamethrin 
separated by 24 h are displayed in Figures 8.11 to 8.14. The sensitivity of daphnid neonates 
exposed to multiple pulses of deltamethrin for 0.5, 1, 2, and 4 h was concentration dependent 
at 48 h. Delayed mortality was observed to be higher in multiple pulses of deltamethrin 
separated by 24 h, compared with multiple pulse-exposures separated by one hour. 
 
The percentage of immobilised daphnids following exposure to a half-hour pulse of 
deltamethrin at 0.5 h was, in general, not significantly different from the number of 
immobilised neonates following a second half-hour pulse-exposure to deltamethrin. Delayed 
mortality was evident in all neonates exposed to deltamethrin. Delayed immobility was 
greatest in lower concentrations and decreased with an increase in deltamethrin 
concentration. Latent immobility of neonates was most noticeable following exposure to the 
second pulse of deltamethrin at concentrations up to 100 µg/L with the exception of neonates 
exposed to 175 µg/L deltamethrin, where delayed immobility was restricted to the 24 h 
observation (Figure 8.11).  
 
The percentage of immobilised daphnids following exposure to two1 h pulses of deltamethrin 
separated by 24 h was concentration dependent (Figures 8.12). In general, neonates exposed 
to longer pulses of deltamethrin were increasingly immobilised.  
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The percentage of immobilised daphnids following exposure to two, 2 h pulses of 
deltamethrin separated by 24 h was concentration dependent (Figures 8.15). . No significant 
increase in neonate immobility was observed in deltamethrin concentrations above 3.2 µg/L 
at 48 h. The increase in latent neonate immobility was higher from 26 to 48 h compared with 
2 to 24 h. This observation contrasted with half-hour exposures. 
 
The immobilisation of daphnid neonates at 24 and 48 h following exposure to two, four-hour 
pulses of deltamethrin reached a threshold at 10 µg/L deltamethrin (Figure 8.16). This 
finding was in contrast with multiple pulse exposures of less duration but analogous with the 
immobility threshold evident in daphnids exposed to a single 4 h pulse of deltamethrin at 4 h 
(Figure 5.3). The greatest increase in daphnid immobility was correlated with an increase in 
deltamethrin concentration from 3.2 to 10 µg/L (Figure 8.14). While delayed immobility of 
daphnids was evident from 4 to 24 and 28 to 48 hours the most significant increase in 
immobility occurred immediately following the second four-hour exposure. This observation 
was in contrast with exposure periods of shorter duration (Figures 8.11 to 8.13) where the 
increase in immobilised daphnids was lower following the second pulse-exposure. 
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Table 8.5 EC50s for D. carinata neonates pulse-exposed to multiple pulses of deltamethrin 
separated by 24 h (n = 3). Exposure durations depicted are equivalent to half of the actual 
exposure durations. Results based on nominal deltamethrin treatment concentrations. 
 
Exposure type 
 
EC50s (µg/L) 95% F.L.  
 
 
   
Multiple pulse-exposures  
 
   
 
0.5 + 0.5 
 
11 
 
2.4; 41 
 
 
1.0 + 1.0 
 
28 
 
9.7; 62 
 
 
2.0 + 2.0 
 
6.5 
 
N/A 
 
 
4.0 + 4.0 
 
2.6 
 
0.0; 14 
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Figure 8.11 Percentage immobility of less than one-day-old D. carinata at 0.5, 24, 24.5 and 
48 h following a 0.5 h pulse-exposure of deltamethrin at 0 and 24 hours (n = 3). Mean (±SE) 
values are indicated. Nominal deltamethrin treatment concentrations are displayed. 
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Figure 8.12 Percentage immobility of less than one-day-old D. carinata at 1, 24, 25, and 48 h 
following a 1 h pulse exposure of deltamethrin at 0 and 24 h (n = 3). Mean (±SE) values are 
indicated. Nominal deltamethrin treatment concentrations are displayed. 
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Figure 8.13 Percentage immobility of less than one-day-old D. carinata at 2, 24, 26, and 48 h 
following a 2 h pulse-exposure of deltamethrin at 0 and 24 h (n = 3). Mean (±SE) values are 
indicated. Nominal deltamethrin treatment concentrations are displayed. 
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Figure 8.14 Percentage immobility of less than one-day-old D. carinata at 4, 24, 28, and 48 h 
following a 4 h pulse-exposure of deltamethrin at 0 and 24 h (n = 3). Mean (±SE) values are 
indicated. Nominal deltamethrin treatment concentrations are displayed. 
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8.4.4.1 Significance of pulse duration on daphnid immobility 
 
Simple non-linear regression analysis showed that significantly (p = 0.002) higher numbers of 
daphnids were immobilised following exposure to two 4 h pulses of deltamethrin compared with 
two 1 h pulses (Table 8.6)  
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Table 8.6 Effect of pulse interval (24 h) on < one-day-old D. carinata neonates exposed to a 
double pulse of deltamethrin. Statistical significance of immobilised neonates was determined 
using non-linear regression analysis of mortality against concentration which tested for 
differences between the different exposure types (pulse durations). Results based on nominal 
deltamethrin treatment concentrations. 
 
Exposure typea 
 
P - value 
 
 
 
 
0.5 h vs 1.0 h 
 
0.181 
 
0.5 h vs 2.0 h 
 
0.904 
 
0.5 h vs 4.0 h 
 
0.435 
 
 
 
 
1.0 h vs 2.0 h 
 
0.152 
 
1.0 h vs 4.0 h 
 
0.002 
 
 
 
 
2.0 h vs 4.0 h 
 
0.374 
 
 
 
 
 
a The exposure durations depicted (eg. 0.5 h) represent the time daphnid neonates were continually exposed to 
deltamethrin in each of the two single pulses. As the daphnids were exposed to two pulses of deltamethrin (2 * 
0.5 h), the values shown in the table are half of the total exposure duration. Neonates were transferred to fresh 
media between pulse-exposures. Highlighted p-values indicate a significant difference in daphnid mobility 
between pulse-exposures of different duration. 
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8.4.5 Comparison of single and multiple exposure durations 
 
Daphnids were consistently the most sensitive to multiple pulses of deltamethrin separated by 
24 h compared with other exposure regimes, irrespective of pulse-exposure duration (Table 
8.7). In general, daphnid immobility increased with: exposure duration, multiple pulses and 
increasing intervals between exposures. Observed trends in daphnid sensitivity with exposure 
duration and pulse regimes are highlighted in this section due to the very wide error bars and 
fiducial limits indicating that any differences in daphnid immobility as a result of these 
factors are likely to be not significant. 
 
Based on 48 h PE EC50s, neonates exposed to two, half-hour pulses of deltamethrin 
(separated by 24 h) were more sensitive than neonates exposed to a single half-hour and two 
half-hour exposures (separated by one-hour), respectively. In contrast, daphnid neonates 
were least sensitive to a single one-hour exposure followed by two, one-hour pulses 
(separated by 1 h), and most sensitive to two, one-hour pulses of deltamethrin separated by 
24 h. The order of sensitivity of daphnids exposed to 1 and 2 h pulses of deltamethrin was 
consistent. Daphnids were most sensitive to two, 4 h pulses of deltamethrin separated by 24 
h, followed by a single 4 h pulse, and least sensitive to two, 4 h pulses separated by 1 h. This 
order of sensitivity was consistent with 0.5 h exposures but in contrast with 1 and 2 h 
exposure regimes. Multiple pulses of deltamethrin to D. carinata neonates were more 
effective in immobilising neonates at 48 h compared with exposure to a single pulse.  
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Table 8.7. The effect of exposure duration and interval on 48 h PE EC50s (µg/L) (95% F.L) 
of D. carinata immobility following exposure to deltamethrin (n = 3). Nominal deltamethrin 
treatment concentrations were used in the experiment. 
 
 
Pulse duration (h) 
 
  
48 h PE EC50s 
 
 
 
 
Single pulse 
 
Multiple pulse (1h) 
 
Multiple pulse (24h) 
 
0.5 
 
34 (9.8; 85) 
 
61 (33; 96) 
 
11 (2.4; 41) 
 
1.0 
 
58 (20; 229) 
 
38 (11; 216) 
 
28 (9.7; 62) 
 
2.0 
 
31 (11; 145) 
 
9.1 (2.5; 33) 
 
6.5 (N/A) 
 
4.0 
 
5.5 (1.6; 27) 
 
7.5 (2.5; 24) 
 
2.6 (.01; 14) 
 
8.0 
 
4.0 (1.4; 13)   
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8.4.6 Temporally equivalent exposure durations. 
 
A comparison of temporally equivalent (same total exposure time) exposures of deltamethrin 
to D. carinata neonates was conducted in an attempt to understand how single and multiple 
toxicant exposures and time between exposures may affect synthetic pyrethroid toxicity. A 
number of toxicity trends were observed in daphnids exposed to equivalent deltamethrin 
pulses. In general, daphnid neonates were similarly sensitive to single and multiple pulses of 
deltamethrin when the total exposure duration was the same (Table 8.8) However, the 95% 
fiducial limits in Table 8.8 are so wide that meaningful comparisons between the EC50s are 
fraught with difficulty. In light of the problems associated with direct comparison between 
EC50s, this section will focus on the differences in daphnid immobility at different 
concentrations for temporally equivalent pulse-exposures to deltamethrin (Figures 8.15 to 
8.18). 
 
Less-than one-day-old daphnid neonates were consistently more sensitive to the toxic effects of 
multiple (2) half-hour exposures to deltamethrin separated by 24h compared with those 
separated by 1h and single one-hour exposures (Figure 8.15). These differences in toxicity with 
equivalent exposure durations were not observed to form any clear trend within alternate 
exposure-regimes (Figures 8.16 to 8.18) across deltamethrin concentrations.  
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Table 8.8. The effect of exposure duration and interval on 48 h PE EC50s (µg/L) (95% F.L) 
of D. carinata immobility following exposure to deltamethrin (n = 3). Temporally equivalent 
exposure durations are compared (eg. 2 x 0.5 h pulses = 1.0 h). Nominal deltamethrin 
treatment concentrations were used. 
 
 
Total duration of 
pulses (h) 
 
  
48 h PE EC50s 
 
 
 
 
Single pulse 
 
Multiple pulse (1h) 
 
Multiple pulse (24h) 
  
 
  
 
1.0 
 
58(20; 229)  
 
61(33; 96)  
 
11 (2.4; 41) 
 
2.0 
 
31(11; 145)  
 
38(11; 216)  
 
28(9.7; 62)  
 
4.0 
 
5.5(1.6; 27)  
 
9.1(2.5; 33)  
 
6.5(N/A)  
 
8.0 
 
4.0 (1.4; 13) 
 
7.5(2.5; 24)  
 
2.6 (.01; 14) 
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Figure 8.15 Comparative 48 h percentage immobility of less than one-day-old D. carinata 
following a single 1 h pulse-exposure to deltamethrin and two, 0.5 h exposures separated by 
1 and 24 h (n = 3). Mean (±SE) values are indicated. Nominal deltamethrin treatment 
concentrations are displayed. 
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Figure 8.16 Comparative 48 h percentage immobility of less than one-day-old D. carinata 
following a single 2 h pulse-exposure to deltamethrin and two, 1 h exposures separated by 1 
and 24 h (n = 3). Mean (±SE) values are indicated. Nominal deltamethrin treatment 
concentrations are displayed. 
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Figure 8.17 Comparative 48 h percentage immobility of less than one-day-old d D. carinata 
following a single 4 h pulse-exposure to deltamethrin and two, 2 h exposures separated by 1 
and 24 h (n = 3). Mean (±SE) values are indicated. Nominal deltamethrin treatment 
concentrations are displayed. 
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Figure 8.18 Comparative 48 h percentage immobility of less than one-day-old D. carinata 
following a single 8 h pulse-exposure to deltamethrin and two, 4 h exposures separated by 1 
and 24 h (n = 3). Nominal deltamethrin treatment concentrations are displayed. 
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8.4.7 ET 50 data  
 
The median effective time taken to immobilize half of a population following exposure to a 
specific concentration is referred to as the ET50. Effective time data may be used as a 
measure of organism resistance (Holdway and Dixon, 1988; Holdway et al., 1994). An 
effective exposure time of 300 min. (+/- 15 min.) was responsible for immobilising 50% (48 
h ET50) of the daphnid test population when exposed to 10 µg/L (Figure 8.19). Daphnid 
neonates were pulse-exposed to 10 µg/L of deltamethrin over a range of exposure durations 
from 2 to 1024 min. Neonates were found to be significantly immobilised following exposure 
to 10 µg/L deltamethrin for 1020 min. (highest treatment time) and not significantly 
immobilised by lower exposure times immediately following exposure. Approximately 60% 
of neonates exposed to 10 µg/L deltamethrin were immobilised 1020 min. post pulse.  
 
The delayed immobility of neonates was prevalent in all treatments above 16 min, increasing 
with intermediate exposures from 16 to 256 min. and constant following pulse-exposures of 
greater duration. The increase in exposure time from 16 to 32 min corresponded with a 
significant increase in immobilised daphnids. The following exposure time of 64 min 
recorded a drop in immobilised daphnids while a 128 min exposure was on par with the 32 
min exposure. The longer the exposure time, the more daphnids that were immobilised 
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Figure 8.19 The effect of pulse-time on the immobilisation of D. carinata neonates following 
exposure to 10 µg/L technical grade deltamethrin. Mean (±SE) values are indicated (n = 3). 
Nominal deltamethrin treatment concentrations are displayed. The black line (squares) 
represents the number of immobilized daphnids immediately following a pulse-exposure to 
10 µg/L deltamethrin for a range of specified durations while the pink line (diamonds) 
represents the number of immobilized neonates at 48h for the corresponding pulse-durations. 
Controls a and b represent treatment solutions containing Milli-Q water and Milli-Q water 
with the insecticide carrier (acetone), respectively.  
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8.5 Discussion 
 
8.5.1 General 
  
Deltamethrin was highly toxic to less than one-day-old daphnids with 48 h PE EC50s of 34, 
58, 31, 5.5, and 4.0 µg/L following exposure durations of 0.5, 1, 2, 4, and 8 h, respectively. 
Exposure duration, concentration and recovery from exposure impacted on the toxicity of 
deltamethrin to D. carinata neonates. Single and multiple exposures of neonates to 
deltamethrin treatments incapacitated daphnid movement. The wide error bars associated 
with the EC50 data hampered the strong statistical interpretation of results. The data was 
capable of generating a number of observable trends; however, assigning statistical 
significance to these trends may lead to spurious conclusions. Consequently, the discussion 
focuses on the general trends observed for single and multiple pulse-exposure toxicity in 
daphnid neonates and the possible factors responsible for these trends. These factors may 
include the uptake and internal distribution of deltamethrin, receptor site kinetics, metabolic 
and excretory pathways, and the influence of reported secondary factors responsible for 
pyrethroid intoxication. The toxicity of deltamethrin to daphnid neonates as a result of 
exposure duration, concentration and recovery from exposure will be discussed in an attempt 
to understand the factors responsible for deltamethrin induced immobilisation of daphnid 
neonates. 
  
8.5.2 Single pulses 
 
D. carinata neonates were very sensitive to pulse-exposed deltamethrin. This high sensitivity 
is supported by a number of investigations reported in the literature (Ali and Mulla, 1978; 
Mulla et al., 1978, Zitko et al., 1979, ANZECC & ARMCANZ, 2000) and is consistent with 
the data presented in chapter 5. In general, the toxicity of pyrethroids to aquatic insects and 
crustaceans is very high with 24 h LC50s often less than 1 µg/L (NRCC, 1986). Alberdi et al. 
(1990) recorded a LC50 of 1.25 µg/L in the Argentinean cladoceran, Daphnia spinulata 
while Day (1991) determined an LC50 of 0.05 µg/L for Daphnia magna continuously 
exposed to technical grade deltamethrin under laboratory conditions. Zitko et al. (1979) and 
McLeese et al. (1980) observed 96h LC50s approximating 0.01 µg/L in lobster and shrimp 
continuously exposed to deltamethrin. The comparatively lower toxicity of daphnids to 
 246
deltamethrin in the current investigation may be attributed, in part, to significantly lower 
exposure durations than those employed in the literature.  
 
The immobilisation of daphnid neonates exposed to single pulses of deltamethrin was 
dependent on exposure concentration and duration; daphnid immobility generally increased 
with an increase in concentration and exposure duration. However, a number of exceptions to 
this general trend were observed when concentration and duration were analysed in isolation 
and as a combination. A combination of factors may be responsible for the observed 
variations in daphnid immobility following pulse exposure to technical grade deltamethrin.  
 
8.5.2.1 Concentration 
 
An increase in 48 h daphnid immobility with concentration was observed in all pulse-
exposures irrespective of duration. As daphnid immobility was, in part, dependent on 
concentration, then higher deltamethrin concentrations may have been responsible for greater 
disruption to the normal operation of the voltage-gated sodium channels compared with 
lower concentrations. Presumably the ability of enzymes to inhibit the action of deltamethrin 
was greater at lower deltamethrin concentrations via toxicant sequestration, competition for 
binding sites, and/or recovery from sodium channel interference and related nerve 
functioning.  
 
The enzymatic destruction of deltamethrin is largely attributed to cytochrome P450 
sequences, microsomal P450-dependent monooxygenases and mixed-function oxygenases 
(Little et al., 1989; Schuler et al. 1998; Martin et al., 2002; Shen et al., 2003;). The levels of 
production of these enzymes may in turn be attributed to variations in deltamethrin 
concentration and/or duration of exposure. A time lag between detection and increased 
production and/or the disproportionate relationship between detection and production of 
enzymes with concentration may explain some of the dependence of D. carinata immobility 
with concentration. This may explain the high sensitivity of daphnid neonates exposed to a 
0.5 h pulse of deltamethrin. Daphnids may physiologically detect higher deltamethrin 
dosages more rapidly than lower concentrations, thus contributing to disproportionate 
detoxification of deltamethrin via enzymatic destruction.  The initiation of enzyme 
production on a temporal scale due to the presence of varying deltamethrin concentrations 
would fill a gap in our current void of information on this subject. 
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The inability of low concentrations to exert a significant immobilising effect on the daphnids 
may be attributed to the continued operation of sodium channels in sufficient numbers and/or 
condition to halt the progression toward signal disruption caused by the continued 
depolarisation of the post-synaptic nerve membrane. Competition for binding sites and/or 
speed of metabolic conversion may also have contributed to the lack of effect in daphnids 
exposed to lower concentrations, resulting in less of the toxicant reaching their site/s of 
action. In addition, increasing deltamethrin concentrations may have contributed 
disproportionately more to the alteration of membrane permeability and thus increased the 
uptake of sodium leading to concentration dependent nerve block and paralysis. While 
daphnid immobility may be correlated with deltamethrin concentration in individual 
experiments, a number of variations in this general theme become prevalent when exposure 
durations are added to the equation. The dependence of daphnid immobility on concentration 
may be influenced by the dependence of daphnid immobility on exposure duration. 
 
8.5.2.2 Duration 
 
The time of exposure of aquatic organisms to toxicants has a profound effect on the 
percentage of the population responding (Sprague, 1985; Holdway and Dixon, 1986; Kumar 
and Chapman, 1998). The response time may be regarded as the time required for an 
effective dose to be accumulated at the site of action from the medium (Frear and Boyd, 
1967). Consequently, the relative potencies of pesticides may vary widely with different 
exposure periods.  
 
Daphnid immobility was, in general, dependent on exposure duration. An exception to the 
general ‘increasing time: increasing toxicity’ explanation was observed in daphnids exposed 
to a half-hour pulse of deltamethrin. Based on 48 h EC50s, a 0.5 h exposure to deltamethrin 
was almost twice as toxic to daphnid neonates compared with a 1 h pulse. Since detoxifying 
enzymes are recognised as major detoxifying agents of synthetic pyrethroids (Schuler et al., 
1998; Martin et al., 2002; Shen et al., 2003), it may be that sufficient quantities of 
metabolizing enzymes were not produced during the 0.5 h pulse (irrespective of 
concentration). Transfer to fresh media may have compounded the problem as the minimal 
enzyme production may have decreased as a result of the removal of the stress inducting 
toxicant. The lower toxicity of daphnids exposed to a 1 h pulse suggests that the production 
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and/or metabolic activity of enzymes post-pulse was likely. The high sensitivity of neonates 
to a 0.5 h pulse of deltamethrin does not support the ‘relatively slow onset of paralysis 
following exposure to type 2 synthetic pyrethroids’ offered by Ford et al., (2002). The 
dependence of toxicity on exposure-duration was, however, in agreement with the findings of 
Datta and Kaviraj (2003) who observed time-dependent acute toxicity in freshwater catfish 
exposed to deltamethrin.  
 
The proportional increase in daphnid sensitivity with an increase in exposure duration from 1 
to 2 hours indicates that more deltamethrin was reaching and influencing the major site of 
action, the voltage sensitive sodium channels. This view is consistent with the sodium 
hypothesis, which argues that the generation of an action potential results from an influx of 
Na+ through a transiently increased membrane permeability to sodium, with each channel 
contributing a minute unitary current, which in summation generates the action potential. 
Thus the overall changes in sodium conductance of the membrane occur as functions of 
voltage and time reflecting the gating behaviour of thousands of sodium channels (Hodgkin 
and Katz, 1949).  
 
The increase in exposure duration from 2 to 4 h related to a 6-fold increase in daphnid 
sensitivity to deltamethrin. This increase in toxicity suggests that a toxic threshold was 
crossed in daphnids exposed to deltamethrin for 4 h. Disruption to the normal operation of 
voltage-gated sodium channels in the nerve membranes may have crossed a tolerance 
threshold that led to proportionally more irreversible damage to tissue and organ systems. 
The complex relationship between exposure duration and concentration may have 
contributed to the higher than expected sensitivity of neonates exposed to a 4 h pulse of 
deltamethrin. The exhaustion of enzyme production and/or proportional decrease in toxicant 
removal by neonates in longer exposures may have contributed to the disproportionate 
increase in toxicity at 4 h compared with 2 h exposures. 
 
The minor increase in daphnid immobility with an increase in exposure duration from 4 to 8 
h supports the notion of the existence of a toxic threshold. This notion is supported by 
Holdway et al. (1994) who observed that mortality within the first 24 h was correlated with 
pesticide concentration above a threshold level with large changes in concentration 
producing only small changes in toxicity. This threshold of immobility may be related to 
channel gating kinetics and/or enzyme production. The availability of active sites for 
 249
deltamethrin to alter may be related to the existence of a threshold in toxicity. If deltamethrin 
molecules inhibited the majority of sodium channels, then an increase in deltamethrin 
exposure duration may not relate to a proportional increase in toxicity beyond the threshold. 
The combination of limited enzyme production (via depletion) with restricted site availability 
may have resulted in the minimal increase in daphnid immobility with a doubling of 
exposure duration from 4 to 8 h. If the operation of voltage-gated sodium channels had been 
compromised at 4 h, it is reasonable to suggest that an increase in toxicant exposure may not 
result in a proportional change in toxicity. An investigation into temporal initiation of 
enzyme production/depletion and availability of sodium channels for inhibition may help 
understand the relationship between toxicity and exposure duration. Information on the 
ability of enzymes to remove or destroy deltamethrin lodged in sodium channels and the 
relationship between excretion and exposure duration may help explain our current findings.  
 
The possibility exists that higher deltamethrin concentrations/durations may be responsible 
for greater daphnid immobility as a result of inducing a number of additional changes in 
alternative sites leading to an array of concentration- and/or time-dependent factors. The 
dependence of immobility in daphnids with concentration and/or duration may not be 
restricted to changes in the normal operation of voltage-dependent sodium channels. Factors 
such as behaviour and energy related costs might significantly impact on the toxicity of 
deltamethrin pulse-exposed to daphnid neonates.  
 
8.5.2.3 Behaviour and energy consumption  
 
The toxicity of deltamethrin pulse-exposed to D. carinata neonates may be explained, in part, 
by the influence of behaviour and energy consumption. Changes in behaviour and energy 
utilization may be used to explain many of the variations noted in the dependence of 
immobility on concentration and duration (Kontreczky et al., 1997). Factors such as toxicant 
uptake and detoxification are used to show how behaviour and energy consumption may 
influence toxicity.  
 
8.5.2.3.1 Detection and Uptake 
 
The sensitivity of daphnids to deltamethrin exposure may be related to the ability of daphnids 
to detect toxicants in the surrounding media. In general, it is assumed that a threshold of 
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detection exists and when this threshold is reached neonates will attempt to move from the 
source of toxicant exposure. The inability to detect the toxicant may result in a base level of 
toxicant absorbed from the surrounding environment. Detection of a substance may increase 
its proportional uptake as energy related factors such as increased water flow across 
respiratory surfaces would occur as organisms attempt to flee from the source. The 
disproportionate increase in daphnid immobility noted at intermediate deltamethrin 
concentrations supports this proposition.  
 
Proportionally less toxicant may be absorbed at higher test concentrations (compared with 
intermediate deltamethrin concentrations) as a result of the induction of a narcotic effect 
during exposure, leading to knockdown. In this comatose state, daphnids may have taken up 
proportionally less of the toxicant, as movement was restricted. While proportionally less 
toxicant may have been taken up as a result of energy related movement, high energy related 
metabolic costs might counteract or surpass any perceived energy savings via the comatose 
state. The observations by Kontreczky et al. (1997) on concentration-dependent inhibition of 
filtering rates in the freshwater mussel, Anodonta cygnea L., support the notion that 
concentration dependent depletion of energy reserves may be influenced by behaviour.  
 
8.5.2.3.2 Detoxification 
 
Energy related costs involved with detoxification and the excitation of nerves via channel 
gating irregularities induced by the action of deltamethrin may have contributed to the 
observed immobility of D. carinata over the 48 h period. Energy reserves of glycogen and 
other ATP generating molecules may have been depleted to combat deltamethrin-induced 
toxicity. While energy consumption is largely automated, the influence of behaviour on 
energy consumption may be considerable (Rubin and Soderlund, 1992; Tidou et al., 1992). 
In addition, the contribution of energy consumption and behavioural changes to deltamethrin 
toxicity may vary during and post-exposure. The relationships between energy expenditure, 
uptake, and immobility are clearly very complex and set rules may vary with changes in 
physiological factors. An investigation into delayed mortality may, in part, explain the 
relationship between concentration, duration and daphnid immobility and the observed 
variations in toxic effects.  
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8.5.2.4 Delayed immobility. 
 
Delayed or latent immobility was determined by the increase in immobilised neonates post-
pulse. Delayed immobility may be the result of physiological changes during exposure, 
which in turn, may be explained by concentration and duration dependent factors. The effects 
of behavioural changes as a result of concentration and duration of exposure are also 
considered. The minimal recovery of neonates from immobility post-pulse was not 
considered to be a significant toxicological modifying factor in this analysis.  
 
8.5.2.4.1 Duration 
 
The percentage of immobilised neonates following exposure to deltamethrin for 0.5, 1, 2, 4, 
and 8 h was consistently greater at 48 h compared with the percentage of immobilised 
neonates immediately following exposure. This delayed toxicity indicates that sufficient 
cellular, tissue and possibly organ damage had occurred during exposure and that the toxic 
action of deltamethrin continued after daphnids were removed from treatments. 
 
Latent immobility of neonates following deltamethrin pulse-exposures of 0.5, 1, and 2 h 
(Figures 8.1 to 8.3) was minimal, suggesting that the majority of daphnid immobility 
occurred during exposure. In contrast, exposure durations of 4 and 8 h (Figures 8.4 and 8.5) 
showed that while 48 h immobility was concentration dependent, the immobilisation of 
neonates immediately following pulse-exposures had reached a threshold of response at 
deltamethrin concentrations above 1 µg/L. Post-exposure immobilisation of neonates at 4 and 
8 h did not accurately predict 48 h immobility and may not be used to accurately predict PE 
EC50 toxicity. However, physiological damage caused to neonates during exposure did 
significantly contribute to 48 h toxicity. The greater latent toxicity of neonates in 4 and 8 h 
exposures may be explained by the exhaustion of detoxifying enzymes, the depletion of 
energy reserves, the influence of routes of absorption, and the physiological damage to 
organs and other homeostatic systems.  
 
Absorption of deltamethrin in daphnids is reported to occur via ingestion predominantly as a 
result of water flow. However, absorption through the cuticle and/or variations in cuticle 
permeability has not been investigated. It is assumed that the hardening and consequent 
permeability of daphnid cuticles is time-dependent. Neonates exposed to short pulses of 
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deltamethrin, predominantly molted after transfer to fresh media while daphnids exposed to 
longer exposures of deltamethrin molted proportionally more during exposure. The time 
taken for deltamethrin to reach the voltage-gated sodium channels is presumably longer than 
that of ingestion. This suggests that daphnids exposed to shorter deltamethrin pulses (0.5, 1, 
and 2 h) may have absorbed proportionally less deltamethrin through their cuticles compared 
with daphnids exposed to longer pulses (4 and 8 h) of deltamethrin. This variation in cuticle 
permeability in combination with molting during exposure may account for some of the 
observed increase in delayed mortality in daphnids exposed to deltamethrin for longer 
durations. 
 
8.5.2.4.2 Concentration 
 
The proportionally lower delayed immobility of neonates exposed to low (0.032, 0.1, and 
0.32 µg/L) deltamethrin concentrations (irrespective of duration) suggests that a threshold of 
toxicity exists and that this concentration threshold was independent of pulse durations up to 
8 h. The results of the current investigation suggest that this concentration dependent 
threshold lies between 0.32 and 1 µg/L deltamethrin. Consequently, the suggested lack of 
enzymatic control used to explain the high sensitivity of neonates to a 0.5 h pulse may be 
restricted to deltamethrin concentrations above 0.32 µg/L. Modifications to the normal 
functioning of voltage-dependent sodium channels in neonates pulse-exposed to deltamethrin 
concentration below 0.32 µg/L (reported threshold) for 0.5 h, were insufficient to cause 
immobility at 48 h. 
 
In contrast, proportionally higher delayed immobility of neonates following exposure to 
intermediate deltamethrin concentrations (3.2 to 32 µg/L) was observed, irrespective of 
duration. This greater delayed toxicity may be related to the higher proportional uptake of 
deltamethrin due to increased movement patterns. Daphnids in the intermediate test 
concentrations capable of detecting the toxicant may have increased swimming speed in 
response to initial repetitive firing of the nervous signals and consequently absorbed 
disproportionably higher levels of deltamethrin, explaining, in part, the disparity in daphnid 
immobility with concentration. This explanation is in agreement with concentration 
dependent immobility and the induction of behavioural modifications. Higher comparative 
toxicant uptake (during exposure) would lead to comparatively higher concentrations of 
deltamethrin in an organism immediately following exposure. Consequently, more time 
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would be required to metabolise and excrete deltamethrin post-pulse leading to greater 
delayed effects in daphnids exposed to higher deltamethrin concentrations.  
 
The observation of a toxic threshold in daphnid immobility immediately following exposure 
to intermediate deltamethrin concentrations at 4 and 8 h was in contrast with shorter 
exposure-durations. The percentage of immobilised neonates exposed to deltamethrin 
concentrations above 3.2 µg/L plateaued in both the 4 and 8 h exposures (Figures 8.4 and 
8.5), immediately following the pulse. Variations in toxicant uptake, enzyme production, 
physiological restraints and avoidance may be used to explain why delayed mortality was 
higher in daphnids exposed to longer exposure durations (Chinn and Narahashi, 1986; 
Symington et al., 1999). Exposure to high concentrations may have resulted in huge 
quantities of deltamethrin being absorbed in the short term. The intense modification to the 
normal functioning of the voltage-gated sodium channels may have overwhelmed (stressed) 
the organisms, consequently inducing a lethargic response during exposure. The significant 
accumulation of deltamethrin during the pulse may have been sufficient to induce greater 
post-pulse immobility as energy reserves were continually used to metabolise and excrete the 
toxicant while physiological impairment accumulated.  
 
The observed delayed immobility in daphnids exposed to deltamethrin concentrations was 
concentration-dependent for exposure durations of 0.5, 1, and 2 h and may be related to 
sodium channel-gating kinetics. Exposure to deltamethrin causes voltage-dependent sodium 
channels to remain open for extended periods of time, ultimately remaining open and 
inducing the continual depolarisation of the cell membrane as the resting membrane potential 
was reduced to a point where action potentials were no longer generated (Mourot, 1979; 
Bocquet and L’Hotellier, 1985). If this gradient of effect was correlated with concentration, 
lower concentrations of deltamethrin may have been responsible for extending the lag time of 
sodium current tails with the lag time increasing with concentration until conduction block 
occurred in the highest concentrations. The delayed immobility of daphnids across 
deltamethrin concentrations indicates that altered kinetics of sodium channels, and associated 
receptor sites, neurons, cells, tissues and/or organs during exposure may have been 
irreversible. This proposition relies on the establishment of a gradient of membrane 
permeability to sodium with deltamethrin concentration and the dependence of this gradient 
on concentration. Such interference with ion channel gating may also have led to changes in 
synaptic concentrations of neurotransmitters and their availability to receptor sites. While 
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delayed toxicity, concentration and duration of exposure may be used to explain, in part, 
daphnid immobility following exposure to deltamethrin; the impact of deltamethrin on sites 
other than voltage-sensitive sodium channels may be significant. 
 
8.5.2.5 Alternative sites 
 
Although the major site of action of deltamethrin has been shown to be voltage-dependent 
sodium channels (Chinn and Narahashi, 1986), an action on alternative sites may contribute 
to its toxicity. The inhibition of voltage dependent chloride (Forshaw and Ray, 1990, 
Forshaw et al., 1993) and calcium (Symington et al., 1999) channels, and an action on the y-
aminobutyric acid (GABA) receptor-ionophore complex (Ramadan et al., 1988; Narahashi 
and Chambers, 1989) is speculated to contribute to deltamethrin toxicity. Such interference 
with ion channel gating may lead to changes in synaptic concentrations of neurotransmitters 
and their availability to receptor sites.  
 
Pyrethroids act on the GABAA receptors of invertebrates by inhibiting GABA regulated Cl- 
influx (Narahashi and Chambers, 1989). GABA is believed to modulate the release of 
transmitter from presynaptic terminals by altering the amount of ionized calcium that enters 
the nerve terminal in response to presynaptic APs. The higher concentration required for the 
inhibition of the GABAA receptor than the Na+ channel and the poorer correlation with 
toxicity, suggests that the GABAA receptor is generally a secondary target for pyrethroid 
toxicity. However, the action on GABAA receptors could potentiate the effects of pyrethroids 
on Na+ channels resulting in higher levels of excitation, specifically following exposure to 
high deltamethrin concentrations (Narahashi and Chambers, 1989).  
 
The observation that deltamethrin facilitated synaptic transmission via enhanced 
neurotransmitter release, followed by conduction block due to neurotransmitter depletion 
(Salgado et al., 1983) suggests that interference with neurotransmitters may contribute to D. 
carinata immobility following exposure to deltamethrin. Elevated levels of the 
neurotransmitters, dopamine and glutamate are known to be neurotoxic and could underlie 
deltamethrin-induced neuronal insult (Kirby et al., 1999) while effects on striatal 
dopaminergic neurotransmission via increasing dopamine uptake in striatal synaptosomes has 
been associated with exposure to deltamethrin (Bloomquist and Barlow, 2002). De la Cerde 
et al. (2002) observed that deltamethrin increased action potential duration and produce 
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kinetic changes in cardiac sodium channels similar to those induced by pyrethroids on 
sodium channels of nerve membranes. Current evidence suggests that daphnid immobility 
following exposure to technical grade deltamethrin appears to be heavily dependent on 
interference with the normal operation of sodium channels (site of action) with 
neurotransmitter interference contributing to deltamethrin poisoning. The toxicity of 
deltamethrin appears to be inextricably linked to changes in the normal operation of both 
chemical and electrical nerve signal transmission. 
 
8.5.2.6 Bioavailability of deltamethrin 
 
The bioavailability of deltamethrin to daphnids must also be considered in this investigation. 
The physico-chemical properties of daphnid media may have significantly contributed to the 
variation in immobility. The strong affinity of deltamethrin for particulate and organic 
material is well documented. Proportionally more deltamethrin may have been bound to the 
organic fraction in lower concentrations thereby reducing the concentration of deltamethrin 
available to daphnids for adsorption and ingestion. The bioavailability of varied deltamethrin 
concentrations to daphnids in media remains to be established.  
 
8.5.3 Multiple pulses 
 
Based on 48 h EC50s, daphnids were generally more sensitive to multiple pulses of 
deltamethrin separated by 24 h compared with multiple pulses separated by 1 h, irrespective 
of exposure duration. The variation in sensitivity between the two exposure regimes may be 
attributed to the time between exposures, as other potentially confounding factors were 
constant. As previously mentioned, the large fiducial limits and error associated with the data 
suggest that the observed differences are not significant and severely limit sound statistical 
interpretation. 
 
A comparison between single and multiple exposure sensitivity in daphnids with equivalent 
exposure durations indicated that the sensitivity of neonates to deltamethrin was duration-
dependent. This finding was consistent with that of Clark et al. (1989) who reported that 
LC50s for single and multiple pulses (2 h) of endosulfan, fenthion, carbofuran, and 
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permethrin to mysids, grass shrimp and pink shrimp were similar. Consequently, the 
observed variation between single and multiple pulses was duration dependent.  
The similarity in EC50s between equivalent 1 h exposures (single 1 h and two; 0.5 h pulses 
separated by 1 h) indicates that the increased sensitivity of neonates in multiple exposures 
separated by 24 h was the result of the increased time between exposures. The high 
sensitivity of neonates following exposure to two 0.5 h pulses of deltamethrin separated by 
24 h may be the result of a number of factors including enzyme production and depletion, 
recovery time, and sodium channel gating kinetics. 
 
It was argued previously that the production of detoxifying enzymes might be dependent on 
exposure duration, with longer exposures increasing the production of enzymes used in the 
detoxification process. Daphnid 48 h PE EC50s following exposure to deltamethrin for 1, 2, 
4, and 8 h support this notion. The proportionally higher sensitivity of neonates to a half-hour 
exposure compared with a 1 h exposure suggests that a temporal threshold was required to 
initiate enzymatic metabolism. The high toxicity of daphnids exposed to deltamethrin for a 
single 0.5 h duration fell below this threshold and failed to produce sufficient quantities of 
enzymes used to metabolise deltamethrin. The corresponding lack of enzymatic control may 
have resulted in greater daphnid immobility. The similarity in toxicity observed for a single 1 
h exposure and two; half-hour exposures (separated by 1 h) suggests that a 1 h delay between 
exposures did not prevent the production of detoxifying enzymes in similar quantities as an 
equivalent single exposure. As a result the toxicity of a single 1 h pulse and two, half-hour 
pulses were equivalent in their toxicity to daphnid neonates. The similarity in toxic response 
in daphnids exposed to a single 1 h and two, 0.5 h exposures (separated by 1 h) suggests that 
the 1 h time lag was sufficient to initiate the production and use of detoxifying enzymes, 
previously unavailable to daphnids in the single 0.5 h deltamethrin exposure. 
 
In contrast, two, half-hour exposures separated by 24 h were insufficient to induce the 
production of sufficient quantities of enzymes used to detoxify deltamethrin. Presumably the 
24 h gap between exposures allowed a decrease in enzyme levels to near normal levels while 
the second pulse was again insufficient to produce significant quantities of detoxifying 
enzymes. Multiple exposure to two, 0.5 h pulses separated by 24 h may be treated as two 
separate pulses with each pulse contributing independently to daphnid immobility while a 
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single 1 h and two; 0.5 h exposures separated by 1 h are presumed to act in a similar way as a 
result of insufficient time between pulses. The potentiation of toxicity for two, 0.5 h pulses 
separated by 24 h may be, in part, associated with enzyme production and the accumulation 
of damage as a result of interference with the normal operation of voltage-gated sodium 
channels.  
 
While the toxicity data support this notion, Handy (1995) argues that ‘variations in 
intermittent exposure frequency or duration do not produce proportional changes in lethality, 
since apparently large changes in exposure dose may not significantly alter toxicity’. The 
results of the current study suggest that both exposure duration and time between exposures 
significantly affects the toxicity of daphnid neonates pulse-exposed to technical grade 
deltamethrin. 
 
Delayed toxicity was higher in daphnid neonates pulse-exposed to two; 0.5 h pulses 
separated by 24 h compared with those separated by 1 h. Consequently, the factors 
responsible for delayed toxicity may have contributed to the increased sensitivity of neonates 
exposed to multiple 0.5 h exposures separated by 24 h. An effect on sodium channel gating 
kinetics may also have contributed to the increased toxicity of multiple 0.5 h exposures of 
deltamethrin to daphnid neonates compared with equivalent (1 h) exposure regimes. 
Deltamethrin may bind to sodium channels initiating an influx of sodium responsible for 
increasing the time the channels stay open (Kirby et al., 1999; Martin et al., 2002). Thus, the 
membrane is progressively depolarized allowing for the repeated generation of APs until 
conduction block occurs. The compounding of damage to sodium channels as a result of two 
independent exposures may have contributed to the enhanced toxicity of two 0.5 h pulses 
separated by 24 h compared with a single 1 h pulse-exposure. Such an increase in damage 
may be related to the incomplete restoration of sodium channels following the first half-hour 
pulse leading to a continued small disruption in AP generation. The second half hour pulse 
might have decreased the already inhibited closing of the channels leading to a potentiation 
in effect. The continued disruption to the normal operation of sodium channels, compounding 
physiological damage, variations in enzyme production, and depletion of neurotransmitters 
may also have contributed to the potentiated toxicity of neonates exposed to multiple 0.5 h 
pulses of deltamethrin separated by 24 h. 
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8.5.4 Daphnid resistance to deltamethrin 
 
Exposure of daphnids to 10 µg/L deltamethrin may result from direct over spray, runoff 
events and accidental spillage. If the effective time taken for a percentage of organisms to 
respond to a toxicant is used as a measure of organism resistance at a predetermined toxicant 
concentration (Holdway and Dixon, 1988; Holdway et al., 1994), then 50% of daphnid 
neonates were capable of resisting exposure to 10 µg/L deltamethrin for almost 5 hours. 
Consequently, the prolonged exposure of neonates to 10 µg/L deltamethrin would almost 
certainly have a detrimental impact on daphnid populations in the laboratory.  
 
Exposure of daphnids to 10 µg/L deltamethrin resulted in the immobilisation of neonates 
(above control levels) at 32 min., while an increase in exposure duration above 64 minutes 
was duration dependent. Longer exposure periods resulted in greater immobility as a result of 
increasing damage and/or inhibition of muscles/nerve functioning associated with mobility.  
The immobilisation of daphnids as a result of exposure to deltamethrin predominantly results 
in their death. Daphnids that do recover from minor inhibition of immobility may be subject 
to other environmental factors such as drift and greater rates of predation.  
 
Exposure to 10 µg/L for a period of approximately 5 hours resulted in half of the daphnid test 
population becoming immobilised. The sensitivity of neonates to 10 µg/L was significantly 
lower than comparable data in the literature where exposure of black flies and Gammarus, 
Brachycentrus, or Baetis to 1 µg/L permethrin for 1 h resulted in 60- 93% immobility 
(Muirhead-Thomson, 1977; Muirhead-Thomson, 1978). The immobilisation of 
approximately 30% of neonates following exposure to 10 µg/L deltamethrin for 0.5 h (Figure 
8.19) suggests that short exposure periods may significantly impair the sustainability of field 
populations. 
 
8.5.5 Conclusions 
 
Exposure of daphnid neonates to pulses of deltamethrin was dependent on concentration and 
duration. Increasing deltamethrin concentrations and durations generally resulted in increased 
daphnid immobility. The minor variations in dependence may be attributed to variations in: 
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deltamethrin uptake and distribution, the rate of enzyme production, duration and 
concentration dependent thresholds, modifications to behaviour, changes in voltage-sensitive 
sodium channel kinetics, and the influence of secondary target sites. While the exact 
mechanisms responsible for deltamethrin-induced toxicity remain unclear, the significant 
immobility of daphnid neonates pulse-exposed to environmentally realistic concentrations 
and durations of deltamethrin may pose a threat to the sustainability of daphnid field 
populations. 
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Chapter 9. General discussion  
 
 
 
 
The overall aim of the present project was to investigate the toxicity of pulse-exposed 
endosulfan, profenofos, and deltamethrin, and their mixtures, to Melanotaenia fluviatilis and 
Daphnia carinata, in order to assess the potential risks associated with the release of these 
insecticides into Australian freshwater environments. An investigation into the effects of 
temporal variation on deltamethrin toxicity was conducted with daphnids in an effort to fill a 
present gap in Australian ecotoxicological data on the effects of pulse duration. The method 
of concentration-addition was used to assess the effects of insecticide mixtures based on 
single insecticide toxicity determined using the maximum likelihood probit approach. 
Comparative toxicity of insecticides, species sensitivity, risk, temporal variation, limitations 
and future research directions are discussed. 
 
9.1 Comparative toxicity of endosulfan, profenofos and deltamethrin. 
 
The increasing use of insecticides, in quantity and type, their reported effects on non-target 
aquatic organisms, and the proximity of multiple cotton crops to waterways necessitated the 
need to investigate their impact on Australian aquatic biota under realistic exposure 
conditions. These environmentally relevant exposure conditions may allow for a more 
accurate assessment of the potential risks of pulse-exposed toxicants to Australian aquatic 
organisms. 
 
Endosulfan was consistently found to be acutely toxic to M. fluviatilis at concentrations 
reported in the Australian aquatic environment, with modifications in fish behaviour noted at 
concentrations as low as 0.32 µg/L. In contrast, D. carinata were relatively insensitive to 
endosulfan exposure, with no observed inhibition of mobility following exposure to 250 µg/L 
endosulfan. Since the highest reported concentration of endosulfan recorded in the Australian 
aquatic environment is 4.58 µg/L (Peterson and Batley, 1991) it is unlikely that D. carinata 
neonates will be adversely affected by pulse-exposure to endosulfan concentrations in the 
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environment. Conversely, it is evident that such concentrations of endosulfan may 
significantly impact the long-term survival of crimson-spotted rainbowfish. 
 
D. carinata neonates were highly sensitive to the effects of environmentally realistic 
concentrations of profenofos while rainbowfish were observed to be relatively insensitive to 
the effects of pulse-exposure to profenofos, with insignificant mortality in fish exposed to 
1,000 µg/L. Pulse-exposed deltamethrin was highly toxic to both rainbowfish and daphnids, 
with 50% mortality/immobility recorded at concentrations approximating 5 µg/L. Pulse-
exposure of rainbowfish to 0.32 µg/L deltamethrin significantly altered their behaviour.  
 
While 48/96 h EC/LC50s indicated the order of sensitivity of daphnids and fish to the three 
insecticides investigated, temporal variations in effect were used to provide information on 
the initiation and remediation of recorded poisoning mechanisms. The rapid  mortality of 
rainbowfish following pulse-exposure to endosulfan suggested that changes in the kinetics of 
Na+ and K+ ion flow through cellular membranes resulted in fish death more rapidly than 
changes in either AChE inhibition (profenofos) or interference with voltage-gated sodium 
channels (deltamethrin) at comparable concentrations. However, the latent and compounding 
effects presumably associated with changes to the normal operation of voltage-gated sodium 
channels in deltamethrin-exposed fish resulted in the highest observed toxicity.  
 
9.2 Species sensitivity 
 
Of the two test species, M. fluviatilis was considerably more sensitive to the effects of 
endosulfan exposure while D. carinata were found to be significantly more sensitive to 
pulse-exposed profenofos. Both species were observed to be highly sensitive to the toxic 
effects of pulse-exposed deltamethrin with EC/LC50s approximating 5 µg/L. Differences in 
the physiology and behaviour of fish and daphnids may explain, in part, the factors 
responsible for the observed variation in sensitivity to specific toxicants for both pulse and 
continuously exposed organisms. 
 
There are a number of possible reasons for the difference in sensitivity of the two test 
species. The relatively simple-structured exoskeleton of cladocerans permits much of their 
internal body surface to be in direct contact with the external medium. As a result, daphnids 
may take up more of the test compounds compared with fish that possess a more permanent 
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barrier to their external environment. The larger surface area to volume ratio of daphnids 
may allow for a proportionally greater diffusion of foreign compounds to enter their bodies 
compared with fish. For compounds not requiring internal activation, this would likely result 
in greater toxicity of endosulfan. The comparably low sensitivity of daphnids to pulse-
exposed endosulfan may be attributed to physiological differences between the two species. 
 
The presence of a yolk sac in fish provided an internal energy source not present in the 
daphnids. Consequently, daphnids may have inadvertently attained higher levels of toxicants 
than the fish through the process of active filter feeding. The presence of a yolk sac may also 
have helped the fish to survive by providing additional energy for the removal/detoxification 
of insecticides, or possibly a temporary storage detoxification site for the insecticides. Other 
physiological factors such as the presence of kidneys and a liver in fish may have contributed 
to differences in species sensitivity. While these variations in physiology may provide 
additional sites of toxicity, they may also contribute to increased production of detoxification 
enzymes. The complex interaction between enzymes, receptor sites, routes of adsorption and 
excretion, and toxicant chemistry make it difficult to outline the exact mechanisms of toxicity 
and hence to identify the reasons for the observed variations in sensitivity between species.  
 
The 48 h PE EC50 of 5.5 µg/L for D. carinata pulse-exposed to deltamethrin was in 
agreement with the 48 h EC50 of 1.25 µg/L reported for D. spinulata (Alberdi et al., 1990). 
In contrast, the sensitivity of crustaceans, molluscs and insects to deltamethrin are reported to 
be an order of magnitude or greater than that presented in the current investigation (Day, 
1989; ANZECC & ARMCANZ, 2000, 1999). Similarly, the 48 h EC50 of 2.0 µg/L for D. 
carinata pulse-exposed to profenofos was two to three orders of magnitude less sensitive 
than continuous exposure as reported in the literature (Kumar and Chapman, 1998). While 
species differences are noted, the observed reduced sensitivity of the organisms in the current 
investigation compared with those reported in the literature, may be attributed to significantly 
lower exposure durations.  
 
The sensitivity of larval rainbowfish to endosulfan pulse-exposure varied in comparison with 
other fish species. The 96 h LC50s of 5.7 and 2.4 µg/L, reported for the crimson-spotted 
(ANZECC & ARMCANZ, 2000, 1999) and Australian eastern rainbowfish (Sunderam et al., 
1992), respectively, are in agreement with the findings presented in the current investigation 
with respect to endosulfan toxicity. In contrast, LC50s of 0.02 and 0.17 µg/L were recorded 
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for the harlequin fish (Alabaster, 1969) and rainbow trout (Naqvi and Vaishnavi, 1993) 
continuously exposed to endosulfan. The close phylogenetic relationship between 
rainbowfish species and the low temporal variation in endosulfan toxicity (Pickering and 
Henderson, 1966; Rao and Murty, 1980; Haider and Inbaraj, 1986) suggests that the higher 
sensitivity of the northern hemisphere species may be the result of continuous exposure 
regimes compared with the pulse-exposures used in the current study. The rapid toxicity of 
pulse-exposed endosulfan to crimson-spotted rainbowfish may help explain the variation 
noted between rainbowfish species. The inclusion of continuous exposure experiments may 
verify this claim. The onset of liver function in M. fluviatilis at 3-4 days post hatch (Reid et 
al., 1995) may have contributed to the observed differences between pulse and continuously 
exposed rainbow fish. 
 
Larval crimson-spotted rainbowfish appear to be less sensitive to the effects of pulse-exposed 
profenofos compared with other fish species. The 4 h PE 96 h LC50 of 10.9 mg/L presented 
in the current study is over an order of magnitude lower than the plethora of LC50s for fish 
species presented in the ANZECC & ARMCANZ, 2000 (1999). Similarly, the Australian 
eastern rainbowfish was approximately ten times more sensitive to the effects of profenofos 
poisoning than its close phylogenetic relative, the crimson-spotted rainbowfish (Kumar and 
Chapman, 1998). The high intra-experimental temporal variation of profenofos and the 
comparatively short exposure duration may explain the observed variation in profenofos 
toxicity between the findings presented in the current investigation with those in the 
literature. The evidence provided by Kumar and Chapman (1998) suggest that the differences 
in exposure duration are likely to account for the observed discrepancy in toxicity. 
 
The sensitivity of larval rainbowfish following 4 h pulse-exposure to deltamethrin in the 
current study (96 h LC50, 4.7µg/L) is in good agreement with the 96 h LC50s of 2 and 1.0 
µg/L for Salmo furio and Atlantic salmon, respectively (Zitko et al., 1979; Francois et al., 
1982) for continuous-exposure to deltamethrin. The limited variation between the findings 
presented in the current study with those in the literature indicate that deltamethrin is highly 
toxic to fish following continuous or pulse-exposures. 
 
Overall, the two native Australian species were found to be less sensitive compared with the 
northern hemisphere species with respect to endosulfan, deltamethrin and profenofos 
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toxicity. Any relatively small differences can be attributed to the short exposure duration 
used in this study, as well as species variations.  
 
9.3 Mixture toxicity 
 
Mixture toxicity tests were performed in an attempt to discover how the combined toxicity of 
various insecticide mixtures affected fish and daphnids, and if the concentration-addition 
(CA) model satisfactorily predicted combined insecticide effects as suggested by the US EPA 
(1986) and EIFAC (1980). 
 
In general, the CA model accurately estimated the combined toxic effects of 4 h PE 96 h 
LC25s and LC50s in rainbowfish pulse-exposed to binary combinations of deltamethrin, 
endosulfan and profenofos using the toxic unit (TU) approach (Tables 6.2 to 6.9). These 
findings are supported by continuous exposure data in the literature (Brown, 1968; Brown 
and Dalton, 1970; Hoagland et al, 1993; Niederlehner et al., 1997). Similarly, the CA model 
satisfactorily predicted the toxicity of ternary insecticide combinations when toxic units of 1 
and 0.5 were analysed (Table 6.10). In contrast, the ability of the CA method to accurately 
predict ternary toxicity deteriorated as smaller toxic units were analysed. Toxic units of 0.125 
and 0.0625 equated to a 3.9 and 4.6 increase in toxicity, respectively. While this potentiation 
in effect may be the result of model limitations, the high mortality and recorded behavioural 
responses suggest that the combination of insecticides below those values traditionally used 
to assess risk were the result of an increase in toxicity beyond that predicted by adding single 
toxicants. This finding supports the need for further investigation into the combined toxicity 
of insecticides at levels approaching and below individual NOECs. It is this potentiation in 
toxic effect that may pose a significant hazard to Australian aquatic wildlife. 
 
The toxicity of binary and ternary EC50 and EC25 mixtures for daphnids varied, depending 
on the insecticide mixture and the observation period. While the CA method was successful 
in predicting binary mixture toxicity in daphnids when EC50s were employed, it was less 
successful in predicting daphnid immobility when binary mixtures containing deltamethrin 
(EC25s) were assessed. The potentiation of toxicity in combinations containing synthetic 
pyrethroids was possibly due to the esterase inhibiting characteristics of OP and OC 
insecticides and the consequent lack of insecticide sequestration. The inhibition of pyrethroid 
hydrolysing esterases such as microsomal P450-dependent monooxygenases by profenofos 
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was proposed to explain the increase in toxicity in the binary exposure containing 
deltamethrin. Potentiation of toxicity in combinations containing OPs and SPs as a result of 
enzyme inhibition is well documented in the literature (Casida et al., 1983; Ishaaya et al., 
1987; Gunning et al., 1999; Bhavan and Geraldine, 2001). 
 
While the CA model accurately predicted the toxicity of the ternary mixtures to daphnids 
when toxic units of 1 and 0.5were used, this method underestimated the toxicity of the 
ternary combination when toxic units below 0.5 were tested (Table 6.10). This apparent 
synergistic effect was attributed to model limitations and the use of insecticide combinations 
below observed effect concentrations. The sigmoidal concentration-response curves for the 
individual insecticides and the unpredictable toxicity of endosulfan support this proposition. 
The existence of toxic thresholds may have contributed to the insensitivity of daphnids to 
ternary mixtures. The use of biochemical markers, measured concentrations and lethal body 
burden data may provide more detailed evidence on the relationship between effect and 
mixture toxicity. 
 
9.4 Evaluation of the toxicity of endosulfan, profenofos and deltamethrin and their 
mixtures to aquatic organisms 
 
The major aim of this investigation was to assess the toxicity of pulse-exposed endosulfan, 
profenofos and deltamethrin, and their mixtures, to Australian aquatic organisms. Such an 
assessment was deemed to be necessary as a result of the continued use of these insecticides 
to control agricultural pests, particularly those affecting cotton crops. 
 
Following acute toxicity assessment with M. fluviatilis (chapter 4), it was suggested that 
reported field concentrations of deltamethrin and endosulfan might significantly impact on 
the long-term survival of rainbowfish populations inhabiting waterways in close proximity to 
cotton crops. Further investigation into the effects of pulse-exposed insecticides found that 
environmentally realistic deltamethrin and profenofos concentrations might significantly 
impact the long-term survival of daphnid populations in the field.  It should be noted that 
only two aquatic species were assessed in the present study, with other untested species being 
potentially more sensitive. In order to fully evaluate the risks of exposure to pulses of 
endosulfan, profenofos and deltamethrin, investigations using alternative aquatic species 
need to be conducted. In addition, the current study focused on the toxicity of technical grade 
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insecticides. As technical grade products are added to surfactants and a host of other 
homogenizing and dispersing products in formulations we need to establish the toxicity of 
these products to aquatic organisms in order to make more conclusive statements concerning 
their potential risks to aquatic organisms under field conditions. Investigations into the 
relationship between laboratory and field based trials would be beneficial with respect to the 
potential risks posed by pulse-exposed insecticides to aquatic organisms reported in this 
study. 
 
The binary and ternary data suggest that toxicity estimates based on single insecticides may 
seriously underestimate the risk of insecticide mixtures pulse-exposed to aquatic organisms. 
As the number of insecticides (toxicants) in the mixture increased, a proportional reduction in 
individual concentrations within the mixture elicited a comparable toxic response. 
Consequently, the current guidelines (based on the toxicity of individual toxicants) for 
permissible concentrations of single chemicals may not provide adequate protection for 
Australian aquatic wildlife, a view supported by the findings of Pollack (1997).  
 
In light of the findings on mixture toxicity presented in chapters 6 and 7, the inclusion of a 
notable addition to the risk assessment process was proposed. This addition was an 
assessment of risk taking into account the ‘total number of toxicants present’ (TNTP) in a 
specified region. If concentration-addition is assumed to occur in the majority of cases, it 
stands to reason that higher risks are associated with mixtures containing larger numbers of 
toxicants. Consequently, lower maximum allowable levels of insecticides would be permitted 
in these regions. The use of this ‘site-specific approach’ (Van Dam and Chapman, 2001) to 
ecotoxicology may reduce the risks associated with insecticide use and perpetuate the long-
term survival and health of Australian aquatic environments and the organisms that inhabit 
them.  
 
9.5 The effects of pulse-duration, multiple-pulses and time between pulses on D. 
carinata following exposure to deltamethrin. 
 
Variations in exposure duration and elapsed time between multiple pulse-exposures of 
daphnid neonates to deltamethrin were investigated in an attempt to replicate exposure 
regimes in the field and to broaden our knowledge with respect to the relationships between 
toxicological effects and varying temporal exposures. Daphnids were exposed to single and 
 267
multiple pulses of deltamethrin ranging from 0.5 to 8.0 h while multiple pulses at each 
concentration were separated in time by 1 and 24 h (Chapter 8). The dependence of 
immobilised daphnids on exposure duration and time between exposures was variable. 
 
9.5.1 Single pulse-exposures 
 
In general neonate sensitivity was dependent on exposure duration in the single exposure 
tests with the possible exception of the 0.5 h pulse-exposure. The higher than expected 
sensitivity of daphnid neonates pulse-exposed to deltamethrin for a duration of 0.5 h 
suggested that a temporal threshold was required to initiate enzymatic 
production/metabolism, and that this threshold lies between 0.5 and 1 h. The corresponding 
lack of enzymatic induction may have resulted in greater daphnid immobility. This result was 
very interesting as it indicated that the ephemeral use and/or application of toxicants within 
the vicinity of waterways in Australia may significantly impact on the short and long-term 
population structure of daphnids.  
 
The increase in exposure duration from 1 to 2 and 2 to 4 corresponded with a 1.9 and 5.7 fold 
increase in 48 h toxicity, respectively. While the changes in daphnid immobility were not 
significant the increase in toxicity with an increase in exposure time from 2 to 4 h suggests 
that the daphnids had become overwhelmed by internal concentrations of deltamethrin (a 
similar increase in toxicity was observed in multiple exposures separated by 1 and 24 h for 
equivalent exposure durations). It was argued that this dramatic increase in toxicity might 
have been the result of a decline in enzymatic detoxification control and/or the increase in 
damage to internal organs. A detailed investigation into the relationship between enzyme 
production and time may help to clarify these findings. The single toxicity data support the 
previous conclusion that a threshold in enzyme production occurred between 0.5 and 1 h 
while adding support to the hypothesis of an acute toxic threshold between 2 and 4 h pulse-
exposures. 
 
9.5.2 Multiple pulse-exposures 
 
Exposure of daphnid neonates to multiple pulses of deltamethrin separated by 1 h were 
generally as toxic as equivalent single exposures with the exception of the 2 h pulses which 
were more than twice as toxic as equivalent multiple pulses separated by 1 h and in 
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agreement with multiple pulses separated by 24 h. The observed variations in toxicity were 
attributed to the time taken to initiate enzyme production, the internal accumulation of 
deltamethrin, toxic thresholds and associated damage to internal organs.  
 
The general trend of increasing sensitivity of neonates with an increase in exposure duration 
was evident in all multiple exposures containing deltamethrin with the exception of two 0.5 h 
pulses separated by 24 h. An explanation for the observed greater comparable toxicity of two 
0.5 h pulses separated by 24 h was proposed to be the resultant lack of enzymatic control due 
to the temporal delay between exposures. The 24 h elapsed time between pulses may have 
been sufficient for enzymes levels to return to pre-exposure levels. The second delayed 
pulse-exposure was sufficiently short to potentially cause additional damage as a result of 
reduced enzymatic control. Such a scenario may have been responsible for the increase in 
toxicity compared with two 0.5 h pulses separated by 1 h where the reduction in time 
between exposures may not have allowed for a corresponding reduction in enzymatic 
detoxification. These findings and the corresponding hypothesized explanations are 
consistent with those used to explain the higher than expected toxicity of a single 0.5 h pulse 
of deltamethrin compared with a single 1 h pulse-exposure.  
 
The problem with this explanation lies in the premise that the increases in enzymatic control 
in exposures of 1 h were able to reduce the damage that occurred in the first half hour of 
exposure. It may be that the half hour exposures resulted in the daphnids going into a state of 
shock from which they were able to recover. While the findings of the current study suggest 
that both exposure duration and time between exposures may significantly affect the toxicity 
of daphnid neonates pulse-exposed to technical grade deltamethrin, the exhaustion of energy 
reserves may also play a vital role in the relationship between exposure duration, enzymatic 
control and deltamethrin induced toxicity thresholds. Future research into these complex 
relationships needs to be undertaken if we are to progress beyond the findings of the current 
investigation. 
 
9.6 Study limitations and future research efforts 
 
During the course of the present investigation it became apparent that more research was 
required to further enhance our current knowledge of the relationships between pulse-
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exposed toxicants and their effects on aquatic organisms. The most pressing research efforts 
need to focus on gaining more accurate measurements of internal and external toxicant 
concentrations of both single and multiple insecticides. From here we could establish more 
precise relationships between acute and chronic effects and toxicant concentrations. The 
relationship between lethal body burdens and biochemical changes within fish and daphnids 
would also be beneficial in order to establish how toxicants may alter the physiology and 
behaviour of test organisms. 
 
While mortality and behaviour are useful end-points for the establishment of cause and effect 
relationships, a number of additional end-points would further our understanding of the 
factors responsible for the induction of toxic effects following pulse-exposure to insecticides. 
Additional research into the relationships between measured insecticide concentrations and 
gill structure, heart rate and size, osmoregulatory capacity, respiration rates, production and 
depletion rates of enzymes, energy reserves and usage, reproductive impairment, and in vivo 
inhibition or induction of biomarkers would help us to understand how insecticides affect 
individual aquatic organisms.  
 
While the current study was limited to investigating the effects of selected insecticides on 
two species, future research into the effects on alternative species, communities and 
ecosystem structure and functioning would be most beneficial. In order for the latter 
investigations to take place we might first focus on macro and microcosm studies. These 
might include looking into the transport and fate of insecticides, biomagnification rates 
through food webs, and research into how sub-lethal concentrations influence factors such as 
predation and drift. More specifically future research should focus on the effects these 
insecticides (and other toxicants recorded in Australian waterways) have on the reproduction 
of aquatic organisms.  
 
The wide fiducial limits surrounding the immobility data for daphnid neonates pulse-exposed to 
deltamethrin in chapter 8 resulted in an inability to confidently assign significance to any of the 
observed differences using 48h EC50s. More robust testing is required to clarify the observed 
trends in this section of the investigation. Chapter 8 investigated the effects of pulse duration and 
time between pulses of deltamethrin to D. carinata neonates. The use of field concentrations, 
alternative exposure durations and intervals of exposure should be expanded to include effects 
on sub-lethal characteristics. The current investigation was limited to two multiple pulses of 
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deltamethrin to daphnid neonates. However, it would be reasonable to suggest that a range of 
aquatic organisms may be subjected to 4 or more pulses of the same or different toxicants over a 
48/96 h period during the cotton-growing (insecticide spraying) season. Given that half hour 
pulses of deltamethrin were very toxic to daphnids, it may be of benefit to investigate the effects 
of shorter pulse exposures of alternative insecticides in isolation and as mixtures to organisms 
representing all trophic levels within aquatic ecosystems. 
 
 
 
 271
Chapter 10. General conclusions  
 
 
 
 
An investigation into the effects of pulse-exposed insecticides and their mixtures to 
Australian aquatic organisms was undertaken because of the continued use of insecticides to 
combat agricultural pests, particularly those affecting cotton. The three insecticides 
investigated, representing the three major insecticide groups, were found to be highly toxic to 
rainbowfish and daphnids at environmentally realistic concentrations. The sensitivity of these 
organisms to the insecticides increased following pulse-exposure to the toxicants in mixtures.  
Future management of these insecticides must include provisions to prevent them from 
reaching aquatic environment and disrupting the structure and functioning of these 
ecosystems and the organisms that inhabit them. 
 
The conclusions of the present project are summarized below 
 
The crimson-spotted rainbowfish, M. fluviatilis, was highly sensitive to environmentally 
realistic concentrations of pulse-exposed deltamethrin and endosulfan and relatively 
insensitive to pulse-exposed profenofos. Wild rainbowfish populations may thus be at risk in 
areas where the former two pesticides are being used. 
 
The freshwater cladoceran, D. carinata was very sensitive to environmentally realistic 
concentrations of pulse-exposed profenofos and deltamethrin and relatively insensitive to 
pulse-exposed endosulfan. 
 
The concentration-addition model using the toxic unit approach was capable of accurately 
predicting the toxicity of binary insecticide mixtures pulse-exposed to fish 
 
The concentration-addition model using the toxic unit approach was capable of accurately 
predicting ternary insecticide mixture toxicity when toxic units above 0.25 were used. 
However, the model was increasingly unsuccessful when toxic units decreased below 0.25. 
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The toxicity of deltamethrin to D. carinata neonates was dependent on exposure duration, 
number of pulses and temporal variation between pulses. Neonates were most sensitive to 
temporally equivalent multiple pulse-exposures separated by 24 h, followed by single 
exposures and least sensitive to multiple pulses separated by 1 h. 
 
A more complete assessment of the risks associated with insecticide toxicity requires future 
investigations to focus on the use of additional aquatic species, and the use of measured 
concentrations of toxicants and their relationship to sub-lethal biochemical changes, 
particularly changes to detoxification enzymes. Further investigations into the impacts of 
more complex mixtures on a site-specific basis may allow for the development of more 
comprehensive insecticide management strategies. The effects of pulse-exposed insecticides 
in isolation and as mixtures on community and ecosystem structure and function are 
recommended to ensure the long-term survival of aquatic organisms and their environments.     
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Appendix A. 
 
 
Table A Water characteristics for single and multiple pulse-exposure of deltamethrin to D. 
carinata neonates in static test chambers (n = 3). Mean (±SE) dissolved oxygen (%) and pH.  
 
Exposure typea 
 
Dissolved oxygen pH 
   
 
Single pulse-exposures 
  
 
0.5 
 
90 (0.4) 
 
7.2 (0.0) 
 
1.0 
 
87 (0.6) 
 
7.3 (0.0) 
 
2.0 
 
85 (0.9) 
 
7.5 (0.0) 
 
4.0 
 
83 (0.1) 
 
7.4 (0.0) 
 
8.0 
 
85 (0.9) 
 
7.6 (0.0) 
 
 
  
 
Multiple pulse-exposures (1 h 
recovery between pulses) 
  
 
0.5 + 0.5 
 
87 (0.9) 
 
7.4 (0.0) 
 
1.0 + 1.0 
 
85 (1.1) 
 
7.4 (0.0) 
 
2.0 + 2.0 
 
83 (1.2) 
 
7.4 (0.0) 
 
4.0 + 4.0 
 
86  (0.9) 
 
7.3 (0.0) 
 
 
  
Multiple pulse-exposures (24 
h recovery between pulses) 
  
 
0.5 + 0.5 
 
87 (1.0) 
 
7.2 (0.0) 
 
1.0 + 1.0 
 
93 (0.3) 
 
7.3 (0.1) 
 
2.0 + 2.0 
 
92 (0.2) 
 
7.2 (0.1) 
 
4.0 + 4.0 
 
92 (0.2) 
 
7.3 (0.1) 
a Water characteristics  recorded at 0 and 48 h were pooled. 
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